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ABSTRACT
The effectiveness of a permeable reactive barrier (PRB) to remediate contaminated
groundwater from acid sulphate soil on the Shoalhaven Floodplain, southeast New
South Wales (NSW), Australia was investigated. High concentrations of dissolved
aluminium (Al3+), total iron (Fe), and sulphate (SO42-) in the groundwater along with
low pH were evidence of acidic conditions due to pyrite oxidation at the study site.
Groundwater manipulation using engineering solutions such as weirs and modified
floodgates drains are not effective in low-lying ASS terrain, as they cannot remediate
the acidity already present in the soil nor significantly prevent pyrite oxidation in
areas far from nearby drains. This study combined laboratory, field and numerical
analyses in order to determine the feasibility and performance of a PRB utilising
zero-cost recycled concrete for the remediation of acidic groundwater in ASS terrain.
Long-term laboratory column experiments were carried out using synthetic and real
groundwater from the study site. The column experiments investigated the acid
neutralisation reactions occurring within the PRB and the precipitation of Al and Fe
from the acidic groundwater. Three distinct pH-buffering reactions were ascertained:
(i) the dissolution of carbonate/bicarbonate alkalinity from concrete at nearly neutral
pH, (ii) the re-dissolution of aluminium hydroxide precipitates at pH ~4, and (iii) the
re-dissolution

of

ferric

oxyhydroxides

minerals

at

pH

<3.

However,

carbonate/bicarbonate buffering was the most significant because of the maintenance
of near neutral pH and complete removal of Al3+ and total Fe from the influent.
Chemical armouring and physical clogging, which are considered the major factors
in reducing the efficiency of any reactive material, were also studied by evaluating
the duration of buffering periods for maintaining neutral pH and also the changes in
physical parameters (e.g. hydraulic conductivity and flow rate) due to mineral
precipitation. Chemical armouring by secondary Al- and Fe- precipitates decreased
the ANC of the recycled concrete by ~50% compared to its theoretical ANC.
Furthermore, high concentrations of Al3+ and total Fe caused a rapid decrease in
ANC efficiency due to accelerated armouring. Application of larger size concrete
aggregates reduced the threat of physical clogging in the pilot-scale PRB.
Furthermore, mineralogical and morphological analysis was carried out to
ii

characterise the recycled concrete used in the column experiments and the
precipitates formed. Correlation between CaO reduction in the armoured concrete
and the reduction in ANC validated the decline in ANC by chemical armouring. 3D
image analysis was demonstrated to be a useful tool for the examination of the
porous architecture, and the performance of PRB reactive materials in a novel yet
quantifiable manner.
A comprehensive field study involved the monitoring of groundwater via
piezometers and observation wells, installed up-gradient, within and down-gradient
of the PRB, to observe changes in the level of the phreatic surface along with water
quality parameters (e.g. pH, electrical conductivity (EC), oxidation reduction
potential (ORP), temperature and concentration of anion and cations). Groundwater
pH inside the PRB was maintained near neutral throughout the monitoring period.
The concentration of Al3+ and total Fe were maintained below the Australian and
New Zealand Environment and Conservation Council (ANZECC) (2000) criteria, in
a similar manner to what was observed in the column experiments. Steady
piezometric head observed within the PRB throughout the monitoring period
confirmed that chemical and physical clogging did not occur within the PRB to an
extent that would affect the permeability of the reactive material.
One-dimensional, simple reactive transport modelling was carried out based on data
from a laboratory column experiment, mineralogical analysis of the recycled
concrete and the PRB. Numerical modelling using MIN3P provides insights into the
neutralisation mechanisms and geochemical evolution of groundwater along a flow
path inside the PRB. The ability to make comparisons between the geochemically
complex transport scenarios within the column experiments and pilot-scale PRB
confirm that it can be used as an analysis tool for investigating the performance of
PRBs in ASS terrain.
Overall, this study contributes a better understanding of the acid neutralisation
processes occurring inside the PRB for the remediation of contaminated groundwater
from ASS terrain and offers novel field, laboratory and modelling techniques to
investigate and quantify these processes. The findings from the first pilot-scale PRB
using recycled concrete as the reactive material confirms that it is a suitable
iii

environmentally friendly and cost-effective alternative to other conventionally
utilised techniques (e.g. watertable manipulation, lime neutralisation) for the spot
treatment of acidic groundwater in ASS terrain.
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Chapter 1 Introduction
1.1

General Background

Acidic discharge from acid sulphate soil (ASS) is an intractable environmental issue
in many coastal regions around the world. Worldwide, there are about 13 million
hectares (ha) of sulphidic lowlands in coastal zones, with large deposits in Australia,
South and Southeast Asia, Africa and Latin America (Brinkman, 1982). In Australia,
ASS has been identified since the early 1960s as a considerable environmental,
economic and social problem that affects over 3 million ha of coastal floodplains and
estuaries (White et al., 1997).
Sulphidic soil is commonly exposed to air due to the excessive use of large-scale
artificial drains to reclaim land for development and agriculture (White et al., 1997).
The oxidation of residual sulphide minerals such as pyrite in the vadose zone of ASS
terrain can produce acidic pore waters, which can mobilise potentially toxic metals
such as aluminium (Al) and iron (Fe) from the soil (Indraratna et al., 2005). Improper
management of land in low-lying coastal areas of Australia has increased the
distribution, magnitude and frequency of acid generation, which in turn has increased
the rate of estuarine acidification by many orders of magnitude greater than the
acidification that might have occurred under natural drought/flood cycles (Lin et al.,
1995).

1.2

Scope of the Study

Abiotic and biotic oxidation of pyrite and ferrous iron as well as the conditions and
parameters that promote these reactions have been studied extensively for more than
40 years (Singer and Stumm, 1970; Nicholson et al., 1988). Processes that lead to the
generation of acidic pyrite oxidation products and their transport to estuarine
waterways are now well understood and have been linked to the installation and
operation of lowland drainage schemes in coastal Australia (Sammut et al., 1996b;
Pease et al., 1997; White et al., 1997; Wilson et al., 1999).
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Recognition of the significance and the causes of acidic drainage from ASS is the
first step in developing the strategies to prevent pyrite oxidation and subsequent
release and transport of the reaction products. Dent (1986), Indraratna et al. (1995)
and Pease et al. (1997) recommended that the generation and transport of pyrite
oxidation products could be reduced through the installation of weirs in flood
mitigation drains. From 1994 to 2004, researchers at the University of Wollongong
(UOW) carried out extensive research on developing and validating different drain
improvement techniques (e.g. one-way floodgates and modified two-way floodgates)
with respect to the management of ASS (Blunden, 2000; Blunden and Indraratna,
2000; Glamore, 2003; Glamore and Indraratna, 2004) on the Shoalhaven Floodplain,
south east New South Wales (NSW), Australia. These techniques were successful in
reducing pyrite oxidation and improving drain water quality (Indraratna et al., 2005).
However, biological oxidation of pyrite under submerged conditions can still prevail
if the organic content and sulphidic constituents of the soils are high. Therefore,
ongoing acid production continues due to pyrite oxidation in the soil either by
hydrological changes or bacterial oxidation. Furthermore, there is always a time
delay of several years between the oxidation of sulphide in ASS floodplains and the
eventual discharge to surface water bodies. Hence, large quantities of acid generated
over long periods are stored in ASS floodplains following the installation of flood
mitigation drains. Therefore, discharge of poor water quality will continue for many
years in ASS even with such preventive remedial measures in place.
Despite more than three decades of ASS research in Australia, a comprehensive
management strategy has not been developed to effectively neutralise acidic
discharge. The water table manipulation approach does not remediate the previously
stored acidity within the soil. Permeable reactive barriers (PRBs) can be a valid
alternative to these conventional preventive strategies because of several advantages
such as no energy consumption, minimal operation and maintenance costs, and
minimal disruption to the existing land use. To date, PRBs have been proved as an
efficient remedial method for groundwater contaminated with chlorinated volatile
organic compounds, radionuclides, heavy metals and acid mine drainage (Blowes et
al., 2000; Gu et al., 2002; Jurjovec et al., 2002; Waybrant et al., 2002; Wilkin et al.,
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2003). However, their applications for curbing ASS problems has been very limited,
except for one trial of oxic limestone drain (OLD) reported by Waite et al. (2002).
The use of alkaline PRBs to treat acidic groundwater from ASS terrain has been
recently demonstrated in Australia (Desmier et al., 2002; Regmi et al., 2009a;
Indraratna et al., 2010). However; details of the acid neutralisation behaviour and
long-term performance at the field scale has not been investigated.

1.3

Research Aims

The aims of this research are to:
•

Provide a comprehensive literature review on ASS and critical evaluation of
the geo-environmental approaches practiced in Australia for the prevention of
pyrite oxidation in ASS terrain;

•

Introduce an alternative practical solution (i.e. subsurface PRB) using
recycled concrete as the reactive material for the remediation of acidic
groundwater in low-lying ASS terrain which, based on comprehensive
preliminary studies at the UOW, has shown good potential as an effective
way of neutralising groundwater acidity.

•

Elucidate the acid neutralisation behaviour of recycled concrete and its
potential to remove dissolved Al and Fe and investigate the impact of
chemical armouring and physical clogging on the longevity of recycled
concrete by conducting long-term laboratory column tests under dynamic
flow conditions;

•

Evaluate the effect of chemical armouring on the efficiency of the recycled
concrete through characterisation and assessment of the recycled concrete
aggregates and precipitates via mineralogical and morphological analysis;

•

Monitor and assess the performance of the pilot PRB for remediating acidic
groundwater on the Shoalhaven Floodplain, south east NSW Australia;

•

Develop a one-dimensional multi-component reactive transport model in
order to analyse, quantify and discern the acid neutralisation reactions
3

occurring between recycled concrete and acidic groundwater from ASS
terrain.

1.4

Thesis Structure

This thesis contains nine chapters including this Introduction. The organisation of the
remaining chapters is outlined below.
Chapter 2 provides background information on ASSs, their distribution and the
processes involved in pyrite formation. Chapter 2 also discusses chemical processes
that are involved in pyrite oxidation, the different aspects of hydrogeology and
hydromechanics associated with ASS drainage in floodplain environments, impacts
of ASS and critical evaluation of currently practised geo-environmental techniques
for management of ASS.
Chapter 3 presents an overview of the application of PRB technology in contaminant
remediation and critical evaluation of performance of different types of reactive
materials used in PRBs. Chapter 3 also highlights the research gaps of currently
practised preventive approaches in ASS terrain in Australia and need of alkaline PRB
technology.
Chapter 4 describes the study area and the monitoring system used to investigate the
physical and chemical attributes of the soil and groundwater in ASS terrain on the
Shoalhaven Floodplain. This chapter briefly describes the baseline properties of soil
(physical, chemical and morphological properties) and chemical properties of
groundwater released from ASS at the study area.
Chapter 5 evaluates recycled concrete as a reactive material in PRBs for the
remediation of acidic groundwater in low-lying ASS floodplains. In this chapter, the
acid neutralisation behaviour of recycled concrete along with its metal removal
capacity is investigated in a series of long-term column experiments. Chemical
armouring and physical clogging phenomena; which are considered as the major
factors reducing the efficiency of the reactive material, are explained.
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Chapter 6 describes the characterisation and assessment of the (i) recycled concrete
used as the reactive medium in a long-term column experiment (Chapter 5) for the
treatment of acidic groundwater generated by ASS and (ii) the precipitates formed
inside the column, by carrying out mineralogical and morphological analysis. This
chapter presents the results from X-ray micro-computed tomography (µCT), X-ray
diffraction (XRD), X-ray fluorescence (XRF) and Scanning electron microscopyEnergy dispersive spectroscopy (SEM-EDS) to examine the reduction in acid
neutralisation capacity (ANC) of the recycled concrete due to armouring by Al and
Fe oxy/hydroxide precipitates.
Chapter 7 presents the performance of the pilot-scale PRB over a four and half year
monitoring period to assess the potential of recycled concrete to (i) neutralise the
groundwater acidity and (ii) remove dissolved Al and Fe from acidic groundwater in
ASS terrain. This chapter also describes the installation of the PRB and monitoring
network.
Chapter 8 describes multi-component reactive transport modelling using the code
MIN3P in order to analyse, quantify and discern the acid neutralisation reactions
occurring between recycled concrete and acidic groundwater from ASS terrain. Onedimensional reactive transport modelling was conducted based on data from the
laboratory column experiments (Chapter 5) to describe the geochemical evolution of
synthetic groundwater along a flow path in the column experiment. The model was
validated using data from the pilot PRB (Chapter 7) along a transect passing through
the centre line of the PRB and evaluating the changes in the geochemical
composition of the contaminated groundwater within the PRB after treatment with
recycled concrete.
Chapter 9 summarises the major contributions of this research concerning the
effectiveness of a PRB in remediating contaminated groundwater from ASS terrain
and presents suggestions for future research.
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Chapter 2 Acid Sulphate Soils in Shoalhaven
Floodplains
2.1

Introduction

Soil acidification caused by the oxidation of sulphidic minerals (e.g. pyrite) in ASS is
a major geo-environmental problem in Australia. If not properly controlled, the
generated acidity can have significant negative impacts on coastal ecosystems,
aquaculture and agriculture. Understanding the mechanisms involved in the
formation of ASS is essential for developing appropriate remediation techniques.
This chapter firstly provides general background information on ASS, their
distribution and the processes involved in pyrite formation. Secondly, this chapter
briefly outlines the pyrite oxidation process and acid production (i.e. sulphurisation)
and investigates the different aspects of hydrogeology and hydromechanics
associated with ASS drainage in floodplain environments. Specifically, artificial
drainage and its ability to increase groundwater drawdown and the fluctuation in
groundwater table with climatic periods are examined. After then, the impacts of
ASS on the surrounding landscape with particular reference to environmental, social
and economic aspects are described. Finally, an evaluation of the currently practised
geo-environmental techniques for effective management of ASS is presented. It
includes the ASS preventative and active remediation techniques currently practiced
in Australia along with their limitations.

2.2

Background Information on Acid Sulphate Soils

ASSs are naturally occurring soils and sediment that contain iron sulphides
(inorganic sulphur compounds) either in an oxidisable or partially oxidised state
(Dent, 1986; Sammut et al., 1996b; White et al., 1997). Dent and Pons (1995) state
that ASSs are the nastiest soils in the world because they can generate sulphuric acid
(H2SO4) that not only reduces the soil pH to as low as 2 but also leaches into nearby
drainage networks and water bodies. Pyrite (FeS2) is the dominant iron sulphide in
coastal Australia although other sulphidic compounds such as iron monosulphide
6

(FeS), greigite (Fe2S4) and organic sulphides may also exist at low concentrations
(Bush and Sullivan, 1997).
ASS contains highly acidic sulphidic soil horizons or layers. The soil layer or
sediment which produces H2SO4 in the soil by the oxidation of iron sulphides is
known as Actual Acid Sulphate Soil (AASS). AASS develops when the quantity of
H2SO4, formed by the oxidation of pyrite, exceeds the ANC of the soil to the extent
that the pH drops below 4.0 (Pons et al., 1982). In addition, there also exists a layer
of soil or sediment containing iron sulphides or other sulphidic material that has not
been exposed to air and oxidised, thus is completely innocuous to the environment.
This layer is commonly known as Potential Acid Sulphate Soil (PASS) due to its
reducing environment. PASS layers are usually waterlogged and unoxidised, which
distinguishes unoxidised ASS from already developed ASS (Lin and Melville, 1993).
The presence of a PASS layer indicates that further oxidation and acidification of the
ASS material is generally prevented by maintaining an anoxic environment in the
soil. Under reducing conditions, ASSs remain chemically inert, and on oxidation,
complex chemical changes take place, generating and storing large amounts of
H2SO4 in the soil, which can acidify the soil pore water and often mobilises and
leaches abnormally high concentrations of trace metals such as Al and Fe from the
soil (Dent, 1986). Thus, actual and potential ASS is often found in the same soil
profile, with AASS generally overlying PASS (Fitzpatrick et al., 1993). The generic
term acid sulphate soil generally refers to both actual and potential ASS.

2.3

Formation of Acid Sulphate Soil and Pyritic Sediment

According to Dent and Pons (1995), ASS was first observed in the Netherlands in
drained inland polders and was found worldwide from the 17th century onwards. It
has been reported that Holocene-age (< 10000 years BP) sulphidic sediments
(commonly pyrites) were formed in estuarine lowlands throughout the world
following the last major sea-level rise ~ 18,000 years ago (Dent, 1986).
ASS and pyritic sediment can occur in a variety of geographical locations; however,
they are most prevalent in coastal floodplains. Reducing environments with a supply
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of decomposed organic matter, sulphate (SO42-), Fe and reducing bacteria are the
favourable conditions
condition for the formation of pyritic sediment in coastal floodplains
(Figure 2.1). Pons (1973) showed amount of pyrite in wet marine environment is
proportional to the organic content of the sediment. Fe is commonly found in coastal
co
clays in the form of iron oxides (hematite and iron oxide (Fe2O3)), oxyhydroxides
(goethite (FeOOH)) and hydroxides (Blunden, 2000). Dissolved SO42- is abundant in
seawater (~2700 mg/L). Inundation of low-lying
low lying land by brackish water provides an
ample source of dissolved SO42-. Furthermore, waterlogged conditions due to excess
rainfall, regular tidal inundation and long water retention times can create an
environment
ment for the existence of SO42- reducing bacteria (Desulfovibrio
(
desulfuricans). In such tidal swamp and marshy lands, D. desulfuricans reduces
SO42- from the tidewater and Fe2O3 from the sediments in the presence of easily
decomposable organic matter to form pyrite in the soil (Dent, 1986;
1986 Dent and Pons,
1995).. Electrons generated in the microbial oxidation of organic matter reduce ferric
iron (Fe3+) to ferrous iron (Fe2+) (Fanning, 1993).. Warmer temperatures and slightly
acidic conditions also enhance pyrite
pyrite formation kinetics, but their influence is very
slow (e.g. ~ 100 years to form 1% pyrite by mass) (Dent and Pons, 1995; Lin et al.,
1995).

Figure 2.1 Environmental conditions required for pyrite formation (Naylor et al.,
1995)
In coastal Australia, deposited sulphate from seawater in an iron rich environment of
marshy land during post-glacial
post
period (6,500-10,000
10,000 years old) had been reduced in
an enhanced biological reaction in the presence of easily decomposable organic
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matter to form iron sulphide concentrations (Pyrites) in the soils (Glamore and
Indraratna, 2001). Although the pyrite formation process is a complex microbiallycatalysed reaction, it can be expressed as (Dent, 1986):
bacterial driven wi th reducing conditions
24 (aq)

Fe 2 O 3(s) + 4SO
+ 8CH 2 O +
424
3
1
424
3 1
424
3 1
iron

sulfate

organic matter

1

2

O 2 → FeS2(s) + 8HCO 3- + 4H 2 O
123 123
pyrite

(2.1)

bicarbonat e

In these reduced and waterlogged environments, bicarbonate ions (HCO3-), a byproduct in Eqn. 2.1, remain soluble and are often lost from the soil by leaching
and/or tidal flushing. Tidal flushing can add low concentrations of dissolved oxygen
(O2) necessary to complete the pyritisation of SO42- and can remove available HCO3if present in the soil, thereby maintaining favourable slightly acidic conditions (Pons
et al., 1982). It has been suggested that the above reaction occurs in two stages. The
first step is the bacterial reduction of SO42-. According to Bohn et al. (1989),
hydrogen sulphide (H2S) forms first, as shown in Eqn. 2.2, due to the reduction of
dissolved SO42- by bacteria. The H2S in turn reacts with iron oxides/oxyhydroxides to
produce pyrite, as shown in Eqn. 2.3.
bacteria
SO 24(aq)
+ 2CH 2 O (s) 
→ H 2S(g) + 2HCO-3(aq)

(2.2)

3H 2S(g) + 2FeOOH (s) 
→ FeS (s) + FeS 2(s) + 4H 2 O (l)

(2.3)

In coastal Australia, deposited SO42- from seawater in an Fe rich environment of
marshy land during the post-glacial period (6,500-10,000 years old) was reduced in
an enhanced biological reaction in the presence of easily decomposable organic
matter to form pyrite as described in Eqns. 2.2 – 2.3 (Glamore and Indraratna, 2001).
Primarily, ASSs are found in wave protected mangroves and marshes, outer barrier
lakes, backswamp regions, salt water lakes, coastal floodplains, estuarine
embayments and coastal wetlands characterised by shallow groundwater tables (Lin
and Melville, 1993; Sammut et al., 1996b), where suitable conditions previously
existed for pyrite accumulation (Naylor et al., 1995).
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2.4

Distribution of Acid Sulphate Soils

Millions of ha of Holocene-age coastal floodplain lowlands, swamps and wetlands
throughout the world are underlain by sediments which contain iron sulphide
minerals as a consequence of post-glacial sea level rise (Dent, 1986). Thus, ASSs are
widely distributed in the coastal marshy areas of many locations worldwide. They
exhibit enormous spatial variations that are tied to the dynamic estuarine, deltaic and
floodplain environments of which they are a part. The conditions suitable for the
formation of pyrite in sediments (Section 2.2) lend clues to the location of ASS in the
coastal zone (Naylor et al., 1995). Although, they occur mainly in low-lying coastal
zones, they have been noted in other environments e.g. inland areas where
pedogenesis has been influenced by iron sulphide-rich rock (Davison et al., 1985;
Kraus, 1998).
van Breeman (1980) estimated that there are 12-14 million ha of ASS worldwide
based on a survey of Holocene coastal plains and tidal swamp sediments. They are
concentrated in otherwise densely settled coastal floodplains, mostly in the tropics,
where development pressures are intense and little suitable alternatives for expansion
of farming or urban and industrial development exists. Two-thirds of the known
extent is in Vietnam, Thailand, Indonesia, Malaysia and northern Australia (Ritsema
et al., 2000). Table 2.1 shows an initial estimate of the worldwide distribution of
ASS (Brinkman, 1982).

Table 2.1 Calculated worldwide distribution of acid sulphate soil (Brinkman, 1982)
Region

Area of ASS (× 106 ha)

Africa

3.7

Asia

6.7

Latin America

2.1

Australia

1.0

In Australia, ASSs are distributed in mostly estuarine lowlands and coastal
embayments along the eastern (Walker, 1972) and northern Australian coasts (White
et al., 1996; Best, 2005), as well as in parts of Western Australia (White et al., 1997),
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South Australia and Victoria (Berner, 1984; Sammut et al., 1996b), as shown in
Figure 2.2. In most regions, the surface of the sulphidic horizon is close to the
elevation of mean sea level from when it was formed.

Figure 2.2 Acid sulphate soil map of Australia (Department of the Environment and
Heritage 2006, National coastal acid sulphate soils)
Recently, mounting evidence from regional mapping programs (Naylor et al., 1995;
Sammut et al., 1996b; White et al., 1997) around NSW and Queensland (QLD) has
shown that original calculations of 1 million ha severely underestimates the quantity
of ASS in Australia because pyrite still continues to form and accumulate in tidal
landscapes in coastal Australia. According to White et al., (1997), ASS occupies
over 3 million ha of the Australian landscape, nearly three times higher than the
estimated amount by Brinkman (1982), of which approximately 30% is coastal. The
total area of ASSs in Australia (over 3 million ha) is estimated to contain 700 million
tonnes of potentially environmentally hazardous sulphidic material. In fact, the total
amount of sulphidic material in the Australian landscape is equivalent to about 2.2
billion tonnes of H2SO4 if disturbed and fully oxidised (Fitzpatrick et al., 2006).

2.5

Pyrite Oxidation Process

Pyritic material is relatively chemically inert if left undisturbed and submerged under
the watertable (Dent and Pons, 1995; Indraratna et al., 1995). However, disturbance
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and drainage of sulphidic soils can cause oxidation of pyrite and the generation of
H2SO4 in the soil (Lin et al., 1995; Stumm and Morgan, 1996). Due to large scale
flood mitigating works (surface drains and floodgates) used for lowering the water
table to prevent the land from flooding in low-lying coastal areas of Australia, the
pyrites have been oxidised to sulphuric acid which have resulted in acidification and
formation of ASSs (Sammut et al., 1994; White et al., 1997; Indraratna and Blunden,
1999). The process of pyrite oxidation in ASS is a complex and not well understood
process which involves chemical, physical and biological reactions and the
interaction between these reactions (Dent, 1986). The complex series of reactions of
pyrite upon exposure to atmospheric O2 and water may be simplified to:
FeS2 +
{
pyrite

2 O2
{

7

2+
2+ H 2O 
→ Fe
2H +
{ + 2SO 4 + {

atmospheri c oxygen

(2.4)

acid

dissolved iron

The reaction involves the conversion of pyrite (FeS2) to ferrous and SO42- in the
presence of O2 and moisture. As shown in Eqn. 2.4, the by-product of this reaction is
two moles of H+ ions that create acidic pore water (Stumm and Morgan, 1996;
Indraratna et al., 2001). This acidifies the soil, provided that the acid-buffering
capacity and neutralising capacity of clays and any carbonates and fine shells in the
soil is exceeded (Sammut et al., 1996b). The dissolved Fe2+, SO42- and H+ produced
are readily transported in soil water, groundwater and drainage water. Fe2+ can be
further oxidised to Fe3+, which is soluble in acidic water at low pH (< 3.5) as shown
in Eqn. 2.5. It can also be hydrolysed to form insoluble ferric hydroxide at a pH
greater than 3.5, further generating three moles of acid as expressed in Eqn. 2.6.
2+
Fe
{

dissolved iron

+

+{
H+ 
→ Fe 3+ + 1 2 H 2 O

1 O
4
2
{

atmospheri c oxygen

(2.5)

acid

Fe 3+ + 3H 2 O ⇔ Fe(OH) 3 + {
3H +
1
424
3
acid

(2.6)

Floc

The overall reaction for the complete oxidation of pyrite described by Dent (1986) is
obtained by combining Eqns. 2.4 – 2.6:
FeS 2 + 15 4 O 2 + 7 2 H 2 O 
→ Fe(OH) 3 + 2SO 24- + 4H +
1
424
3
Floc
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(2.7)

Overall, for every mole of pyrite, 5 moles of acid are released. However, as one mole
of acid is consumed for the oxidation of Fe2+ to Fe3+ in Eqn. 2.5; only 4 moles of
acids are actually produced for the oxidation of each mole of pyrite. Most of the Fe
released during the initial stage of pyrite oxidation ends up as Fe(OH)3, as shown in
Eqn. 2.7, due to the relatively high pH on pyrite surfaces (Fornasiero et al., 1992).
However, when the pH in the vicinity of pyrite surfaces drops below 3.5 due to acid
production, the activity of free Fe3+ becomes the main mechanism for acid
production. Stumm and Morgan (1970) found that the conversion of Fe2+ to Fe3+ in
the oxidation of pyrite is a rate limiting step. Since the oxidation of Fe2+ to Fe3+ at pH
3 is extremely slow, pyrite oxidation is relatively slow unless oxidation of Fe2+ at
low pH is catalysed by microorganisms. Iron-oxidising bacteria, especially

Thiobacillus ferrooxidans are acidophilic chemolithotrophic organisms that are
ubiquitous in geological environments containing pyrite (Nordstrom, 1982). At pH
2.5 – 3.5, T. ferrooxidans bacteria can catalyse and rapidly oxidise Fe2+ to Fe3+ (by a
factor > 106) (Singer and Stumm, 1970; Jaynes et al., 1984). Therefore, after the
initiation of pyrite oxidation, Fe3+ can oxidise pyrite at low pH (<4.5) more rapidly
than by O2, as shown in Eqn. 2.8 (Singer and Stumm, 1970; Stumm and Morgan,
1970), further generating more acid in the soil.

FeS2 + 14Fe3+ + 8H 2 O bacteria
→ 15Fe2+ + 2SO24- + 16H+

2.6

(2.8)

Factors Affecting Pyrite Oxidation

Changes in land use patterns and hydrological systems are the major factors that
promote pyrite oxidation in shallow zones of ASS and generate H2SO4, which in turn
mobilises toxic metals Al and Fe from the soil (Dent, 1992; White et al., 1997;
Indraratna et al., 2005). These two factors are described below.

2.6.1

Changes in Land use pattern

Drainage for agriculture, ponded pastures, aquacultures ponds, construction of canal
estates, housing/industrial estates, roads, and rails are all activities that can disturb
ASS and lead to pyrite oxidation (Powell and Martens, 2005). In the past, coastal
floodplain drainage schemes were implemented without due regards to groundwater
drawdown and the depth of ASS (White et al., 1997; Blunden and Indraratna, 2000;
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Best, 2003). Artificial drainage used for increasing agricultural productivity in the
low-lying floodplains throughout the world has substantially altered the hydrology of
the coastal floodplains. Large areas (> 0.5 × 106 ha) of sulphidic floodplains and
wetlands have also been drained for agriculture and urban development in eastern
coastal Australia (Sammut et al., 1996b). For example, coastal floodplains in NSW
have been drained for over 100 years, mainly for agricultural purposes (Rosicky et

al., 2004). Channelised drainage systems have greatly increased the rate of lateral
outflow from backswamp areas within a short period of time, thus lowering the water
table below its natural position. Consequently, such artificial drains used for
lowering the water table in low-lying coastal areas for protecting farmland and towns
from inundation during flooding have promoted sub-surface pyrite oxidation by the
entrainment of atmospheric O2 into back-swamp soil profiles (Dent, 1992; Indraratna

et al., 1995). Wilson (1995) and Pease et al., (1997), from their extensive field
studies by monitoring groundwater fluctuation and changing water quality
parameters for study areas located on the Shoalhaven and Tweed Rivers, also
observed that groundwater drawdown caused by nearby deep drains was a major
factor in lowering the groundwater level below the ASS horizon. A schematic
representation of pyrite oxidation due to land use changes (e.g. a typical artificial
drainage and one-way floodgate system) is shown in Figure 2.3.

Figure 2.3 Typical flood mitigation scheme of an acid sulphate soil affected
floodplain (after Naylor et al.,(1995))
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Deep drains with one-way tidal restricting floodgates have also been used in coastal
Australia, which allow water to discharge under hydrostatic pressure when the
channel water elevation is higher than the discharging water (Figure 2.3). They have
been used at the drainage point of each canal designing to discharge into the tidal
system at low tide to maintain a low water level and restrict flooding of the creeks
(Blunden and Indraratna, 2000). In areas affected by ASS, the hydraulic gradient
created by such one-way floodgates promotes the transport of O2 into sulphidic soils;
enhancing pyrite oxidation and the leaching of acidic products into the drains. Such
one-way floodgates installed for flood mitigation also act as tidal barriers by
preventing the neutralisation of acidic water from tidal inflows of estuarine water
(Sammut et al., 1994). Furthermore, they act as acid reservoirs behind the floodgate
because the acidic water produced by pyrite oxidation in ASS will be transported
towards the mitigation drains and stored upstream of the floodgates until the water
table in the drain reaches the discharging level of the weirs.
In fact, the use of large-scale artificial drains and one-way tidal restricting floodgates
for reclaiming land has already enhanced pyrite oxidation and acid production in
soils of low-lying coastal floodplains in Australia (Indraratna et al., 1995; White et

al., 1997). Thus, the artificial drainage and flood mitigation works that have altered
the natural hydrological regime of the floodplain have increased acidity of the
surrounding soil, ground and surface water.

2.6.2

Hydrological Interaction

Natural changes in the hydrological system (e.g. groundwater recharge by rainfall or
loss by evapotranspiration) can also cause temporal variations in the groundwater
table. Many researchers (Sammut et al., 1996b; Blunden and Indraratna, 2000;
Indraratna et al., 2005; Regmi et al., 2009a; Indraratna et al., 2010) have reported
that the groundwater table position controls subsurface pyrite oxidation, and the
major changes are associated with rainfall events that cause discharges of acidic
water. Wilson et al. (1999) and Pease et al. (1997) observed variations in
groundwater pH with respect to a variable water table due to hydrological
interaction. They observed that the soil was highly acidic (pH ~3.6) due to pyrite
oxidation when the water table fell below the unoxidised sulphidic layers; however,
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the groundwater pH was almost neutral. Despite a suitable environment for the
production of large quantities of acid, there was not a favourable environment for the
infiltration of stored acidity into the groundwater. This was attributed to the
unoxidised PASS having remnant CaCO3 deposits and a high component of basic
cations on the cation exchange complex (CEC), which could buffer any acidity in the
soil water (Blunden, 2000). After a rainfall event, the water table increased and
reached within the AASS layer. Consequently, the pH of the water mirrored that of
the soil (pH ~3.6), indicating infiltration of H2SO4, into the groundwater.
In prolonged wet (flooding) conditions, the water table rises above the soil surface
(Figure 2.4a) and significant runoff can occur. As a consequence, the pyritic layer
remains submerged below the groundwater table and is unoxidised. Pease et al.
(1997) observed a rise in pH to 6 due to an increase in the groundwater table above
the soil surface, particularly when flooding occurred in ASS terrain. In drought
conditions, the water table falls rapidly due to evapotranspiration. Unoxidised
estuarine soils (i.e. PASS) have low permeability to water compared to oxidised soil
(i.e. AASS). In areas with vigorous crops or native vegetation, evapotranspiration
from such unoxidised low permeability soil can withdraw water faster than it is
supplied by inflow from drains and creeks. As a result, the groundwater table falls
rapidly below the ASS layer (Fitzpatrick et al., 2006). Furthermore, O2 is also easily
entrained into the sulphidic sediments because the diffusion of O2 through air is
approximately 105 times faster than through water. This illustrates that pyrite
oxidation can be exacerbated by seasonal fluctuations in the groundwater table when
dry conditions dominate, the groundwater table drops (Figure 2.4b) and large
volumes of soil are exposed to oxidising conditions generating and storing large
volumes of acid in the soil (Indraratna et al., 2010).
When rainfall recharges the groundwater following extended dry periods (Figure
2.4c), acidic plumes are released from the soil which in turn mobilises Al, Fe and
heavy metals (e.g. arsenic (As) and copper (Cu)) into the groundwater (Dent, 1992).
Therefore, submergence of PASS following rainfall events after a dry period may not
improve the water quality due to physicochemical changes in the CEC of the soil
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until either all the acidic groundwater is diluted significantly or flushed out by heavy
rainfall (Ritsema et al., 1992).

(a)

Rise in water
elevation in wet
period after
rainfall

Wet Period
Soil Surface

AASS

Groundwater Table

Submerged ASS Layer

PASS
Drain

(b)

Drought Period
Soil Surface

AASS
PASS

Submerged ASS Layer

Fall in water
elevation in
drought period

Groundwater Table

Drain

Drought Breaking Rainfall
(c)

(Acid Transport)
Soil Surface

AASS

Groundwater Table

Water elevation
after drought
breaking rainfall

PASS

Drain

Figure 2.4 Influence of one-way floodgates under flood and drought conditions
(Adapted from Blunden (2000))
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Indraratna et al. (2001) showed the influence of evapotranspiration on reducing the
groundwater table during a prolonged drought (250 days, Figure 2.5) and reported
significantly enhanced acid production. White and Melville (1993) and Wilson
(1995) illustrated similar results in the lowering of the groundwater table due to
vigorous deep rooting crops and where soil cracking was evident. Thus, the
production and export of acidity due to pyrite oxidation depends on the temporal
variability of rainfall, evapotranspiration rate and its effect on the height of the water
table.
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Figure 2.5 Groundwater elevations in response to rainfall and evapotranspiration at
10 m () and 90 m () perpendicular to a flood mitigation drain (Indraratna et al.,
2001)
The hydrological changes in ASS show that short rainfall events might not be
sufficient enough to export large quantities of soil water to nearby drains and change
the surface water quality where tidal influences persist because most of the rainfall
remains as stored soil water. However, following heavy rainfall, a high water table
may cause all infiltrated water to drain rapidly and flush the acid towards the drain.
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2.7

Impacts of ASS

The use of large-scale artificial drains and one-way tidal restricting floodgates for
reclaiming land and natural hydrological changes have already enhanced pyrite
oxidation in ASS and resulted in large volumes of acid being stored in soils
(Indraratna et al., 1995; White et al., 1997). The storage of acid along with toxic
oxidation products in soil; and the infiltration of such acidic and metal-rich water
into aquifers and discharge to nearby surface water bodies can lead to adverse
impacts in both the soil and water environment (Driscoll et al., 1980; Sammut et al.,
1996b; Indraratna et al., 2005). Therefore, discharge from ASS is an intractable
socio-environmental issue in many coastal regions around the world. Some of the
major environmental, social and economic impacts of ASS in coastal Australia, as
shown in Figure 2.6, are described below.
(A) Acid scalds

(B) Fish kills

(C) Fe flocs

(D) Concrete corrosion

Figure 2.6 Environmental, social and economic impacts of acid sulphate soil in
coastal Australia
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Impact on soil productivity and plant growth
Below pH 4, major nutrients and trace elements are unavailable in soils and the
presence of soluble toxic metals under acidic conditions is detrimental to plant
growth (Rorison, 1973). Persistently bare land can occur in ASS terrain when pyritic
layers are close to the soil surface due to lack of alluvium coverage or where
overlying peat has been washed or burned away (White et al., 1997). Such bare lands
are commonly called ASS scalds. Toxic pyrite oxidation products accumulate near
the soil surface and the soil layer becomes acidic. Consequently, the occurrence of
acid scalds also has an adverse impact on plant growth. Lin et al. (2001) found that
these scalds have relatively less organic matter and soluble phosphorus as well as
greater salinity, soluble acidity and soluble Al, Manganese (Mn) and Zinc (Zn)
concentrations than adjacent non-scalded ASS terrain. Nutrient deficiencies within
the soil in acid scalds causes vegetation to die (Lin et al., 2001) and, therefore, they
can be chronically excluded (Mulvey, 1993).
High levels of soil acidity also create unfavourable conditions for pasture growth and
other forms of vegetation; thus, adversely affecting the dairy farming industry. Very
few pasture plants can withstand the toxic effects of high acidity and high
concentrations of toxic metals (e.g. Al and Fe) except sugar cane and tea tree.
Numerous coastal and inland swamp areas, as well as in acidic drain spoils and
scalds, have remained un-vegetated for many years in Australia. In south east NSW,
several researchers (Blunden, 2000; Indraratna et al., 2002) have found Al
concentrations in excess of three orders of magnitude greater than ANZECC
guidelines (2000) where high concentrations of Al and Fe have restricted plant
growth and promoted acid-tolerant species such as smartweed, thus reducing grazing
areas for cattle (Sammut et al., 1996b). These ecological impacts result in a decrease
in potential revenue capacity.

Impact on the aquatic environment
The transportation of acidic water with high concentrations of dissolved Al and Fe
towards water bodies either by infiltration into aquifers or by discharging into nearby
drains, creeks and estuaries after the rainfall events have significantly degraded the
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coastal aquatic environment within Australia. Groundwater pumping in aquifers from
ASS affected areas in coastal floodplains can cause widespread acidification of the
aquifers. Furthermore, excessive use of groundwater in ASS terrain can lead to
lowering of the water table, which results in further oxidation of ASS and subsequent
degradation of groundwater quality with highly acidic pH and increased levels of
soluble metals (Powell and Martens, 2005). It can also lead to the landward incursion
of seawater into the aquifer. When the well-buffered seawater encounters acidic, and
Fe rich waters, the precipitation of ferric hydroxide/oxides can cause aquifer
clogging (Fitzpatrick, 2003; Fitzpatrick et al., 2006).
The commonly observed direct effects of ASS on aquatic marine organisms in
Australia include death and epizootic ulcerative syndrome (EUS, commonly known
as ‘red-spot disease’) of aquatic organisms (e.g. fish, crustaceans, annelid worms,
shellfish and oysters), the destruction of fish nursery habitats as a well as a loss of
aquatic biodiversity from a combination of acidity, low dissolved O2 and high Al,
and smothering by Fe flocs (Driscoll et al., 1980; Lin and Melville, 1992; Sammut et

al., 1994; Sammut et al., 1996b; Dove, 2003). Driscoll et al. (1980) observed that
high concentrations of Al in acidified waters were responsible for fish gill damage,
and in some instances death, even at very low Al concentrations (< 3 µM) (Bjerknes

et al., 2003). Gill damage has been suggested as a cause of fish mortalities in
Australia where acidified water and high concentrations of Al have been recorded
(Brown et al., 1983). Fish mortality has also been linked to low dissolved O2
(Callinan et al., 1992; Callinan et al., 2005). Impacts of acidic drainage on spawning
and nursery areas for reef fish are also likely to result in chronic long-term effects.
Furthermore, the increased acidity can corrode the shells of marine invertebrates.
Acidic discharge from ASS has increased the occurrence of harmful ‘algal’ blooms
such as Lyngbya majuscule blooms, which are a clear bio-indicator of poor marine
ecosystem health (Sammut et al., 1995; Ahern et al., 2006). Increased incidents of L.

majuscule blooms have led to higher dugong mortality and lower turtle fertility in
bays around Australia (Ahern et al., 2006).
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Social and economical losses
In addition to the above mentioned ecological impacts within the aquatic
environment, ASS has numerous social and economical consequences. In Australia,
nearly two-thirds of the commercial fish species spends part of their life cycle in
estuaries. The damage to local fish and oyster farming industries as a result of acid
leaching to waterways is estimated at several millions of dollars per year in NSW
and QLD alone (Indraratna et al., 1995). There have been substantial financial losses
in aquaculture (especially in the fish and oyster industries) through the loss of
saleable product and consumer confidence in product quality after fish kill events.
For example, over one million dollars of sea mullet was discarded by NSW
commercial fishers because of EUS (Callinan et al., 1995).

Impact on Infrastructures
Leaching and drainage of acidic water from ASS also has adverse impacts on
infrastructures. Al and Fe precipitates can clog pipes and drains, and weathering of
ASS can form a build-up of ettringite and gypsum minerals that are associated with
the breakdown of concrete structures (van Holst and Westerveld, 1973). High
concentrations of soluble Fe2+, inherent in ASS oxidation, flocculate as iron
oxy/hydroxides and release H+ ions, as shown in Eqn. 2.9.
+
Fe 2+ + 1 2 O 2 + 3 2 H 2 O 
→ 1
FeOOH
↓ + 2H
{
4243
red -brown floc

(2.9)

acid

Drainage of Al and Fe-rich waters can also block or clog water wells, drains and
pumps when exposed to air, due to hydroxide/oxide floc precipitation at high pH.
The clogging of a borehole by an amorphous aluminium hydroxide (Al(OH)3)
precipitate was observed during a pump test in the Murray Basin, Australia
(Harrington, 2004), which decreased the efficiency of the pump by ~ 80% and led to
significant clogging of pumps and impellers. Another similar engineering
consequence of ASS can be the blocking or impairment of surface water drain
systems due to the precipitation of red ochre, iron hydroxide and oxide flocs, when
fresh or neutral pH water meets acid and Fe-rich water.

22

High concentrations of H2SO4 can corrode concrete and steel marine infrastructure.
Acid attack on concrete structures (e.g. foundations, floodgates, bridge piers,
pipelines and culverts) results in the expansion and weakening of the concrete, and
its eventual exfoliation and dissolution together with rusting of the steel reinforcing,
which has been significantly observed in coastal Australia. In order to protect the
infrastructure from acid corrosion, use of SO42--resistant concrete and galvanised
steel has been recommended in the construction of public infrastructure in many
parts of NSW. Moreover, ASSs have a low load-bearing capacity due to their high
volumetric moisture content. As a consequence, foundations or earthwork built on
this soil may settle or subside unevenly due to dewatering of the unconsolidated
material. Surface structures may require extensive reinforcements or piles to offset
subsidence and localised failure (Dent, 1986).

2.8

Management of Acid Sulphate Soils

The best option for the management of ASS is to minimise the disturbance of the
soil. While this option is both cost effective and environmentally efficient, areas that
have already been affected by ASS, for example drained agricultural land, need to be
treated. Studies on the occurrence and consequences of ASSs have led to the
conclusion that preventive methods could be applied to control and limit the
entrainment of O2 into the soil micropores; thus preventing pyrite oxidation.
Therefore, preventive remediation methods practiced in Australia have focussed on
minimising acidification or decreasing the oxidation of pyritic material. Some of
these preventive methods are critically reviewed below.

2.8.1

Soil Capping

In order to minimise the amount of acid generated in ASS within a drained
catchment, it is necessary to limit the exposure of pyrite to O2. Placing a relatively
impermeable non-acidic soil over the acidic soil, commonly called soil capping
and/or burial can create anoxic conditions by lowering the rate of O2 and water
entering the soil. This technique lowers the acid production rate and the rate at which
the acid is drained from a site and can, therefore, be an alternative for controlling the
exposure of the pyritic soil in ASS (Waite et al., 2002). However, the soil capping
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approach in ASS has proved universally ineffective since it cannot prevent continued
oxidation of sulphide at shallow depth (Ritsema et al., 2000). Furthermore, soil
capping for large areas of ASS terrain is not economically sustainable.

2.8.2

Re-flooding

Dent (1986) suggested that pyrite oxidation in ASS could be minimised, or even
reversed, by the establishment of reducing conditions by re-flooding. The
management of ASS is determined by the level of the water table (Sammut et al.,
1996b; White et al., 1997) and to prevent further oxidation it is essential that the
water level should remain on the land under flooding conditions (Sammut et al.,
1996b). Nevertheless, in highly oxidised and very acidic ASS terrain, the presence of
high concentrations of dissolved ferric iron can maintain some pyrite oxidation even
after re-flooding. Furthermore, providing continuous flooding conditions in the longterm is neither easy in the dry Australian landscape due to the unreliable nature of
rainfall nor suitable in low-lying areas (White et al., 1997). Thus, re-flooding is also
not a suitable option.

2.8.3

Water Table Manipulation

The conclusion drawn over pyrite oxidation by water table fluctuation in ASS terrain
led to the idea of water table manipulation as an ASS management technique.
Groundwater manipulation techniques have been successfully practised in acid rock
drainage for decreasing the oxidation of tailings by complete inundation of acid
producing materials (Pedersen, 1983). Several researchers (Indraratna et al., 1995;
Blunden et al., 1997) have found that the manipulation of flood mitigation drain
water levels can also influence the surrounding groundwater in ASS. Therefore,
research in ASS in Australia has focussed on the manipulation of groundwater levels
and the influence of acid drainage on marine ecosystems as soil capping and reflooding are not practical in large area of ASSs in low-lying area (Glamore, 2003).
Indraratna et al. (1995) suggested that simple v-notch weirs would decrease acid
production in ASS terrain of coastal Australia by maintaining the water table above
the pyritic zone.
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Following the study by Indraratna et al. (1995), Blunden et al. (1997) simulated the
effect of raising the drain water level on the elevation of the groundwater table using
finite element method. Modelling
M
using
ng a series of hydrologic and hydraulic
procedures concluded that the installation of weirs would allow the groundwater
table to rise to a specific level without causing flooding of the pastureland
(Indraratna et al., 2005);
2005) thus recommending the use of weirs in flood mitigation
drains. Following on from the preliminary results from the modelling work, Blunden
(2000) undertook a detailed field and numerical study on maintaining
maintain
an elevated
groundwater table above the pyritic layer via the installation of three v-notch
v
weirs
near Berry,, south east NSW (Figure
(
2.7).

notch weir near Berry, Shoalhaven Floodplain, south east NSW,
Figure 2.7 V-notch
Australia (Blunden, 2000)
After extensive field monitoring
monitoring and further hydrological modelling, Blunden and
Indraratna (2001) developed a pyrite oxidation analytical model for the precise
assessment of ASS management strategies at the sub-catchment
sub catchment scale and
demonstrated that the weirs could significantly decrease pyrite oxidation by allowing
the phreatic surface to rise. The lower hydraulic gradients established under the
influence of the higher drain water level maintained by the v-notch
v
weirs also
reduced the rate of discharge of acidic oxidation products from the groundwater to
the drain (Blunden and Indraratna, 2001).
2001) Consequently, water manipulation by
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weirs was initially adopted in coastal Australia during the last decade as a cost
effective management strategy for preventing further pyrite oxidation. The weirs
were constructed from durable yet inexpensive materials and were, thus, long-lasting
(Golab and Indraratna, 2009).
2009) With slight design modifications, but with the same
basic mechanism, self-regulating
self
tilting weirs were installed in order to maintain a
high groundwater table in areas adjacent to flood mitigation drains in ASS terrain
(Figure 2.8).

eir (built in 2001 by the UOW ASS
Figure 2.8 Typical Self-regulating tilting weir
research
esearch team,
team source: University of Wollongong)
Wollongong
Overall, the installation of weirs can prevent the production of ‘new’ acid, but cannot
manage the leaching of ‘stored’ acid. Therefore, such weirs work best for preventing
pyrite oxidation in areas with good drainage and a water table not too
t close to the
ground surface (Indraratna et al., 2005).. However, these techniques
technique are not practical
in low-lying
lying areas of ASS terrain because (i) installation of weirs in low-lying
low
floodplains with poor drainage can elevate the risk of flooding during heavy rain
events, (ii) they are not able to prevent pyrite oxidation far from the drain,
d
as a
consequence the benefits occur in a very localised region near the weir, (iii) they
prevent the entry of tidal water, as a result the drain water quality cannot be
improved, (iv) routine maintenance is required to clean up the drain because the
t
accumulation of sediments and other debris and growth of weeds upstream and
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downstream of the weirs can cause the disruption of steady-state flow conditions and
further increase the risk of flooding in very low-lying locations.

2.8.4

Tidal Buffering

The negative influence of tidal restricting structures including v-notch weirs on
aquatic life (Pollard and Hannan, 1994) and wetland development and productivity
(Dick and Osunkoya, 2000) are now well recognised in Australia. Many researchers
(Pollard and Hannan, 1994; Sammut et al., 1995; Williams and Watford, 1997;
Blunden, 2000; Dick and Osunkoya, 2000) reported improvements in drain water
quality, particularly in those drains where one-way floodgates leaked and suggested
this leakage could permit tidal buffering within acid affected flood mitigation drains.
Subsequently, it was suggested by many researchers (Pollard and Hannan, 1994;
Portnoy and Giblin, 1997a; b; Dick and Osunkoya, 2000; Glamore and Indraratna,
2001; Indraratna et al., 2002; Glamore, 2003) that allowing tidal flushing into flood
mitigation drains via modified floodgates may: (i) decrease the ‘acid reservoir
effect’, (ii) raise dissolved O2 levels, (iii) decrease the hydraulic gradient between the
drain and groundwater, (iv) diminish aluminium flocculation, (v) eliminate ‘acid at a
distance’, (vi) combat exotic freshwater weeds, (vii) enhance runoff during wet
periods and (viii) allow fish passage into important breeding grounds.
The major buffering constituents of seawater are CO3- and HCO3- ions and tidal
buffering is based on the concept of the transportation of these buffering ions by
tides throughout the estuaries. The mechanisms of CO3-/HCO3- buffering are well
established (Stumm and Morgan, 1996) and the same concepts also work for tidal
buffering where the key factor is the consumption of H+ and the production of weak
carbonic acid (H2CO3, Eqn. 2.10). For every mole of available HCO3-, one mole of
H+ is consumed and the buffering reaction between H2SO4 (pKa = -3) and HCO3forms H2CO3 (pKa = 3.8) (Stumm and Morgan, 1996).

Ca 2+ + HCO3- + H + + SO 24− →
123 14243
Saline water

ASS oxidation

H 2 CO3
123

Weak Carbonic Acid
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+ Ca 2+ + SO 24-

(2.10)

An extensive study was carried out to examine the influence of tidal restoration via
modified floodgates and the role of tidal buffering on controlling ASS discharges as
alternative to fixed-level weirs (Indraratna et al., 2002; Glamore, 2003; Glamore and
Indraratna, 2004). In their study, two types of modified two-way floodgates were
installed as an alternative solution to weirs and one-way floodgates near Berry,
Shoalhaven Floodplain, south east NSW. These were (a) a winch-operated floodgate
that lifts vertically, controlling the amount of water entering the drain, and (b) an
automated Smart Gate system that allows water to enter the drain based on the realtime water quality parameters pH, electrical conductivity (EC), dissolved oxygen
(DO) and temperature measured immediately up- and down-flow of the gate (Figure
2.9, Indraratna et al, (2002);Glamore, (2003)). In the latter type, a computerised
arrangement of real-time sensors continually monitors the water chemistry and
transmits intelligent electronic signals to operate the mechanical winch of the
floodgate accordingly.

(a)

(b)

Control Unit

Motor and rotating arm

Winch

Gate aperture

Submersible Datalogger

Figure 2.9 Modified Floodgates near Berry, Shoalhaven Floodplain: (a) Two winch
driven vertical lifting two-way floodgates, (b) Smart gate (Indraratna et al., 2002)
Modification of the floodgates (i.e. two-way floodgates) allowed tidal ingress and the
drain water quality was improved immediately upon restoration of tidal flushing
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(Figure 2.10). In addition, surface water quality measured continuously for three
years (one year pre-modification and two years post-modification) at various
distances up to 60 m upstream of a modified floodgate (Table 2.2) also showed an
increase in drain water pH above 6. Furthermore, Al and Fe decreased significantly
due to their precipitation during tidal buffering. Figure 2.11 shows HCO3- alkalinity
up to 90 mg/L CaCO3 in drain water after the installation of the two-way floodgates.
The removal of H+ in solution by the formation of H2CO3 in presence of HCO3alkalinity, led to an increase in pH (Indraratna et al., 2002).
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Figure 2.10 Modified Floodgates near Berry Drain water pH pre- and post-floodgate
modifications (Days 296-314) (Adapted from Glamore, (2003))

Table 2.2 Average drain water quality at different locations upstream (u/s) of the
floodgate pre- and post-floodgate modifications (Glamore, 2003)
Parameters
pHpre
pHpost

Unit
-

Total
4.32
6.04

1m
4.41
6.29

15 m
4.44
6.21

30 m
4.35
6.20

60 m
4.72
6.24

Al3+pre
Al3+post
% change

(mg/L)

11.33
4.38
+62

16.64
2.80
+83

15.43
1.96
+87

13.79
1.69
+88

4.15
1.21
+71

Fe2+pre
Fe2+post
% change

(mg/L)

23.07
10.33
+56

31.89
5.75
+82

29.41
3.85
+87

27.17
3.74
+86

14.47
3.46
+77

-

-
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The observed field results (Figure 2.10, Figure 2.11, Table 2.2) clearly illustrate that
two-way floodgates can allow entry of brackish creek water during high tide,
improving the drain water quality by the buffering action of CO3-/HCO3- (Glamore
and Indraratna, 2004; Indraratna et al., 2005). This technique also prevents the
release of large slugs of acidic water into adjacent waterways at low tide. Hence, the
restoration of tidal influx via modified floodgates has been a well-documented means
of improving the geochemical, hydrodynamic and acid transport conditions within
ASS affected drains ((Sutherland et al., 1996; Indraratna et al., 2002; Johnston et al.,
2002; Golab and Indraratna, 2009). Due to its success in improving drain water
quality before discharge into adjacent waterways, numerous local government
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agencies and councils have installed Smart Gates elsewhere in coastal Australia.
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Figure 2.11 Bicarbonate concentrations within the drain after floodgate modifications
with rainfall (Glamore, 2003)
However, Glamore (2003) observed that the amount of alkalinity observed in a drain
during tidal ingress was in the range of 10-90 mg/L CaCO3 (Figure 2.11). This
alkalinity was not high enough to buffer large volumes of acidic drain water,
especially following large rainfall events, due to dilution of the buffering agents
(HCO3- ions) and an increase in total acidity flushed from the soil. This illustrates
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that the effectiveness of tidal buffering depends on a number of factors including the
concentration of buffering agents, the acid concentration and the hydrodynamics and
salinity regime of the estuary (Indraratna et al., 2005). Two-way floodgates also
elevate the risk of flooding in low-lying areas with poor drainage, they are unable to
neutralise the acidity already stored in the soil and cannot prevent pyrite oxidation far
from the drain similar to v-notch weirs. Maintenance is required to clean the sensors,
download the data from the dataloggers and clean debris from around the gate
control mechanism. The electronic and mechanical devices controlling the Smart

Gates lead to high capital cost.

2.9

Application of Alkaline Reagents

Chemical treatment using alkaline reagents for the removal of metals and
neutralisation of acidity has been used extensively in ASS management. Some of the
commonly practiced traditional methods in ASSs drainage are described as follows:
2.9.1

Acid Neutralisation via Liming

Soil liming to neutralise soil and groundwater acidity has been extensively practiced
in Australia, Europe and Asia for the management of ASS as an effective and easy
method (refer to Chapter 3 for critical analysis). Although Dent (1992) suggested that
raising the pH of the soil above 5 should be sufficient to avoid most ASS, soil liming
in coastal Australia is an expensive remediation technique for treating the whole (~3
million ha) contaminated landscape. Furthermore, it also produces a metal-rich
sludge in the soil (Benner et al., 1999) from which metals may subsequently leach
when mixed with freshly produced acid in the groundwater, thus being ineffective in
the long-term (Pearson and McDonnell, 1975b; Webb and Sasowsky, 1994). Powell
and Martin (2005) also reported that lime-assisted tidal exchange can be an
alternative to reduce costs while addressing the problem. In this approach, lime
enhanced tidal water neutralises the acidity present in the upper soil profile with
every tidal flush, but releases very mobile acid into the creeks. The efficiency of the
method depends on the tidal range (i.e. entry of tidal ingress) and is suitable only
when it can fully inundate the soil. Both concepts, soil liming and lime-assisted tidal
exchange, have the disadvantage that only the top soil is directly mixed with the lime
although the soil profile of ASS is distributed to a depth of 3 m in coastal Australia.
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2.9.2

Acid Neutralisation via Calcareous Reactive Barriers

Passive systems with Ca-bearing minerals, such as constructed wetlands, OLDs,
successive alkalinity producing systems (SAPs), limestone ponds and open limestone
channels (OLC), have been successful for short-term implementation and have
substantially reduced water treatment costs at many ASS sites (Faulkner and
Skousen, 1994). Problems associated with hindered reactivity and permeability by
the armouring and clogging effect of metal oxy/hydroxides precipitates are
encountered in such systems due to the presence of (i) high amounts of dissolved O2
as the system is often oxic and (ii) high concentrations of Al and Fe in acidic water
(Ziemkiewicz et al., 1997). Therefore, the longevity of these treatment systems is a
major concern while treating the contaminated water from ASS. Ziemkiewicz et al.
(1997) recommended a high drain slope (slope > 20%) in OLCs to prevent armouring
and to keep limestone active. However, this is not practical for ASSs in low-lying
floodplains. Similarly, concern about the longevity of Anoxic Lime Drains (ALDs)
exists due to the threat of clogging by Al and Fe hydroxides although the treatment
system is anoxic. Watzlaf et al. (2000a) reported failure of an ALD in Pennsylvania,
USA within 6 months of operation due to clogging by Al and Fe oxyhydroxides.
Brodie (1993) suggested that clogging and armouring can be controlled and
performance can be improved when pre-treatment of water is undertaken to remove
dissolved O2. However, this would be a substantial cost. Similarly, constructed
wetlands are suitable for groundwater with a pH > 5 emphasising that sites with more
acidic discharge (i.e. lower pH) such as Acid Mine Drainage (AMD) or ASS would
have lower treatment efficiency (Wieder, 1993). Since the above-mentioned systems
cannot decrease the dissolved O2 in drain water, which could promote the
precipitation of Al and Fe in a very short period of time, there has been a need to
seek an alternative method.
2.9.3

Acid Neutralisation via a Lime-Fly ash Barrier

Researchers at the UOW (Banasiak, 2004; Indraratna et al., 2006) suggested
modification of the soil liming concept (active system) in order to make a passive
treatment system relatively inexpensive for local farmers. Accordingly, injection of
an alkaline slurry at shallow depth above the pyritic layer by radial grouting was
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proposed to form an impermeable reactive horizontal barrier in ASS terrain near
Berry, south east NSW. For this purpose, a slurry of water, fine grained lime and fly
ash (2:2:1) was injected into the soil in a systematic grid of 22 holes to form a barrier
100 mm thick. The groundwater quality was monitored in 31 surrounding
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Figure 2.12 Layout of the horizontal impermeable barrier along with location of
observation wells and piezometers during lime grouting in ASS, south east NSW
(Banasiak, 2004)
Substantial improvements in groundwater quality in the observation wells (e.g. rise
in average pH from 3.5 to 4.6, decrease in EC from 4.60 to 1.47 mS/cm, decrease in
Al and Fe from 65.5 to 20.3 mg/L and 161 to 42 mg/L, respectively) were achieved
with a greater influence evident in the holes close to the barrier (1 m from the
barrier) than those further away (2 m from the barrier) (Figure 2.13) (Banasiak, 2004;
Indraratna et al., 2006). The installation of the lime-fly ash barrier reduced the
infiltration of oxygen to the pyritic layer and, thus, decreased the rate of pyrite
oxidation, in addition to neutralising any acidity stored in the soil. Consequently, EC,
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which is linked to the concentration of pyrite oxidation products within the
groundwater decreased.
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Figure 2.13 Average groundwater pH measured at 1 m and 2 m from the barrier and
rainfall (Indraratna et al., 2006)

2.10 Summary
Contaminated groundwater resulting from pyrite oxidation in ASS is a major
environmental problem worldwide and in coastal Australia. If left undisturbed and
submerged under the watertable, pyritic material is relatively chemically inert.
However, disturbance and drainage of sulphidic soils can cause oxidation of pyrite
and generation of H2SO4 in the soil. Artificial drainage and flood mitigation works
promote the oxidation and export of H2SO4 and dissolved Al and Fe into nearby
drains and creeks. The potential environmental hazards associated with AAS often
result from the interaction between the net acidity, mainly derived from sulphide
oxidation, and the rate this acidity could be released into the environment. The
generated acidic groundwater can adversely impact coastal ecosystems, aquaculture,
agriculture and infrastructures.
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Previous research demonstrates that the exacerbation of the ASS problem due to the
application of flood mitigation drains and hydrological changes is a challenging
environmental issue throughout coastal Australia. Groundwater manipulation using
low-cost engineering solutions such as weirs and modified two-way floodgates in
creeks and flood mitigation drains in ASS-affected farmland, which has been
practiced for over a decade, is not effective in low-lying floodplains due to the high
risk of flooding and the occurrence of pyrite oxidation even under submerged
conditions. In addition, those conventional ASS preventative approach of water table
manipulation (e.g. tilting weirs and automated floodgates) target acidity production
along the hydro-geological pathway from the soil profile to the discharge point, but
do not address the acidity already present in the soil.
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Chapter 3 Literature Review on Permeable
Reactive Barrier Technology
3.1

Introduction

This literature review consists of three parts. The first part provides a review of the
application of PRB technology in contaminant remediation. The second part provides
a critical evaluation of the selection of reactive materials, focussing on the
remediation of acidic groundwater. The performance of different types of reactive
material currently used for remediating contaminated groundwater highlighting
laboratory and field monitoring data is briefly described, along with the threat of
armouring and clogging on the performance of reactive material. The performance of
PRBs and the numerical approaches used for the study of their long-term
performance is critically analysed. The third part of this chapter evaluates the need
for PRB technology in ASS terrain highlighting the limitations of the currently
practiced preventive approaches in ASS terrain in Australia and the lessons learned
from past studies of different PRBs.

3.2

Permeable Reactive Barriers (PRBs)

A PRB is defined as an engineered treatment zone of reactive material that is placed
in the subsurface and designed to intercept a contaminant plume in situ. It consists of
a trench filled with permanent, semi-permanent, or replaceable reactive material (
Figure 3.1), which provides a flow path through the reactive material and transforms
the contaminants into an environmentally-acceptable form to attain remediation
concentration goals down-gradient of the barrier through physical, chemical and/or
biological processes, including precipitation, sorption, and oxidation/reduction
(Rumer and Ryan, 1995; Carey et al., 2002).
Because of several advantages over conventional remediation techniques such as
weirs and modified two-way floodgates, pump-and-treat methods, soil liming, direct
addition of lime to streams and OLD, extensive attention has been given to the use of
PRBs for remediating contaminated groundwater. In this remediation process, the
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reactivity of the reactive medium is depleted slowly and, hence, PRBs have the
potential to treat passively contaminants over several years or decades (Gavaskar et

al., 1998). Furthermore, because PRBs remediate the contaminated groundwater
directly inside the aquifer, there is no massive interference to the aquifer system.
Thus, there is no need for the installation of costly equipment, nor the set-up and
operation of any specific plants for monitoring their long-term performance (Birke et

al., 2003). Despite higher installation costs compared with other groundwater
remediation technologies, PRBs have low operation and maintenance (O & M) costs,
other than site monitoring provided that the PRB does not show an unexpected
malfunction before the costs are recovered (Birke et al., 2003). The only possible
maintenance is the replacement of the reactive material once its reactive potential has
been exhausted or if it is clogged by precipitates and/or microorganisms (Vidic,
2001). In addition, land use can resume following the installation of a PRB because
there are few visible signs of installation aboveground apart from monitoring
boreholes.

Figure 3.1 Schematic diagram of a permeable reactive barrier (PRB) intercepting a
plume of contaminate ground water
Two types of PRBs have been used in the field (Figure 3.2): (i) the continuous
reactive barrier (CRB) and (ii).the funnel-and-gate (F&G) barrier. CRBs use a trench
filled with reactive material across the entire width of the contaminated groundwater
to be treated (Figure 3.2a). They consist of a single zone that transects the
contaminated groundwater flow path allowing groundwater flow across the barrier
under its natural gradient. The design of F&G barriers are described by Starr and
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Cherry (1994). Impermeable walls, such as sheet piles and slurry walls are
constructed along the sides to direct the contaminated groundwater flow towards the
treatment zone (Figure 3.2b). The treatment zone in an F&G barrier is the gate
containing the reactive material(s) located between the ends of the walls.
(a)

(b)

Figure 3.2 Schematic diagram of PRB configurations: (a) funnel-and-gate (F&G) and
(b) continuous reactive barrier (CRB); GW is groundwater (Powell et al., 1998)
Hydrogeological characterisation of the contaminated site, technical applicability of
the barrier placement and the cost of the reactive material govern the selection of the
barrier type. For example, if high cost reactive material is used, an F&G barrier is
useful because the reactive zone of this barrier requires less material. On the other
hand, when cheap material is used, the application of a CRB reduces the cost
associated with construction of the impermeable walls. Considering the costs of PRB
designs in terms of the required filling and impermeable materials, most current PRB
installations adopt a CRB (Gavaskar, 1999).
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3.3

Current Status of PRB Field Applications

The University of Waterloo first developed the concept of the PRB in the early
1990s. Blowes (1990) proposed in situ SO42- reduction to treat water contaminated
with mine-related wastes within permeable reaction zones installed into the aquifer
down-gradient of tailings impoundments. Accordingly, the first pilot-scale PRB (of
CRB type) was installed at Borden, Ontario, Canada, in June 1991. Zero valent iron
(ZVI), prepared by grinding Fe collected from a local machine shop and mixing it
with sand, was used to treat a plume of chlorinated solvents (e.g. perchloroethylene
(PCE) and trichloroethylene (TCE)) (Birke et al., 2003). Nearly three and a half
years after installation of the first pilot-scale PRB in Canada, the first full-scale
commercial ZVI PRB (F&G type) was installed in 1995 at Sunnyvale, California
(CA), USA for treating chlorinated solvents TCE, dichloroethylene (DCE), vinyl
chloride (VC), and chlorinated fluorocarbons (CFCs) (Birke et al., 2003). The
application of PRBs steadily increased after 1995 (USEPA, 2002) and over 100
PRBs have been installed worldwide.
Successful field implementations, backed by innovative laboratory experiments
(Blowes et al., 1997; Pratt et al., 1997; Waybrant et al., 2002) and small-scale field
tests (McMahon et al., 1999; Puls et al., 1999a; Vogan et al., 1999; Blowes et al.,
2000; Wilkin and McNeil, 2003), have indicated PRBs as a promising technology to
remove inorganic and organic contaminants from groundwater. The most common
contaminants treated by PRBs are chlorinated organic compounds (McMahon et al.,
1999; Vogan et al., 1999; Scherer et al., 2000; Schlicker et al., 2000), chromate
(Blowes et al., 1997; Puls et al., 1999a), acidic wastes and AMD (Benner et al.,
1999; Jurjovec et al., 2002; Waybrant et al., 2002), radionuclides and heavy metals
(Powell et al., 1995; Gu et al., 1999). Considerable research has also been carried out
worldwide to study the efficiency of PRBs in treating contaminants from AMD
(Benner et al., 2000; Blowes et al., 2000). Research is beginning into the use of
PRBs in ASS terrain (Desmier et al., 2002; Indraratna et al., 2010) in Australia.
Although full-scale application of PRBs are increasing, the technology is still
considered relatively new in Australia compared to the existing groundwater
remediation methods.
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3.4

Selection of Reactive Material

Many reactive materials could potentially be used in a PRB to treat contaminated
groundwater. Therefore, the selection of reactive material is of paramount
importance for PRB design because it determines its reactivity and contaminant
removal capacity. The reactive materials should be fully characterised to confirm that
they (Gavaskar et al., 1998):

•

have sufficient reactivity to degrade contaminants with an economically
viable barrier thickness (residence time);

•

can promote geochemical reactions resulting in the removal of hazardous ions
from contaminated plumes in stable and environmentally compatible forms;

•

are able to maintain their reactivity to degrade contaminants over long
periods of time;

•

are compatible with the subsurface environment;

•

do not cause any adverse chemical reactions with the constituents of the
contaminated plume and do not serve as a source of contaminants themselves;

3.5

•

are the correct particle size for the desired porosity;

•

can suppress precipitation, to allow continued flow of water with time; and

•

have low cost and are readily available.

Suitability and Types of Reactive Materials

Many barrier materials have been trialled in PRBs constructed worldwide. Because
the reactive material must be capable of remediating the groundwater in a timely
manner and without becoming clogged or deteriorating, as stated in Section 3.4, the
selection of reactive material mainly depends on the type and extent of groundwater
contamination. Therefore, the reactive materials (chemical and/or biological reagents
or catalysts) are chosen to react with the contaminants to render them harmless by
the time they pass out the other side of the PRB. Reviews on reactive materials
suitable for use in PRBs for the removal of different types of inorganic and organic
contaminants from groundwater are readily available (Younger, 1993; Rael et al.,
1995; Gavaskar et al., 1998; Blowes et al., 2000; Scherer et al., 2000). This section
critically evaluates the different types of reactive material commonly used in PRBs
to date for different types of contaminants with a major focus on the remediation of
acidic groundwater. Some of the most common reactive materials used to treat acidic
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water are ZVI, organic carbon-rich materials and acid neutralising materials. Details
of the material’s characterisation are given and their application in PRBs and longterm performance are described as follows.

Zero-valent Iron (ZVI)
ZVI was very popular during the early 1990’s when research on PRB technology
began; its popularity is still increasing. About three-quarters of all full-scale PRBs
worldwide utilise ZVI as the reactive material (Blowes et al., 2000; Jambor et al.,
2005) because of its capacity to remove a range of contaminants such as chlorinated
organic solvents, reducible metals and inorganic contaminants such as nickel (Ni),
chromium (Cr), uranium (U), radionuclides, SO42-, As, and NO32- (Gillham and
O'Hannesin, 1994; Powell et al., 1995; Blowes et al., 1997; Blowes et al., 2000).
More than 600 research papers have been published on the application of ZVI for the
remediation of groundwater contamination. Jenk et al. (2003) investigated the use of
ZVI as a reactive material to remediate mine waste containing high concentrations of
acid, SO42-, Fe and Al. A mixture of ZVI chips and lignitic coal was capable of
efficiently neutralising acid and removing contaminants within the mine water, based
on the results of column and laboratory tests investigating the maximum fixation of
contaminants, hydraulic effects and optimal material properties.
The widespread use of ZVI is also due to its ability to act as a strong reducing agent
in groundwater causing the abiotic reductive degradation of organic compounds such
as chlorinated hydrocarbon. As groundwater flows through the PRB, DO and water
corrode the ZVI, which will elevate the groundwater pH causing the precipitation of
secondary minerals from the dissolved Fe as well as Fe originally from the inflowing
water. However, many researchers have reported that a potential limitation of ZVI
PRBs is the reduction of porosity by both the corrosion of the reactive material as
well as by mineral precipitation (Phillips et al., 2000; Liang et al., 2003; Phillips et

al., 2003). For further details, see Section 3.6.

Organic Carbon-rich Materials
Microbial-based PRBs containing waste materials enriched with organic carbon such
as wood chips, paper mill pulp, and municipal compost are common to treat acidic
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groundwater from AMD enriched with SO42- and heavy metals (Benner et al., 1997;
Benner et al., 1999; Benner et al., 2000). Reactive mixtures containing organic
carbon are designed to support the bacterially mediated reduction of SO42- and the
substantial precipitation of metal sulphides (Blowes et al., 1997; Waybrant et al.,
1998; Blowes et al., 2003). The SO42--reducing bacteria (SRB) inoculum source is an
environmental organic sample (e.g. creek sediment, sewage sludge or animal
manure), eventually accompanied by additional organic matter (e.g. compost, wastes,
wood, or whey) as carbon nutrient sources to stimulate bacterial activity (Gibert et

al., 2002). Gibert et al. (2003) found that municipal compost was a poor carbon
source for supporting bacterial activity at high flow rates. Unaltered cattle manure is
not a suitable reactive material (Christensen et al., 1996; Amos and Younger, 2003),
whereas cattle slurry screenings, a finely divided easily handled form of manure, is
an effective reactive material for neutralising acid and removing metals such as Fe
and Mn from groundwater (Amos and Younger, 2003).
Under favourable conditions, SRB oxidise organic carbon by using SO42- and
generate H2S resulting in an increase in alkalinity and pH. Dissolved H2S, produced
through SO42-reduction, combines with metal cations to form metal sulphide
precipitates, which are stable below the water table inside the PRB (Waybrant et al.,
1998). Christensen et al. (1996) used SRB with whey to remediate contaminated
mine water and found that the mixture increased the pH from 4.5 to 5.8, decreased
the concentration of total Fe and Al from 0.5 to 0.01 mM and 0.65 to 0.01 mM,
respectively after 200 days. The SO42- concentration, however, increased from 10.0
to 60.0 mM. These observations were similar to those reported by Waybrant et al.
(1998). Thus, the SRB approach using organic carbon-rich material is commonly
used to increase pH, decrease metal concentrations and consume SO42- in the
groundwater. However, it has also a similar limitation to ZVI i.e. extensive
precipitation in addition to the growth of bacteria.

Acid neutralisation materials
Although ZVI and organic carbon-rich materials were widely used for the
remediation of AMD during the 1990s, research also focussed on alternative reactive
materials because of the extensive precipitation caused by using ZVI and organic
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carbon-rich materials. Blowes et al. (1997) reported that the amount of carbonate
minerals present in mine waste at different AMD sites in Canada exceeds that of the
sulphide minerals i.e. mine waste had a self neutralisation capacity. Jurjovec et al.,
(2002) carried out column experiments to demonstrate the effectiveness of Cabearing minerals in AMD soil for the remediation of acidic groundwater from
tailings impoundments and to understand the acid neutralisation mechanisms
involved. It was reported that the most significant pH-buffering minerals in the mine
waste were carbonate minerals calcite (CaCO3), dolomite (CaMg(CO3)2) and
ankerite (Ca(Fe,Mg,Mn)(CO3)2). Although a small amount of Ca-bearing minerals
were present within the soil (~3.1% by weight), they could significantly increase the
groundwater to near-neutral pH 6 (Figure 3.3) by rapid dissolution of these minerals.
Furthermore, the effluent pH was controlled by dissolution-precipitation of
carbonate, Al and Fe hydroxides and aluminosilicates present in the soil as indicated
by long plateaus at ~pH 6.0, 4.0 and 1.5, respectively (Figure 3.3).
Extensive research has been conducted on sulphide oxidation during the last four
decades (van Beers, 1962; van Breeman, 1980; Dent, 1986; Sammut et al., 1994;
Dent and Pons, 1995; Sammut et al., 1995; Blunden and Indraratna, 2001). However,
less research has been conducted on acid neutralisation reactions. The research
carried out by Jurjovec et al. (2002) provided researchers clues on the selfremediating capacity of soil as well as the possible application of acid neutralisation
materials in a PRB. Following this, different types of acid neutralising materials such
as lime, BauxsolTM have been trialled, in laboratory tests, for remediating acidic
groundwater. Lime is slightly soluble and when in contact with acidic groundwater it
can be leached from a PRB. Also, the presence of lime can increase the concentration
of HCO3- ions, which in turn catalyse the decomposition of sulphides and accelerate
acid and trace metal release (McConchie et al., 2002b). Lime is not effective in
treating acidic groundwater because of its low solubility. However, hydrated lime,
Ca(OH)2, can be used for this task (McElnea and Ahern, 2002).
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Figure 3.3 Self neutralisation behaviour of soil in acid mine tailing (measured
parameters in the column effluent water as a function of pore volume) (Jurjovec et
al., 2002)
BauxsolTM is a material produced by chemical and physical modification of caustic
red mud residues formed during alumina production by the Bayer process (Lin et al.,
2002; McConchie et al., 2002a). It consists of minerals such as hematite (Fe2O3),
boehmite (γ-AlO(OH)), gibbsite (Al(OH)3), sodalite (Na4AI3Si3O12Cl), quartz (SiO2)
and cancrinite (Na6Ca2[(CO3)2|Al6Si6O24]·2H2O), and minor aragonite (CaCO3),
brucite

(Mg(OH2),

calcite

(CaCO3),
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diaspore

(α-AlO(OH)),

ferrihydrite

((Fe3+)2O3•0.5H2O), gypsum (CaSO4·2H2O), hydrocalumite (Ca2Al(OH)7.3H2O),
hydrotalcite (Mg6Al2CO3(OH)16·4(H2O)), ilmenite (FeTiO3), lepidocrocite (γFeO(OH)),

p-alumohydrocalcite

(CaAl2(CO3)2(OH)4•3H2O)

and

portlandite

(Ca(OH)2) (McConchie et al., 2002a). It has a high ANC of ~ 3.5-7.5 M acid/kg and
a very high trace metal trapping capacity (> 1000 meq of metal/kg of BauxsolTM).
Most trace metals are trapped by adsorption (McConchie et al., 2002a). McConchie

et al. (2004) reported the application of BauxsolTM and biosolids to treat AMD. Two
years after implementation, the leachate was near-neutral in pH with very low trace
metal concentrations. Equivalent plots treated with lime and biosolids produced
leachate with a pH <3.5 with high trace metal concentrations. Lin et al. (2002)
concluded that BauxsolTM is superior to lime for the treatment of unoxidised
sulphidic soils. PRBs containing BauxsolTM can operate under oxic or anoxic
conditions and, unlike lime, neither gypsum precipitation nor armouring reduces the
performance of the PRB. BauxsolTM also improves the nutrient retention capacity of
a soil (McConchie et al., 2002b).
Past implementation of limestone in passive systems such as constructed wetlands,
OLD, successive alkalinity producing systems (SAPS), limestone ponds and open
limestone channels (OLC) indicates the suitability of limestone as a potential reactive
material for remediating acidic groundwater. If limestone is used as an ameliorant,
then turbulence or mechanical aeration is required to degas carbon dioxide (CO2)
from the water and, thereby, substantially reduce acidity (Pearson and McDonnell,
1975a; Webb and Sasowsky, 1994). Pearson and McDonnell (1975b) reported that
armouring in an OLD causes the success of the amelioration technique to be shortlived. If the concentration of dissolved Fe and Al in the drain water is low, then
armouring is not a problem. However, when significant concentrations of these
metals exist, the reactivity of the crushed limestone is severely inhibited.
McElnea and Ahern (2002) proposed cement kiln dust (CKD), a by-product of the
cement manufacturing process, as a potential reactive material for a PRB. The CKD
was highly alkaline (pH1:5 = 12.6) and saline (EC1:5 = 16.3 mS/cm). The mineralogy
is dominated by calcite/aragonite with smaller amounts of SiO2, Ca(OH)2, larnite
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(Ca2SiO4), and Fe and Al oxides. They found that CKD is effective in raising
groundwater pH and suppressing Fe and Al export.
Although different types of Ca-bearing materials can be used for remediating acidic
groundwater, the reactive material must be capable of remediating the groundwater
in a timely manner without becoming clogged or deteriorating, as mentioned in
Section 3.4. For that purpose, Waybrant et al. (1998) performed batch tests on
simulated acidic groundwater using eight different reactive mixtures for potential use
in a PRB at the Nickel Rim mine site near Sudbury, Ontario, Canada. The batch test
is the preliminary step for the selection of possible reactive material (Komnitsas et

al., 2004; Bernier, 2005; Golab et al., 2006). Each of the reactive mixtures used in
the batch tests by Waybrant et al. (1998) contained a neutralising agent (agricultural
limestone), non-reactive porous media (silica sand), a bacterial (creek sediment) and
organic carbon source in different proportions. The organic carbon source contained
(i) composted leaf mulch; (ii) composted municipal sewage sludge; (iii) maple
sawdust; (iv) mixed hardwood and softwood chips; (v) composted sheep manure; and
(vi) delignified waste cellulose.
Dissolved Fe in the water was depleted from 105-1400 mg/L to 0.1-50 mg/L within
hours to days (0.1-65 days) (Waybrant et al., 1998). Similarly, SO42- decreased from
1200-4800 mg/L to <10 mg/L. H2S increased to detectable levels after metal
concentrations were depleted after 16-72 days, indicating that early H2S
concentrations were controlled by metal-sulphide precipitation reactions. The pH and
alkalinity (as CaCO3) increased from < pH 6.0 to 6.5-7.0 and from <15 mg/L to
>1000 mg/L, respectively. Based on the observed variation in permeability for the
eight batch tests, it was concluded that the required permeability could be increased
by altering the grain size of the organic source or by the addition of pea gravel.
Based on these experiments, a combination of reactive mixtures would be successful
in remediating the contaminated acidic groundwater due to: (a) the different reaction
mechanisms of the reactive mixtures for treating different types of inorganic
contaminants and (b) prevention of the reduction of porosity by providing high initial
conductivity. Refer to Section 3.6 for details on porosity reduction in PRBs.
Furthermore, Waybrant et al. (1998) calculated the acid-generating potential (AGP)
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of the reactive mixtures by determining the acid-producing potential (APP) through
the oxidation of Fe2+ to Fe(OH)3, which releases two moles of H+ for every mole of
Fe2+ oxidised and subtracting from this the acid-consuming potential (ACP) or
alkalinity (as mg/L CaCO3). A negative AGP value indicates a capacity to neutralise
acid, and vice versa. In the batch experiments, the AGP was initially positive then
decreased to negative values, indicating net acid-consumption.
Amos and Younger (2003) also conducted batch tests on four reactive mixtures
consisting of limestone chips, cattle slurry, compost, and pea gravel for a PRB to
treat AMD run-off and evaluated the permeability and reactivity of the mixtures. The
mixtures consisted of: (i) 50% limestone chips, 25% cattle slurry screenings, 25%
compost; (ii) 75% limestone chips, 12.5% slurry screenings, 12.5% compost; (iii)
50% pea gravel, 25% slurry screenings, 25% compost; and (iv) 50% limestone chips,
50% compost. The presence of limestone increased the ANC and more efficiently
removed metals from the water. Furthermore, mixtures containing 50% (10 mm
grade) limestone chips enhanced alkalinity addition, metals removal in addition to
maintaining higher permeability than the mixtures containing 50% pea gravel. It was
concluded that the application of limestone combined with gravel could maintain
high reactivity and permeability; the two key characteristics of reactive materials for
a PRB. However, the results could not confirm the longevity of the material because
of the static nature of the tests. It is likely that the reactivity in the contaminated site
would decrease over time due to the continuous flow of acidic groundwater over the
surface of the material. Therefore, batch tests are of limited use as a preliminary step
for the screening of reactive materials.
Prior to the installation of a PRB, column tests are commonly used for determining
the potential reactive materials’ effectiveness while simulating continuous flow of
contaminated groundwater (Gillham and O'Hannesin, 1994; Orth and Gillham, 1996;
Mackenzie et al., 1999; Morkin et al., 2000; Park et al., 2002; Waybrant et al., 2002;
Zhang et al., 2002; Kamolpornwijit et al., 2003; Su and Puls, 2003; Amos et al.,
2004; Gusmao et al., 2004; 2004; Lapointe et al., 2005; Logan et al., 2005). The
studies that are most similar to the contaminants from ASS are those that have
investigated AMD remediation because the composition of the contaminated
47

groundwater has many similarities with ASS-affected groundwater (Golab and
Indraratna, 2009). A wide range of alkaline reactive material has been investigated in
column tests for the remediation of acidic leachate and contaminated groundwater.
For example, Komnitsas et al. (2004) investigated the potential use of limestone and
red mud in a PRB to remove heavy metals from AMD by precipitation, coprecipitation and adsorption using column tests. the speciation/mass transfer
computer code PHREEQC (Parkhurst and Appelo, 1999), and the MINTEQA2
(Allison et al., 1991) database for geochemical modelling. The main remediation
mechanism induced by both reactive material was the precipitation of contaminants
such as Fe, Al, Mn, Zn, Cu, Co, Ni and SO42- as hydroxides and also sorption of Cd
(Komnitsas et al., 2004).
Because clean up efficiency depends on the concentration of the contaminants, the
reactive material can maintain longer remediation efficiency if the contaminated
groundwater has lower acidity and heavy metal concentrations (Komnitsas et al.,
2004). High levels of acidity and contaminant concentration may create adverse
conditions within the reactive material by accelerating reductions in reactivity and
the effective lifetime of a PRB due to (a) fast consumption of alkalinity; (b) a
decrease in the reactive surface area due to precipitation and armouring of the
reactive particles; (c) the re-solubilisation of previously formed precipitates; and (d)
the desorption of heavy metals. A review on PRB longevity is given in Section 3.6.
Despite the high performance of the above-mentioned Ca-bearing neutralising
reactive materials for the remediation of the acidic groundwater, the cost of an in situ
PRB system is quite high when pure reactive materials are used. Therefore, cost and
availability of the reactive material should be considered in the selection process
(Gavaskar, 1999). A number of recycled products/wastes from chemical and
metallurgical processes have been investigated as suitable reactive material for PRBs
in order to remediate acidic groundwater and assist in precipitation, degradation or
immobilisation of contaminants (Amos and Younger, 2003; Golab et al., 2006).
Recycled concrete, air-cooled blast-furnace slag (ACBFS), zeolitic breccia and red
mud, which are locally abundant waste materials with a suitable grain size produced
in large quantities, might be used for the removal of metals and the subsequent
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neutralisation of acidic groundwater (Bailey et al., 1999; Komnitsas et al., 2004;
Golab et al., 2006). For details on the screening process of cost-effective alkaline
materials for this current research see Chapter 4.

3.6

Previous Studies on Longevity of PRBs

In all of the pilot and commercial PRBs installed to date, there is little emphasis on
long-term performance, especially with respect to armouring (Wilkin et al., 2003).
Armouring is the strong adhesion and complete pacification of the reactive surface
by encrustation, thus decreasing the rate and extent of dissolution of reactive material
and contaminant removal capacity (Hedin and Watzlaf, 1994; Cravotta and Watzlaf,
2002). In order to predict longevity and improve barrier performance, a detailed
analysis of rate and distribution of surface precipitate build-up is critical (Wilkin et

al., 2003). Under different geochemical conditions in contaminated aquifers,
different types of surface coatings have been observed depending on the groundwater
chemistry and composition of the reactive materials used in the PRB (Puls et al.,
1999a; Puls et al., 1999b), thus decreasing the lifetime of a PRB.
Furthermore, clogging in any porous media may occur as the pores of the granular
assembly become excessively filled by soil particles (Reddi and Bonala, 1997) or by
accumulated chemical precipitates from reaction over time between the materials and
the contaminant (Li et al., 2005) or by growth of bacteria within pores (Rowe et al.,
2002; Fleming and Rowe, 2004; VanGulck and Rowe, 2004; Reddy et al., 2008).
Thus, the accumulation of precipitated compounds can also decrease the porosity and
permeability of the PRB (Watzlaf et al., 2000a; b; Cravotta and Watzlaf, 2002). Such
a decrease in porosity and hydraulic conductivity inside a PRB reduces the flow
through the barrier, which can result in changing the flow paths, residence time and
finally bypassing the barrier (Mackenzie et al., 1999; Phillips et al., 2000; Roh et al.,
2000; Wilkin et al., 2003). Consequently, chemical clogging inside a PRB can
decrease the lifetime of a PRB before the reactivity of the material diminishes
(Gavaskar, 1999).
Study of the physical clogging, one of the significant problem in most granular
media, has been extensively studied with respect to the long-term efficiency of dam
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filters (Indraratna and Vafai, 1997; Reddi et al., 2000) and suggestions have also
been made to reduce the risk of physical clogging (Reddi and Bonala, 1997).
Furthermore, research has been carried out on biological or chemical process
involved on barrier systems for waste disposal facilities (i.e. leachate remediation in
landfills) and also on the study of clogging of the porous media due to biomass
growth, mineral precipitation and sedimentation of suspended solids when permeated
with landfill leachate (Rowe et al., 1997; Rowe et al., 2002; Fleming and Rowe,
2004; Rowe et al., 2004). Several numerical models have also been developed for
predicting the rate of clogging occurring in porous media exposed to landfill leachate
(Cooke et al., 2005; Cooke and Rowe, 2008a; Cooke and Rowe, 2008b; VanGulck
and Rowe, 2008). However, there has been limited research on the long-term
performance of PRBs, especially with respect to armouring and clogging by
chemical and/or biological means (O'Hannesin and Gillham, 1998; McMahon et al.,
1999; Vogan et al., 1999; Phillips et al., 2000; Sarr, 2001). This section reviews the
application of different PRBs and their performance concerning armouring and
clogging due to mineral precipitation inside the PRB.
Most of the literature available on the long-term performance of PRBs is for ZVI and
SRB barriers, as they were widely used in the early development period of PRB
technology. In a ZVI barrier, water or DO present in the contaminated water reacts
with ZVI and starts the corrosion process, which leads to the formation of Fe2+, H2
gas and OH-. The release of hydroxyl alkalinity (OH-) causes an increase in pH
within the barrier ranging from 8-11, as observed in field and laboratory tests
(Gillham and O'Hannesin, 1994; McMahon et al., 1999; Puls et al., 1999a; Puls et

al., 1999b; Vogan et al., 1999). Most of the precipitates observed in ZVI barriers are
ferric oxyhydroxides such as ferrihydrite, goethite, amakinite (Fe(OH)2) or magnetite
(Fe3O4) (Gillham and O'Hannesin, 1994; Mackenzie et al., 1999; Phillips et al.,
2000; Furukawa et al., 2002).
In order to study the armouring and clogging effect by these precipitates, Phillips et

al. (2000) carried out detailed mineralogical analysis of cores from a field-scale ZVI
PRB 15 months after its installation. The PRB was used to remove U from
contaminated groundwater at the Y-12 plant site, Oak Ridge, USA. Most of the
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fillings in the core samples after 15 months of installation were loose (Figure 3.4).
Furthermore, large amounts of corrosion (10-150 µm thick corrosion rinds) were
found on cemented Fe particles where groundwater first entered the barrier. Minerals
(major amount of Fe oxyhydroxides and minor amount of aragonite) precipitated
because of corrosion of the binding materials formed during the cementation process
(Figure 3.4). It was reported that corrosion and the subsequent precipitation of
minerals might lead to strong cementation in the long-term, thus leading to a
decrease in permeability of the reactive material along with a decrease in reactivity
due to surface coating adversely shortening the life span of the PRB to less than a
decade.

Figure 3.4 Armouring and corrosion in a core sample from a ZVI PRB showing (a)
fresh ZVI filing showing trace amounts of corrosion on the surface, (b) thin
weathering rind on an ZVI filing, (c) cementation and (d) outline of (c) showing ZVI
filings bound together by coating (Phillips et al., 2000)
Due to the variation in groundwater geochemistry at different ZVI barrier sites, the
type and extent of mineral precipitation also varies broadly despite usage of the same
reactive material. Nevertheless, similar armouring effects were observed. For
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example, in another two ZVI PRBs installed in Elizabeth City, North California and
Denver Federal Centre, Colorado for the removal of Cr and chlorinated solvents,
mineral precipitation was detected four years after installation (Puls et al., 1999a;
Puls et al., 1999b; Furukawa et al., 2002; Wilkin et al., 2003). The corrosion layer
was highest within the first 5 cm and decreased significantly within 20 cm from the
up-gradient aquifer/Fe interface (Puls et al., 2000), which was similar to the
observation by Phillips et al. (2000). Furukawa et al. (2002) reported that four years
after the installation of two ZVI PRBs, the surfaces of the ZVI were covered with 1050 µm thick authigenic precipitates near the up-gradient interface whereas samples
collected further down-gradient into the barrier (> 8 cm) had a thinner layer (< 5 µm)
of precipitates.
Wilkin et al. (2003) estimated the rate of inorganic carbon and sulphur accumulation
as 0.09 and 0.02 kg/m2/yr, respectively in PRB at Elizabeth City; and 2.16 and 0.80
kg/m2/yr respectively at Denver Federal Center after four years of operation of the
PRB with a larger amount of mineral precipitation and microbial activity near the upgradient aquifer-ZVI interface. Maximum porosity reduction, due to precipitation
accumulation, of 0.032 and 0.062 was observed at Elizabeth City and Denver Federal
Center, respectively. The higher porosity reduction in the PRB at Denver Federal
Center was due to higher TDS values (~4 times) compared to the PRB at Elizabeth
City. According to the report by the USEPA (2004), maximum and minimum
porosity reduction due to precipitation was 5.9% in the first 2.5 cm of the ZVI
material and 0.1% ~8 cm from the up-gradient interface. Such a small decrease in
porosity does not indicate pervasive pore clogging. However, Wilkin et al. (2003)
suggested that biofilm coverage and surface coating of the reactive material by
mineral precipitation might adversely affect the long-term reactivity of ZVI particles
by decreasing the kinetics of contaminants degradation reaction.
Vogan et al. (1999) reported the performance of a pilot-scale ZVI PRB installed in
1995 at a formal industrial facility in New York to remove volatile organic
compounds. During the two year period operation period, porosity loss was ~ 10%,
decreasing from an initial value of ~0.5 to 0.45 based on 6% carbonate precipitation
observed towards the up-gradient interface. However, consistent VOC degradation
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was observed since microbial populations did not increase in the ZVI zone relative to
the aquifer and the minerals formed in the ZVI zone did not affect the performance
of the PRB.
O’Hannesin and Gillham (1998) also monitored the performance of a CRB
consisting of 22% granular ZVI and 78% sand for treating chlorinated organic
compounds at the Canadian Force Base, Ontario over 5 years, which was the longest
available record of PRB performance at the time. The CRB, installed in 1991,
showed >90% removal of chlorinated organic compounds by reductive
dechlorination within the barrier wall with no measurable decrease in performance
over the five year of monitoring period. There was little evidence of precipitation and
cementation of CaCO3 of core samples; thus illustrating negligible armouring in the
barrier. Also, the up-gradient interface showed no sign of clogging.
Morrison et al. (2002a) carried out a detailed column experiment to confirm the
performance of ZVI for treating U and vanadium (V) contaminated groundwater
where they observed that ZVI could successfully remove the contaminants to nondetectable levels. With continuous passage of contaminated groundwater for 3000
pore volumes (PVs), efficiency of the ZVI was reduced due to formation of corrosion
products and precipitates. Furthermore, Morrison (2003) installed a full-scale PRB in
Monticello, Utah, USA and observed 8.8 tonnes of CaCO3 and 24 kg of U- and Vbearing mineral precipitates following treatment of contaminated groundwater
containing 295 mg/L Ca, 1180 mg/L SO42-, 118 mg/L NO32-, 173 mg/L chlorite and
430 mg/L alkalinity. A significant amount of precipitation was also observed in the
up-gradient gravel/ZVI zone, which is similar to that observed by Phillips et al.
(2000) and Furukowa (2002). Such large amounts of precipitates decreased the
porosity of the full-scale PRB by 9.3% in the up-gradient gravel/ZVI zone and 3.2%
within the ZVI zone. Increasing concentration of contaminants in the down-gradient
zone 2.7 years after installation indicates the loss of reactivity of the PRB due to
armouring
The above-mentioned literature review shows that long-term performance of a PRB
strongly depends on the groundwater chemistry, especially the contaminant
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concentrations. For most of these ZVI PRBs, mineral precipitation was observed
mainly in the first few centimetres of the PRB, with a maximum porosity reduction
of 1-3% per year. These values indicate that the performance of the PRBs were not
significantly affected by mineral precipitation due to the presence of highly
permeable materials (gravels or sands) mixed with granular ZVI. Therefore, for a
PRB to be successful, the grain size of the reactive material needs to be sufficiently
large and the barrier must be thick enough to allow amelioration (Furukawa et al.,
2002).
Similarly, several studies on the long-term performance of PRBs utilising SRB have
been undertaken. Benner et al. (1999) demonstrated the successful application of a
full-scale PRB designed to remove metals and to generate alkalinity by promoting
SO42- reduction and metal sulphide precipitation. The barrier (20 m × 4 m × 3.6 m)
was installed in 1995 at the Nickel Rim mine site in Ontario, Canada with a
composition of 50% pea gravel, 20% municipal compost, 20% leaf compost, 9%
wood chips and 1% limestone where a large amount of pea gravel was used to
maintain the hydraulic conductivity. The PRB converted the aquifer from acidproducing to acid-consuming. Dramatic changes in the concentrations of SO42(decrease of 2000-3000 mg/L), Fe (decrease of 270-1300 mg/L), and alkalinity
(increase of 800-2700 mg/L) were observed. The water chemistry, coupled with
geochemical speciation modelling, indicated that the pore water within the PRB was
supersaturated with respect to amorphous Fe sulphide. Within the barrier, the
population of SRB was 10,000 times higher than in the up-gradient aquifer.
However, three years after installation, the overall rate of SO42- removal within the
barrier decreased by 30% from an initial rate of 58 to 40 mmol/L/yr. The rate of Fe
removal also decreased by 50% from 38 to 18 mmol/L/yr. Spatial and temporal
variation in the degree of SO42- reduction and iron sulphide (FeS) precipitation
within the barrier was observed. According to Benner et al. (1999), spatial variation
was because of the different residence times due to hydraulic conductivity variations
of the treatment material, whereas temporal variations were due to the decline in
organic carbon availability and reactivity over time and seasonal variations in the
rate of SO42- reduction. Although a significant decline in the contaminant removal
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rate was reported, clogging due to accumulated precipitate was not observed (only ~
1% porosity loss) during the three year monitoring period due to the usage of pea
gravel in the reactive material. Despite the decline in contaminant removal rate,
continuous removal of contaminants (e.g. >1000 mg/L SO42- and >250 mg/L Fe)
from the groundwater with negligible porosity loss, illustrated that a PRB utilising
SRB could be viable for long-term remediation of AMD containing elevated
concentrations of SO42- and Fe (Benner et al., 1999).
Ludwig et al. (2002) installed a PRB at a site contaminated by heavy metals in
British Columbia, Canada. The reactive material consisted of 15% leaf compost,
84% pea gravel (D50 of 8.5 mm), and 1% limestone (D50 of 4 mm) by volume. The
leaf compost was used because laboratory batch and column tests indicated that it is
a good substrate for SRB. The pea gravel was added to achieve a minimum desired
hydraulic conductivity of 10-1 cm/s and, thereby, ensure preferential flow through the
barrier. Ludwig et al. (2002) used the average hydraulic gradient of 0.001 and a
calculated porosity of ~ 0.4 to calculate a groundwater velocity of ~ 40 cm/day,
equating to a barrier residence time of ~ 6 days. Three PVC tubes were inserted
vertically into the barrier using a jackhammer seven months after barrier installation
and were removed after 14 months to collect the solid precipitates from the surface
of the tubes for mineralogical analysis by XRD and reflected light microscopy
(Ludwig et al., 2002). The geochemical speciation/mass-transfer computer code
MINTEQA2 was used to aid in the interpretation of the aqueous geochemical data.
The database used was consistent with the WATEQ4F model (Ball and Nordstrom,
1991 in Ludwig et al., 2002) with updated values for jarosite and natrojarosite.
Hydraulic conductivities within the barrier two months after construction averaged ~
0.18 cm/s with no change observed 9 and 21 months later, indicating that
precipitation reactions in the barrier did not reduce the hydraulic conductivity. This
study also confirmed that the application of pea gravel mixed with crushed reactive
materials would prevent physical clogging of the barrier.
The longevity of PRBs utilising such biotic-reduction depends on the loss of organic
material and the reduction in permeability (Morrison et al., 2002c). Microbiological
impacts on PRBs are very important for the prediction of barrier lifetime. The
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presence of a large amount of dissolved Fe, favourable pH, and availability of
substrates encourages the activity of Fe-reducing, SO42--reducing and methanogenic
bacteria (Wilkin et al., 2003). Microbial activity may have the following influences
on a PRB: decrease hydraulic conductivity, mask reactive sites, impact mineral
precipitation reactions and remove active chemical species (Wilkin et al., 2003).
Although literature on long term performance monitoring can be found mainly on
ZVI and SRB PRBs, research has only just begun on other reactive materials such as
Ca-bearing minerals. Therefore, very little literature can be found on the long-term
performance of PRBs utilising Ca-bearing minerals, especially on limestone for the
remediation of acidic groundwater. For example, Desmier et al. (2002) reported that
armouring is a problem in PRBs, particularly if limestone is present under oxic
conditions. Limestone-based PRBs become less effective as the limestone is
armoured by Fe or Al precipitates, which can lead to clogging and failure (Morrison

et al., 2002c). To minimise the decrease in permeability caused by mineral
precipitation in the PRB, high-porosity zones of reactive medium mixed with gravel
can be placed up-gradient of the PRB (Morrison et al., 2002c), as similarly utilised
for PRBs with ZVI and SRB.
Despite the popularity of PRBs for the remediation of contaminated groundwater,
challenges for this technology to be universally accepted as an established
remediation technique (Vidic, 2001) are as follows:

•

Lack of reliable information (geochemistry) on longevity and long-term
performance and effects due to lack of long-term projects (decade time scale)
(Puls et al., 2000; Yoon et al., 2000; Sarr, 2001; Vidic, 2001);

•

Insufficient information available on the economic viability of PRBs,
especially if performance decreases over time (Birke et al., 2003);

•

Knowledge of the applicability and longevity of combined contamination
scenarios, especially for very heterogeneous and complex subsurface is
currently at a very early stage (Scherer et al., 2000); and

•

Ensuring/verifying hydraulic performance (Vidic, 2001).
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Although field PRBs have shown good performance in remediating contaminated
groundwater, with insignificant mineral precipitation and negligible porosity
reduction during the monitoring periods, their hydraulic behaviour and treatment
effectiveness of PRBs over the long-term is unknown due to the relatively short
history of performance monitoring of PRBs; many have been in service for less than
a decade. Some laboratory and field investigations have suggested that mineral
fouling in PRBs may result in preferential flow and/or blockage of flow (Sarr, 2001;
Kamolpornwijit et al., 2003; Kamolpornwijit et al., 2004). However, the long-term
impacts of mineral fouling on the hydraulic behaviour of PRBs remain unclear.
Furthermore, many researchers (Blowes et al., 2000; Phillips et al., 2000) reported
that the rate of porosity reduction depends on groundwater chemistry (the higher the
concentration of dissolved ions, the greater the amount of accumulated minerals) and
flow rates. Thus, a general assessment of mineral fouling in PRBs using field data is
complicated by several factors such as site-specific geochemical and hydrogeological
conditions (Phillips et al., 2000), aquifer heterogeneity (Warner and Sorel, 2002),
and the relatively long period over which mineral depositions occurs (Vikesland et

al., 2003). Furthermore, continuous monitoring of the performance of a PRB until
the treatment capacity of the reactive material diminishes is not practical. Therefore,
it is difficult to make any definite conclusions on PRB longevity. Developing a
numerical model that simulates the chemical reactions inside barrier PRB including
mineral dissolution and precipitation and analysing the impact of mineral
precipitation on hydraulic behaviour of PRBs is an alternative to a long-term
performance study (Mayer et al., 2001; Yabusaki, 2001; Li et al., 2005; Liang et al.,
2005; Li et al., 2006). A detailed literature review on numerical modelling of the
long-term performance of PRBs is given in Section 3.7.

3.7

Numerical Modelling of PRBs

The transport of reactive chemicals through aquifers or any reactive material is
characterised by a high degree of complexity, which is primarily caused by the
simultaneous occurrence of physical transport, chemical reactions and the interaction
of chemical species among each other (Mayer, 1999). Such complexity may increase
dramatically in the presence of contaminants in an aquifer because such
contaminants will interact hydrologically, physically and chemically with both the
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native water and granulated solid matrix after release into the subsurface system
(Yeh and Tripathi, 1989).
Much of the earlier work within the last three decades has focused on developing
equilibrium models for evaluating geochemical data from batch experiments
(Parkhurst et al., 1980; Wolery et al., 1990; Allison et al., 1991; Ball and Nordstrom,
1991). These geochemical equilibrium models such as PHREEQE (Parkhurst et al.,
1980), PHREEQC V1.6-2 (Parkhurst and Appelo, 1999), EQ 3/6 (Wolery et al.,
1990) and MINTEQA2 (Allison et al., 1991) incorporate a complete suite of
geochemical equilibrium reactions including hydrolysis, complexation, ion exchange
and sorption, as well as redox and dissolution-precipitation reactions. For example,
Morrison et al. (2002b) and Wilkin et al. (2003) used equilibrium models for
estimating the minerals likely to form in PRBs as a function of site-specific ground
water geochemistry. Liang et al. (2003) and Wilkin et al. (2003) reported that
equilibrium models are useful for developing qualitative estimates of minerals likely
to form for site specific groundwater geochemistry, but are less useful for predicting
the spatial or temporal accumulation of minerals in PRBs. Hence, they have been
extensively used as a powerful tool for the evaluation of geochemical data from
batch experiments. Although these models provide a great degree of flexibility for
the evaluation of geochemical batch data, they do not include the hydrological and
physical transport processes with geochemical reaction processes (Parkhurst et al.,
1980; Mayer et al., 2002).
Furthermore, these equilibrium models have also been coupled with advectivedispersive transport models (Jennings et al., 1982; Walter et al., 1994) to simulate
transport processes. As discussed above, the reactive transport processes in natural
and contaminated systems include aqueous complexation, transport and sorption of
chemical species and various inorganic/organic matter particles and influence
mineral precipitation and dissolution (Hoosbeek and Bryant, 1992; Mayer et al.,
2002; Rasmussen et al., 2005). Therefore, many natural and contaminated systems
cannot be described adequately by simple equilibrium relationships, and hence, these
equilibrium models have limited or no capability for considering the influence of
physical transport on geochemical reaction processes.
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Recently, an attempt has been made to account for complex physical and chemical
processes in hydrological transport modelling of subsurface systems including
different types of the problem-specific kinetic relationships such as Monod kinetics
(Borden and Bedient, 1986), kinetically-controlled dissolution of minerals such as
aluminosilicate (Sverdrup and Warfvinge, 1988) and the development of reactive
networks applicable to specific problems (Hunter et al., 1998). In contrast to
equilibrium models, such multi-component reactive transport models in partially
saturated and fully saturated porous material can be applied to address many
problems of interest in the field of groundwater engineering. For example, they can
be used to: (i) better understand the evolutionary processes that control the
groundwater quality and mineralogical composition of aquifer systems and (ii) test
the conceptual models or as a design tool for laboratory column experiments
(Jurjovec et al., 2004) and field installation of passive remediation techniques
(Mayer et al., 2001; Li et al., 2005).
Within the last two decades, such models have been used as valuable tools to study
(i) subsurface transport of contaminants including radionuclides, nutrients and
pesticides (Steefel and Lichtner, 1998; Viswanathan et al., 1998) that may be
subjected to a large number of often simultaneous interactive physical, chemical,
mineralogical, geological and biological processes (Mayer et al., 2002; Davis et al.,
2004; Lichtner et al., 2004); (ii) the generation and fate of AMD from tailings
impoundments (Jaynes et al., 1984; Wunderly et al., 1996); (iii) radioactive disposal
facilities (Viswanathan et al., 1998); and (iv) passive remediation schemes such as
PRBs (Mayer et al., 2001; Li and Benson, 2005; Li et al., 2005). Thus, reactive
transport modelling of groundwater systems has become an important field of
research for the study of reactive contaminant transport in natural aquifers and PRBs.
In contrast to equilibrium models, these reactive kinetic models describe the rate at
which the geochemical reactions occur and output the aqueous and solid phase
concentrations as a function of time. However, the geochemical reactions need to be
specified by the user along with the reaction rate expressions and the rate constants.
Thus, when a reactive kinetic model is developed, an equilibrium model is often used
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to define the most important reactions to be included in the kinetic model (Yabusaki,
2001). Equilibrium models are used to estimate the aqueous species and solid phases
that exist in a state of thermodynamic equilibrium, but do not account for the rate at
which the reactions occur and do not involve the movement of groundwater.
Steefel and Yabusaki (1996) developed three-dimensional (3D) reactive transport
codes (OS3D) incorporating kinetic geochemical algorithms to simulate multicomponent transport in saturated porous media. Yabusaki (2001) used OS3D to
understand the behaviour of chemical components, including contaminants, in
groundwater transported through a Fe cell and also to predict the mineral
precipitation and porosity reductions in a pilot-scale ZVI PRB at Moffett Federal
Airfield, CA, USA. Yabusaki (2001) compared the modelling results with field data
(Figure 3.5) obtained after one year of operation and observed that concentration
profiles predicted for TCE, DCE, pH, alkalinity, total Mg, total SO42-, and NO32- by
the model matched the field data well (e.g. the total Mg concentration generally was
predicted with a factor of 1.1). However, the total Ca concentration (0.002 M)
predicted in the interior material was approximately 20 times higher than the
measured Ca concentration. The model predicted CaCO3 and FeCO3 as dominate
mineral precipitation near the entrance face of the PRB and Fe(OH)2 (am) in the
interior and exit face of the PRB. According to Yabusaki (2001), annual porosity
reductions predicted by the model were of 0.030 and 0.014 towards the entrance and
interior of the PRB, respectively.
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Figure 3.5: Model predicted result vs. Field observation after 1 year of installation of PRB at Moffett Federal Airfield, CA, USA (Yabusaki,
2001)
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Mayer (1999) also developed 3D reactive transport codes (MIN3P) for simulating
flow and multi-component reactive transport in variably saturated porous media that
incorporates a kinetic geochemical algorithm. MIN3P solves the governing equation
for Darcy-type fluid flow in a variably saturated porous medium, which includes the
solution of Richard’s Equation to calculate groundwater flow in the vadose and
saturated zones. Considering hydraulic head as a primary dependent variable and
adopting the assumptions (incompressible fluid, no hysteresis and a passive air
phase) defined by Neuman (1973) and Huyakorn et al. (1984), the governing
equation for variable-saturated flow is expressed in terms of hydraulic head as:


   + ∅





− ∇.   ∇ℎ −  = 0

(3.1)

where, Sa is the volumetric water saturation of the aqueous phase (m3/m3); Ss is the
specific storage coefficient (1/m); h is the hydraulic head (m); t is time (s); Ø is the
porosity of the media (m3/m3); kra is the relative permeability of the porous medium
with respect to the water phase (dimensionless); K (ρagk/µa) is the saturated
hydraulic conductivity tensor (m/s), with ρa being the aqueous phase density (kg/m3),
g being the gravitational acceleration, (m/s2), µa being the aqueous phase viscosity
and k being the intrinsic permeability tensor (m2); and Qa is a source–sink term (1/s)
accounting for water fluxes across the domain boundary.
The governing equation for the reactive transport problem includes the simultaneous
solution of advective-dispersive transport of dissolved species, diffusive gas
transport and contribution from geochemical reactions involving aqueous, gaseous
and mineral species (Lichtner, 1996). Mayer (1999) developed a geochemical
equilibrium algorithm to substitute the chemical reaction expressions directly into the
transport equations to solve the set of nonlinear partial differential equations (PDEs)
simultaneously. The reactive transport equation for advective–dispersive transport of
the dissolved phase components and reactive source-sink terms of saturated and
unsaturated flow in global implicit form in MIN3P is written as (Lichtner, 1996;
Mayer et al., 2002; Mayer and MacQuarrie, 2010):


 ∅.  
 

+




+ ∇.    − ∇.  ∅ ∇  − 



− !" = 0, & = 1, ()
(3.2)

62

where, Tja (kg/m3 H2O) is the total water phase concentration of component j; Tjs is
the total adsorbed component concentration, qa is the Darcy fluid flux (m/s); Da is the
dispersion tensor for the water phase components (including hydrodynamic
dispersion and diffusion); Qjext and Qjint represent external and internal source–sinks,
respectively, and define mass fluxes across the domain boundaries for the aqueous
phases; and Nc defines the number of components.
Mayer et al. (2001) used MIN3P to describe the processes occurring inside and
down-gradient of a PRB and highlighted the effects of preferential flow and mineral
precipitation in the ZVI PRB at the US Coast Guard Support Center near Elizabeth
City, North Carolina used for treating contaminated groundwater enriched with
hexavalent Cr (Cr(VI)) and trichloroethylene. Considering twenty-five constituents
and seventy-nine complexation reactions possibly occurring with 8 possible
secondary minerals assumed to form in the ZVI PRB (CaCO3, CaMg(CO3)2, FeCO3,
FeS (am), Fe(OH)2 (am), Fe(OH)3, MnCO3, and Mn(OH)2 (am)), Mayer et al. (2001)
carried out simulations for the transformation of Cr(VI), degradation of chlorinated
solvents, reduction of DO, nitrate, and SO42- in groundwater, Fe corrosion by
contaminated groundwater, microbial mediated SO42- reduction, precipitation of
secondary minerals, and hydrogen gas evolution within the PRB. The model results
were calibrated with field data to obtain the reaction rate coefficients used in the
model. The simulated modelling results indicate that porosity reduction was high at
the entrance of the PRB, which decreased towards the down-gradient zone.
Simulated results showed average porosity near the entrance of the PRB was
predicted to decrease by 28% from 0.50 to 0.36 over 20 years (Figure 3.6). The
simulated porosity reduction after 5 years was in good agreement with the estimated
porosity of 0.45 over a 5-year period reported by Blowes et al. (1999) with the
assumption that mineral precipitation took place in the first 10 cm of the barrier.
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Figure 3.6: Long-term effect of Fe corrosion and secondary mineral formation on
porosity (Mayer et al., 2001)
The transport and reaction modules of MIN3P have been extensively verified for
different complexities encompassing both equilibrium and kinetic reactions (Mayer
and MacQuarrie, 2010) and have been used for various applications including AMD
generation and attenuation (Bain et al., 2001; Brookfield et al., 2006), AMD
remediation using PRBs (Mayer et al., 2006), the biodegradation of organics (Mayer
et al., 2001; Watson et al., 2003) and the evaluation of redox stability in deep
crystalline rock formations considered for deep geologic repositories for nuclear
waste (Spiessl et al., 2008) and test the conceptual models or as a design tool for
laboratory column experiments to analyse and quantify the acid neutralisation
reactions in AMD by column experiments (Jurjovec et al., 2004).
Li et al. (2005) also carried out numerical modelling to assess the reaction kinetics of
inside the PRB and impact of mineral fouling on the long-term performance of two
PRBs utilising ZVI as reactive material, namely: (a) Moffett Federal Airfield and (b)
US Coast Guard Support Center. For that purpose, they used MODFLOW
(McDonald and Harbaugh., 1988) and the reactive transport model RT3D (Clement,
1997) to solve the steady-state flow in the PRB and surrounding region of aquifer.
They developed a geochemical algorithm (Li, 2004) for simulating reaction kinetics
associated with the redox and mineral precipitation-dissolution reactions occurring in
the ZVI PRBs in the similar approach to Mayer et al., (2001) and Yabusaki (2001)
and coupled them with RT3D (Clement, 1997) to solve the reactive transport inside
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the PRBs. Details of the procedure of combining MODFLOW and RT3D to simulate
flow, transports, and geochemical reactions in PRBs, can be found in Li. (2004).
They carried out as assessment of mineral fouling and its long-term impact on flow
and residence time of the PRBs by studying changes in the porosity and hydraulic
conductivity of the reactive medium due to mineral precipitation inside the PRBs.
Based on the simulation results, Li et al, (2005) reported that porosity reductions
(both average and maximum) in the PRB reached a peak near the entrance face (~ 0.1
m), then decreased and remained constant ~0.8 m from the entrance face for different
simulation periods (10, 30, and 50 year) after PRB installation (Figure 3.7).
Furthermore, their simulation results indicate that both the average and maximum
porosity reductions increased over time, reaching a maximum porosity reduction in
50 years. The peak average porosity reduction was ~ 80% of the pore space and
maximum porosity reduction by complete blockage in some pores near the entrance
face was ~ 100% during that simulation period. They observed that the difference
between the average and maximum porosity reductions was highest near the entrance
face of the PRB and suggested it was due to the impact of flow heterogeneity on the
rate of mineral precipitation.
According to Li et al. (2005), the decrease in hydraulic conductivity was modest for
the first 10 years of simulation, indicating that the clogging effect was negligible in
this period. The modelling results for the initial periods were similar to the field
observations reported by Wilkin et al., (2003). After a 30-year simulation period, ~
50% of the pore space was reported to be blocked by the precipitated minerals in
some portions of the PRB. Some regions of the PRB were reported to be less
permeable than the aquifer even due to 50% reduction in porosity. However, the
average hydraulic conductivity of the PRB remained above the hydraulic
conductivity of the aquifer regardless of distance from the entrance face. Simulation
results concluded that the PRB would convey flow efficiently even for a few decades
(e.g. 30 years operation in this case), which is greater than the service life generally
expected for PRBs (15-20 years as reported by Blowes et al. (2000)).
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Figure 3.7: Change in (a) porosity and (b) hydraulic conductivity as a function of
distance from the entrance face of the PRB for different time intervals (10, 30, and
50 years) (Li et al., 2005)
Significant reduction in hydraulic conductivity after 50 year of operation of the PRB
was reported in their simulation due to complete blockage of pore spaces, especially
towards the mid-plane of the PRB (Figure 3.7). They observed changes in head due
to fouling approximately 0.1 m near the PRB entrance after 50 years of installation
compared with the head during the initial monitoring period. This indicates that flow
alterations and partial bypassing of the PRB (Figure 3.8) after 50 years. Nevertheless,
due to higher hydraulic conductivity of the PRB, the effects of fouling were not
sufficient to cause an appreciable amount of bypassing, because it was reported that
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only 16% of the flow paths originally passing through the PRB would bypass the
PRB completely after 50 years of operation. In addition, the changes in head during
the simulation were small and might not be discerned from natural fluctuations in
head.

Figure 3.8: Distribution of hydraulic head along a transect passing orthogonal
through the centreline of the PRB: (a) initial and (b) after 50 years operation. (Li et
al., 2005)
According to Li (2004), the magnitude of these porosity changes depends on the flow
rate and concentration of the inflowing ground water. Highly permeable aquifers can
result in greater reductions in porosity and hydraulic conductivity due to fast delivery
of the major ions to the PRB that form minerals when in contact with reactive
materials. Similarly, larger reductions in porosity and hydraulic conductivity are
expected at sites where the concentrations of major ions in the inflowing ground
water are higher (Li et al., 2005).
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Li (2004) carried out further simulations to develop the strategies to reduce the
porosity reduction. The simulations were for five different strategies: (i) adding pea
gravel equalization zones up-gradient and down-gradient of the reactive zone; (ii)
placement of a sacrificial pre-treatment zone up-gradient of the reactive zone; (iii)
pH adjustment; (iv) using larger ZVI particle sizes;, and (v) mixing of the ZVI to
break up and redistribute the secondary minerals. Strategy (i) and (iv) were found to
be the most suitable options for maintaining higher conductivity. Furthermore,
among these two options, they observed that the installation of pea gravel zones
could enhance preferential flow and cause more porosity reduction and less residence
time in the PRB unlike the recommendation by Amos and Younger (2003). Finally,
they concluded that using larger particle size reactive material could reduce porosity
reduction because of the smaller surface area for the reactions among all five
strategies simulated.

3.8

Current Research Strategy

On the southeast coast of NSW, local government agencies and councils are in
search of alternatives to the ASS preventative approach of water table manipulation
(automated floodgates and tilting weirs) for strategic spot treatment in ASS terrain to
protect agriculture and aquaculture (fish and oyster farming) industries, and to
improve the water quality of nearby drains. In such low-lying floodplains, the
application of PRBs for remediating acidic groundwater might be an effective and
inexpensive alternative to these conventional techniques because once installed, they
cost less, require no maintenance or energy input and do not disrupt the existing land
use.
Although PRBs have been used worldwide for the remediation of contaminants such
as chlorinated organic compounds, chromate, AMD, radionuclides and heavy metals
(Powell et al., 1995; Blowes et al., 1997; Gu et al., 1999; McMahon et al., 1999;
Puls et al., 1999a; Puls et al., 1999b; Vogan et al., 1999; Scherer et al., 2000), their
application for curbing ASS problems has been very limited to date, except for one
trial OLD reported by Waite et al., (2002), which failed in a short period of time
possibly due to rapid armouring and clogging by precipitates occurring under the
oxidising conditions. Waite et al., (2002) recommended that innovative cleaning and
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flushing techniques should be used time to time to ensure the longevity of such OLD
in ASSs which would increase the cost of the remediation technology.
The performance evaluation of the pilot-scale PRB proposed for this doctorate thesis
appears to be the very first trial/novel approach for treating acidic water from ASS.
Therefore, this study aims to develop a passive remediation system suitable for
remediating contaminated groundwater from ASS terrain. It is expected that the
application of alkaline waste reactive material (recycled concrete) in the PRB will
generate alkalinity and neutralise the acidic groundwater, thus providing a unique
non-anthropogenic alternative to remediate contaminated acidic drainage. To develop
a management strategy for contaminated groundwater using a PRB, a thorough
understanding of the complex interrelationship between groundwater chemistry of
ASSs, groundwater transport, and buffer kinetics is required. This thesis firstly
examines the details of the acid neutralisation behaviour of the recycled concrete
used for this study. See Chapter 5 for details of the selection of this material along
with Al and Fe removal efficiency for contaminated groundwater from ASS.
It is anticipated that a rise in pH due to chemical reactions between the acidic water
and alkaline minerals inside the pilot-scale PRB will lead to subsequent precipitation
of Al and Fe hydroxides and oxyhydroxides through the reactions outlined in Eqns.
3.3-3.7 (Regmi et al., 2009a).
+
Fe3+ + 3H 2O → Fe(OH)3(S) + 3H aq

(3.3)

+
Fe3+ + 2H 2 O → Fe(OOH) + 3H aq

(3.4)

+
2Fe3+ + 3H 2 O → Fe2 O3 + 6H aq

(3.5)

Al3+ + 3H 2 O → Al(OH)3(S) + 3H + (aq)

(3.6)

Fe 2+ + 2(OH)− ↔ Fe(OH)2(S)

(3.7)
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hydroxides/oxyhydroxides given sufficient concentration of Fe3+, Al3+, and dissolved
oxygen in the water poses a serious threat to the longevity of the system. Several
researchers (McMahon et al., 1999; Puls et al., 1999a; Vogan et al., 1999; Sarr,
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2001; Yabusaki, 2001; Liang et al., 2003; Li and Benson, 2005; Komnitsas et al.,
2007) have reported that chemical armouring on the surface of reactive materials and
physical clogging of pores by precipitated compounds caused by chemical reactions
occurring inside PRBs decrease the long-term performance of parameters such as
reactivity, porosity and permeability. This current study will also give a brief
description of the long-term efficiency (longevity) of the reactive material in order to
check the suitability of the material for the pilot-scale PRB in ASS terrain,
systematically investigating the impact of chemical armouring and clogging in
column experiments ( See Chapter 5 for details). It also aims to confirm and validate
the decline in the ANC of the reactive material due to armouring by the precipitates
through a complete characterisation of the morphology and mineralogy of the virgin
and armoured concrete aggregates, and precipitates that formed on the concrete using
different image analysis techniques. See Chapter 6 for details of µCT scan, XRD,
XRF, FTIR and SEM-EDS used for image analysis.
In addition to armouring, the precipitation of Al and Fe oxyhydroxides can result in
the generation of acidity and a lowering of pH (Waybrant et al., 1998). Significant
concerns about the precipitation of Al and Fe oxides and oxyhydroxides exist in the
application of alkaline PRBs for the treatment of acidic groundwater in ASS terrain
because their solubilities are pH-dependent. They can also further reduce the
efficiency of the PRB by affecting the flow-path due to clogging by accumulated
precipitates (Sun et al., 2000). This thesis also examines the performance of the
pilot-scale PRB under variable field conditions for a four and a half year monitoring
period. The objectives of this research are to assess groundwater quality up-gradient,
inside and down-gradient of the PRB and determine the effectiveness of the barrier in
remediating stored acidity in groundwater in ASS terrain. See Chapter 7 for the
performance of the first pilot-scale PRB using recycled concrete installed in ASS
terrain in Australia.
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Chapter 4 Study Site Information and
Monitoring Details
4.1

Introduction

This chapter describes the selection of the pilot-scale PRB study site along with the
monitoring equipment used to investigate physical and chemical attributes of the soil
and groundwater parameters in ASS terrain. The baseline physical, chemical, and
morphological properties of the soil at the study site are described and compared
with ASS from nearby areas on the Shoalhaven Floodplain, as previously reported in
the literature. This chapter also describes the screening process of potential reactive
material along with the installation of the PRB and the detailed monitoring network
for analysing its performance. Finally, the chapter outlines the preliminary study of
the chemical (pH, oxidation reduction potential (ORP), concentration of major anion
and cations) and physical parameters (groundwater elevation) of groundwater at the
study site.

4.2

Study Site Location and PRB Site Selection

The investigated site is within a small sub-catchment situated in 1000 ha farming
land on Manildra Group’s Environmental Farm. It is situated in the Lower
Shoalhaven Floodplain, near Bomaderry (34° 49’S, 150° 39’E), south-eastern NSW,
Australia (Figure 4.1). Surface elevations of the Broughton Creek catchment range
from 1.0 m to 4.0 m AHD with an area of 184 km2. A digital elevation model (DEM)
of the catchment (Figure 4.1) shows that the topography of the study site is very lowlying with an elevation ranging from 0 to 1.25 m AHD. The study site is adjacent to a
flood mitigation drain that flows into Broughton Creek, a left bank tributary of the
Shoalhaven River.
The formation of ASS within the Broughton Creek catchment is attributed to the
geomorphologic evolution of the Shoalhaven estuary. Pease et al. (1997) reported
that the catchment is substantially drained with over 230 km of drains on 40 km2 of
floodplain with a drainage density of 5.75 km/km2. These drains were constructed
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across the catchment from the late 1960s for the purpose of flood mitigation.
Between 1965 and 1972 all of the existing drains were further deepened and widened
by dragline in accordance with government flood mitigation policies (Bayley, 1975).
This deep drainage technique, utilised for flood mitigation and agricultural purposes
in low-land coastal areas nearby, resulted in acidification of the study site due to the
oxidation of sulphidic minerals in high risk. Naylor et al. (1995) reported that
approximately 2500 ha of land with a high risk of ASS occurrence are found within
the Broughton Creek catchment based on ASS risk maps produced by the NSW
Department of Land and Water Conservation (now the Department of Infrastructure,
Planning and Natural Resources). The distribution and location of ASS in the
Broughton Creek catchment with different level of risks vulnerable to acidification
are shown in Figure 4.2. Both the DEM and ASS risk map of the Broughton Creek
catchment (Figure 4.1 and Figure 4.2, respectively) show that the surface topography
of the chosen study site is typical of ASS sites found in low-lying landscapes
throughout NSW. Although artificial drainage systems were constructed from the
1960s, acid drainage problems were first identified in Broughton Creek in June, July
and August 1991 following drought-breaking rains, when an 8 km stretch of the
creek turned clear (Pease et al., 1997).
The PRB study site was selected as a suitable site due to the following three major
attributes:
1.
2.

The site is a low-lying area containing ASSs;
Accessibility to the site for monitoring and installation is favourable during
‘all-weather’ conditions;

3.

The site has a network of artificial drainage that has lowered the groundwater

table below the elevation of the PASS layer causing acidic soil, groundwater and
drain water conditions.
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Study Site

Figure 4.1: Digital Elevation Model (DEM) of the Broughton Creek catchment.
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Figure 4.2: Location of study site, as indicated by star, showing ASS high risk areas (Indraratna et al., 2010).
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Baseline monitoring of the study site was carried out for over a year and a half prior
to installation of the PRB (between March 2005 and October 2006) by University of
Wollongong (UOW) researchers, including Phillips (2005), for the purposes of site
characterisation. There were several stages of site characterisation including: (i)
monitoring of variations in the phreatic surface, (ii) monitoring of variations in the
groundwater flow condition and chemical composition, (iii) analysis of soil
properties such as hydraulic conductivity, porosity and grain size, and the use of
geophysical techniques to estimate the hydraulic conductivity of the site. The site has
the following properties favourable for the installation of the PRB (Golab and
Indraratna, 2009; Indraratna et al., 2010):
1) The groundwater is acidic with high Al (≤ 45 mg/L) and Fe (≤ 450 mg/L)
concentrations;
2) The site is low-lying (0-1 m AHD) and, therefore, not suitable for weirs or
two-way floodgates;
3) A drain is present nearby for the treated groundwater to flow into;
4) No man-made structures are present at the site, therefore, the trench would
not disturb any structures;
5) A zone of preferential groundwater flow exists at the site for passive
interception of the acidic groundwater; and
6) It has ‘all-weather’ access, which allows monitoring even during wet periods
and allows access for excavators and other heavy equipment.

4.3
4.3.1

Materials and Methods
Screening of Reactive Materials

Many reactive materials could potentially be used in a PRB to treat such acidic
groundwater (refer to Chapter 3 for further details on PRBs). As the main
contaminants in groundwater associated with ASS are acidity, soluble Al3+ and total
Fe, the reactive material must be able to increase the pH to a level that causes Al and
Fe to precipitate out of solution. The reactive media should be fully characterised
prior to use so that they maintain their reactivity over long periods of time, are
compatible with the subsurface environment, do not cause any adverse chemical
reactions with the constituents of the contaminated plume, do not deplete serving as a
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source of contaminants themselves and have low cost (Gavaskar et al., 1998).
Furthermore, they should promote geochemical reactions resulting in the removal of
the hazardous ions from contaminated plumes in stable forms (Blowes et al., 2000).
Therefore, the selection of reactive material for treating acidic groundwater is of
paramount importance for the design of a PRB in ASS terrain with reference to its
ANC and metals removal capacity.
Batch and column tests are the two commonly used methods for the selection of the
reactive media (Waybrant et al., 1998; Waybrant et al., 2002; Komnitsas et al., 2004;
Bernier, 2005; Golab et al., 2006). Screening of a suitable reactive medium was
previously conducted by researchers at the UOW. A total of 25 different possible
alkaline materials were tested in a series of batch tests (Golab et al., 2006) followed
by short-term column tests (Golab et al., 2009; Golab and Indraratna, 2009) using
drain water collected from the same study site. The materials were chosen with an
emphasis on waste materials, including fresh and recycled concrete, oyster shells,
calcite-bearing zeolitic breccias, air-cooled blast furnace slag (ACBFS), lime and flyash. However, some pure materials such as limestone and limes were also included in
their study.
The pH achieved by each reactive material (Figure 4.3) was controlled by the
reaction kinetics of the dominant Ca-bearing alkaline component such as Ca(OH)2
and CaCO3 (Golab et al., 2006). The fresh concretes (concrete 1 and concrete 2),
recycled concrete, lime and ACBFS, all achieved a pH consistent with the
dissolution of portlandite/lime (pH 11 to 12) in the batch tests. The limestone and
zeolitic breccia achieved a pH consistent with the dissolution of calcite (~ pH 7.4).
Some materials were considered unsuitable for a variety of reasons including
excessively small grain size (lime and fly ash), insufficient ANC (ACBFS) and
insufficient removal of Al and Fe (breccia) (Golab et al., 2006). The results of the
batch tests show that recycled concrete performed well by neutralising large volumes
of acidity and removing Al and Fe from solution without leaching harmful ions into
the groundwater (Golab et al., 2006; Golab and Indraratna, 2009).
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Figure 4.3: pH vs. time for the selected reactive materials (Adapted from Golab et al.
(2006)).
Following the batch tests, recycled concrete and oyster shells were chosen for
preliminary column tests to simulate the continuous flow (16 mL/min) of acidic
water (pH 3, collected from study site) through the barrier (Golab et al., 2009). Three
short-term column tests were performed using clear perspex columns containing
crushed: (1) oyster shells, (2) recycled concrete of size range 1.18-10 mm, and (3)
50:50 recycled concrete: oyster shells. The column with oyster shells successfully
maintained a pH > 6.8, due to the dissolution of CaCO3, even after large volumes of
acidic water had passed through the column. However, the oyster shells were rapidly
consumed by the acidity, causing the precipitation of Fe oxy-hydroxides and SO42out of solution leading to clogging of the column. The recycled concrete maintained
a pH > 10.5 and removed Al and Fe from the groundwater and did not show any sign
of diminished ANC. The third column containing a mixture of both materials
produced an alkaline effluent of pH 9.8. Both of these materials were waste materials
and had good neutralising abilities and could be crushed to suitable grain sizes for
use at the field site. However, recycled concrete appeared to be the most suitable
material when cost, availability, ANC and Fe and Al removal efficiencies were taken
into consideration (Golab et al., 2009; Golab and Indraratna, 2009). Therefore,
recycled concrete was selected as the reactive media for the PRB. Acid neutralisation
behaviour of recycled concrete and its potential to remove dissolved Al and Fe were
systematically assessed through several long-term column experiments (Regmi et al.,
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2011b). Details of the performance of the recycled concrete in these laboratorycontrolled column experiments are discussed in Chapter 5.

4.3.2

Installation of the PRB and Preliminary Monitoring Network

UOW researchers installed six piezometers (P1 to P6) and six observation wells
(W1-W6) in 2005 (Figure 4.4) for baseline monitoring and to assist in the design of
the PRB. The piezometers were used to measure piezometric head, while the
observation wells were used to measure variations in the phreatic surface and
monitoring of spatial and temporal variations in the chemical composition of the
groundwater. The observation wells of 50 cm diameter were located 9.4 m (W1) to
46.7 m (W5) from the nearby flood mitigation drain. Observation wells W1-W5 were
installed along one transect line perpendicular to the nearby drain, whereas W6 was
installed ~ 8 m south east from W4. Piezometers P1-P6, each 2 m in length were
placed ~ 1 m to the east of the adjacent observation wells. The distance of
piezometers P1-P6 from the drain were 9.4 m, 14.3 m, 19 m, 28.6 m, 46.7 m and
28.4 m, respectively. For detailed information on the design and installation
procedures for the observation wells and piezometers refer to Phillips (2005).
Characterisation of groundwater at the study site will be discussed in Section 4.4.4
based on the data collected during the preliminary study by the UOW ASS research
team. Two more observation wells (W11, W14), were installed 22.4 m and 28.0 m
from drain and constructed six months before the PRB was installed.
The PRB was designed to maximise groundwater residence time within the PRB and
minimise bypassing of the barrier. On the 5th of October, 2006, the pilot-scale PRB
(17.7 m long, 1.2 m wide and 3 m deep) was installed at the study site running
roughly parallel 15 m from the drain, intersecting the zone of the maximum
groundwater flow (Figure 4.4).
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Figure 4.4: Layout of PRB and monitoring network at the study site.
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The PRB was installed by cut and fill excavation. The excavation and backfilling
techniques were determined based on careful geotechnical testing and calculations to
ensure that the trench did not collapse during operation. The soil has low undrained
shear strength (< 10 kPa); so steel trench boxes were placed along the edges of the
trench prior to excavation to prevent the walls from collapsing. Geo-textile and
geosynthetic have been used widespread in various mining exploration and
operations (e.g. load support, mine site remediation) as well as in landfill to prevent
leachate contamination (Bouazza et al., 1995; Bouazza, 1997; Bouazza and Van
Impe, 1998; Bouazza, 2002; Rowe et al., 2004). Therefore, geo-textile fabric is used
in this study to support the PRB and to protect the reactive media (i.e. recycled
concrete) from physical clogging by soil and other fine particles entering the barrier.
When the soil was removed, the trench was lined with geo-textile fabric (Figure 4.5).
The geo-textile fabric was stretched over the trench and hole was back-filled with
small amount of the crushed recycled concrete (40 mm diameter). The bracing for
the observation wells and dataloggers was placed over the trench box and secured
with star posts.

Figure 4.5: Installation of PRB at study site in Manildra Group’s Environmental
Farm, Bomaderry, NSW.
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The observation wells were then inserted and pushed into the base soil of the trench
with the excavator bucket and tied off with rope. Once the whole length of the PRB
trench was partly filled, the trench box was removed and the remaining crushed
concrete was placed into the trench to bring it to the depth to approximately 30 cm
below the ground surface. After then, geo-textile was wrapped, and existing clay soil
was gently compacted and was applied to the top of the barrier to minimise oxygen
diffusion into and water flow out of the reactive media and also to bring the elevation
of the trench back to the ground level.
Altogether 10 observation wells (5 cm in diameter), two wells for dataloggers (10 cm
in diameter) and six piezometers were installed inside the PRB along five transects
roughly parallel to the groundwater flow, as shown in Figure 4.4. Two multiparameter automated data loggers were then mounted to the data logger wells so that
the tip of each data logger was around 30 cm from the well base, to ensure that the
data logger probes are submersed in groundwater, even in extreme drought
conditions. Star posts were then driven into the ground in close proximity to the data
logger wells, and fitted with electrical boxes to house the external components of the
data loggers (Figure 4.6). Each data logger was connected to the equipment in the
corresponding electrical box, calibrated and set to log pH, DO, water pressure and
temperature every hour. Furthermore, 20 more observation wells (2 m deep, 50 mm
external diameter) were installed up and down-gradient of the PRB following the
same procedures described in Phillips (2005). Thus, a total of 36 observation wells
and 12 piezometers were installed inside, up-gradient and down-gradient of the PRB
to monitor phreatic surface variations, hydraulic gradients, permeability and
groundwater chemistry.
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Figure 4.6: Pilot-scale PRB and monitoring network at study site, Broughton Creek
catchment, southeastern NSW, Australia (Regmi et al., 2009b).
Groundwater elevation and water quality parameters such as pH, ORP, and
temperature were directly measured in the field every month from October 2006
using a water level meter and multi-parameter field electrode probes (TPS WP 80D,
TPS WP 81 and HI 1928). Rainfall data are measured daily by a meteorology station
within 5 km of the site. Groundwater samples were collected frequently for analysis
of total Fe, Al3+, major cations, anions and other trace metals. All chemical analyses
for duplicate samples were performed following the standard method for water and
wastewater examination (APHA, 1998). The comprehensive monitoring program
was conducted at the field site to investigate the performance of the PRB based on
water quality changes after PRB installation. The results are discussed in Chapter 7.

4.3.3

Soil Investigation

Comprehensive soil sampling was undertaken to determine soil characteristics
vertically across the study site for demonstrating important features of ASS
behaviour. A wide range of soil chemical properties can be used to describe pyritic
soils and the influence of pyritic oxidation products on the chemical properties of the
soil. Soil samples were collected from two locations (C1 and C2) within the study
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site at a distance 25 m and 20 m from the drain (close to P4 and P3) to minimise
potential impact from oxidation caused by draw-down by the drain. Sampling using a
60 mm diameter hand-driven bucket auger to depths of approximately 3 m was
conducted at these two locations. A total of 12 samples were collected from these
two sampling locations at 0.5 m intervals from depths varying from 0 to 3 m below
ground surface.
Soil colour and texture were immediately recorded for every 0.5 m interval along the
soil profile. The outer layer of each core was removed and discarded to prevent
possible contamination caused by the sampling process. The samples collected from
every 0.5 m interval were halved for: (i) the determination of the morphological and
physical properties of the soil, and (ii) the analysis of routine soil chemical properties
(e.g. pH and EC) and common properties (e.g. acidity, inorganic sulphur content, Al
and Fe concentration) necessary for the evaluation of ASS (Stone et al., 1998). The
samples were thoroughly mixed, sealed in thick plastic bags and labelled. The
labelled samples were immediately placed into an insulated container containing dry
ice to quickly cool and minimise sulphide oxidation of the soil during transport to the
laboratory where they were kept in a refrigerator below 4°C before proceeding with
the analysis.
Soil pH and EC were measured in 1:5 in 0.01 M CaCl2 solution and 1:5 soil/water
respectively following the ASS guidelines (Ahern et al., 2004). Preparation of the
soil samples prior to chemical analysis was undertaken following the procedures
outlined in Stone et al. (1998). Samples were oven dried at 85°C to a constant weight
within 24 hours of sampling to kill bacteria, remove water and minimise further
pyrite oxidation (Ahern et al., 2004). After drying, any coarse material was removed
by preliminary sieving (2 mm). Appropriate grinding of the soil samples is important
to ensure optimum recovery of pyrite (Ahern et al., 2004). Therefore, the samples
which did not easily break up after oven drying were ground to pass through a 2 mm
sieve. The samples were more finely-ground (< 0.5 mm) to ensure greater
homogeneity. Chemical analysis was carried out on the prepared samples following
the ASS laboratory methods guidelines developed by Ahern et al. (2004), namely:
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Total Actual Acidity (TAA)
Total actual acidity (TAA) is a measure of the current acidity stored within the soil,
excluding the potential source of acidity such as unoxidised pyrite (Ahern et al.,
2004). Thus, TAA in ASS is the soluble and exchangeable acidity already present in
the soil often as a consequence of previous oxidation of sulphides. A 5 g soil sample
was mixed with 50 mL of 1 M KCl and shaken overnight. TAA was measured by
titrating a filtered 25 mL aliquot of the soil suspension with 0.25 M NaOH until pHkcl
6.5 was attained. The recorded volume of alkali required to reach pH 6.5 determined
the TAA with the results expressed as mol H+/tonne of dry soil.
Reduced Inorganic Sulphur Content
Existing acidity in the soil includes ‘retained’ acidity and ‘actual’ acidity. Retained
acidity is the acidity stored in largely insoluble compounds such as jarosite and other
Al and Fe sulphate minerals which tends not to be measured by the TAA titration.
These compounds do not necessarily require O2 to hydrolyse and produce acidity.
However, for jarosite and natrojarosite, the rate at which acid is released is likely to
be limited by their extremely low solubility. Therefore, the measurement of retained
acidity that may be released by hydrolysis of these relatively insoluble sulphate salts
is also needed, but with more accuracy. There also exists acidity that can be derived
from the oxidation of reduced inorganic sulphur retained in PASS.
Reduced inorganic sulphur content is a measure of the potential acidity available
along the soil profile in different forms of iron sulphides. In contrast to TAA,
reduced inorganic sulphur content measures the potential for further acid generation
under oxidising conditions. Therefore, reduced inorganic sulphur content is used to
identify ASS and to estimate the amount of acid that could be formed by complete
oxidation of the soil (Blunden and Naylor, 1995). The estimation of potential acidity
based on reduced inorganic sulphur content is often used in acid-base accounting
models to estimate the quantity of liming materials required to neutralise any acid
that may be produced (Evangelou, 1995).
The reduced inorganic sulphur content can be measured by either reduction methods
(e.g. chromium reducible sulphur (SCR, %)) or oxidation methods (e.g. peroxide
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oxidisable sulphur (SPOS, %)). Sullivan et al. (1999) briefly described the difference
between the SPOS and SCR methods described in Ahern et al. (1998) and reported
inaccuracies in the measurement of inorganic sulphur content by the SPOS method
due to the impact of interferences associated with organic matter, clays, and sulphate
minerals (White and Melville, 1993). Therefore, the SCR method was used to
determine the reduced inorganic sulphur content. In this method, the inorganic
sulphur content is reduced to H2S by digestion with an acidified chromous chloride
solution under a nitrogen atmosphere. The evolved H2S gas is collected in a zinc
acetate buffer such as ZnS, and then acidified. Finally, the H2S content is analysed by
iodometric titration and the results are expressed as %Scr.
Acid Neutralisation Capacity
ANC of the soil was estimated for samples from the lower sections of the soil profile
whose pH ≥ 6.5 by the back titration method (ANCBT) described in Ahern et al.
(2004).
Ion Analysis
Levels of water extractable anions and cation were determined by ICPMS/ICPAES
following methods outlined in Rayment and Higginson (1992).
Physical Properties
In addition, some physical properties of the soil profiles were also analysed, the
samples of which were also stored below 4°C in a refrigerator prior to analysis.
Moisture content and dry density of the soil samples were measured at the UOW
geotechnical laboratory. Particle size distribution (PSD) and grain size analysis of all
soil samples were determined using a laser diffraction particle size analyser (Malvern
Master Sizer 2000, UK).

4.4
4.4.1

Results and Discussion
Borehole Stratigraphy

Soil stratigraphy of the study site is described based on the visual information from
an excavated pit (Figure 4.7) and the soil profiles (Table 4.1) at the two sampling
points C1 and C2, which shows that the soil in the study site is typical of ASS found
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throughout the Shoalhaven Floodplain as reported by many researchers (e.g.: Willett
and Walker, 1982; Pease, 1994; Pease et al., 1997; Blunden, 2000). In general,
Holocene estuarine deposits overlie undisturbed Pleistocene clays, but within the
Holocene sediments, an AASS soil layer commonly overlies a PASS layer. Above
the estuarine clays, alluvial deposits, formed within the past 4000 years (Umitsu et
al., 2001), range in thickness depending on their geomorphic location (i.e. levee
banks, levee toe or back swamp). The thickness and distribution of the soil
stratigraphy is controlled by the geomorphic characteristics of the study site and
human disturbances. In the Shoalhaven Floodplain, the layer of loamy alluvium
overlying the AASS layer increases in thickness moving from the backswamp (0.5
m) to the levee toe (0.75 m) (Blunden, 2000). This is more apparent at the peak of
the levee with increased alluvial deposition measuring more than 0.8 m above the
pyritic layer.

Top soil

AASS

Iron mottle

Macropore

PASS

Figure 4.7: Excavated pit showing the different layer with iron oxide mottling (photo
courtesy of A. Golab).
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Minor variations in the soil profiles were obvious within the current study site due to
the heterogeneous nature of soil. However, common soil properties can be assumed
across the study site based on the sampling observations. In general, the soils consist
of four major layers (Figure 4.8): (i) topsoil (TS) enriched with organic soil and peat
loam; (ii) AASS layer with iron oxyhydroxide mottles and/or jarosite; (iii) transition
layer which includes seasonally oxidized sulphidic minerals; and (iv) PASS layer.
The top soil of a typical ASS profile at the study site is loamy alluvium generally 0.5
m thick that starts at an elevation of 0.5 m AHD (Figure 4.8). This dark brown silty
loam contains a large mass of root material along the upper 0.1 m and a dark brown
to black, peaty, silty, clay loam stratum approximately 0.2 to 0.35 m thick. This layer
represents the extent of deposition due to freshwater infilling during former back
swamp conditions buried by more recent alluvial deposition. Distinct dark
greyish/brown, silty clay is observed towards the bottom of this layer, which hardens
when dried and most likely represents the transition from alluvial to estuarine soils.
Further down the profile to a depth of 1.5 m (i.e. 0 m to -1.0 m AHD), orange iron
oxyhydroxide mottles and rusty yellowish mottles of jarosite are commonly found
and represent the AASS layer. Iron mottles were found at the top of this layer (-0.5 m
AHD) whereas jarosites were found towards the bottom (-1.0 m AHD). This AASS
layer mainly consists of already oxidised pyritic sediments. The elevation of this
pyritic layer gradually increases towards the back swamps in the Shoalhaven
Floodplain (Blunden, 2000; Glamore, 2003). This increase is attributed to the gradual
recession of estuarine waters during the Holocene, and the subsidence of the soil due
to draining and varying levels of overburden. Across the study site, the top of the
AASS layer is consistently at -0.5 m AHD (~ 1 m below the soil surface) with slight
undulations (20-25 mm). Generally, the AASS layer is 0.5 to 1 m thick, thus,
extending from -1.0 m AHD to -1.5 m AHD.
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Table 4.1: Borehole stratigraphy at two sampling points in ASS (September 2010).
Depth from
surface (m)
0.0 to 0.5

Elevation
(m AHD)
0.5 to 0.0

0.5 to 1.0

0.0 to -0.5

1.0 to 1.5

-0.5 to -1.0

1.5 to 2.0

-1.0 to -1.5

2.0 to 2.5

-1.5 to -2.0

2.5 to 3.0

-2.0 to -2.5

Description of soil sample C1 (25 m from drain)

Description of soil sample C2 (20 m from drain)

Dark brown surface soil, organic matter with iron Dark brown surface soil, organic matter, roots
oxyhydroxide mottles
and grasses
Dark brown clay with iron oxyhydroxide mottles
Very dark grey, silty clay with iron oxyhydroxide
mottles
Saturated, dark brown/grey. Becoming silty
Very dark grey, silty clay, small amount of iron
oxyhydroxide mottles and jarosite
Very saturated. Dark grey/black very silty
Very saturated, dark grey silty clay
Dark grey/black silty clay with few iron mottles Dark grey/black silty clay with partly decomposed
and jarosite
organic material, no mottling
Dark grey/black very fine silty clay, no mottling
Dark grey/black silty clay, no mottling
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(a) 0.5 to 0.0 m AHD

(b) 0 to - 0.5 m AHD

(d) -1.0 to -1.5 m AHD

(e) -1.5 to -2.0 m AHD

(c) -0.5 to -1.0 m AHD

Figure 4.8: Soil core at different depths: (a) top soil with iron oxide, (b) AASS
section in auger with iron oxides present, (c) transition zone, (d and e) dark and
waterlogged PASS.

4.4.2

Chemical Properties of Soil

Soil pH and EC
Stone et al. (1998) indicated that a soil pH < 4.0 is only likely to occur as a result of
pyrite oxidation. The pH of the soil profiles at the two sampling points C1 and C2
(Figure 4.9) indicates acidic conditions where the observed pH pattern (i.e. acidity)
for both the locations was similar. Between 0 and 0.5 m AHD, the soil pH ranges
between ~ 4.0 and 5.41. This indicates that acidic conditions also exist at the surface
of the soil profile, which might be due to acid production from organic matter
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decomposition. The transportation of pyritic oxidation products to the higher
elevation estuarine clays by the rise in groundwater table during rainfall events may
account for this. Another source of acidity is Al and H+ ions stored on cation
exchange sites within the soil, which can in turn be related to the salt content of the
soil pore water solution. The usual tendency of salts is to lower the pH of the soil as
the salt content increases (Blunden, 2000).

Elevation (m AHD)

0.5

Ground Surface

Ground Surface
(a)

OS

C1
C2

AASS

(b)

0.0
-0.5
-1.0
-1.5

TRAN

-2.0
PASS

-2.5
-3.0

3 4 5 6 7 8 9

0.0

0.5

1.0

Soil EC (dS/m)

Soil pH

Figure 4.9: Soil (a) pH and (b) EC profile of cores C1 and C2 located 25 and 20 m
from the drain, respectively.
Beneath the top organic soil (0 m to -1.0 m AHD) the soil pH fell below 4.0. This is
attributed to pyrite oxidation within the AASS layer as well as the dissolution of iron
oxyhydroxide mottles and/ or jarosite, which produces H+ ions. These results are
comparable with the pH profiles studied nearby within the Broughton Creek
catchment, as reported by Blunden (2000) and Glamore (2003). Without increased
soil buffering capacity, the acidity within the soil is likely to acidify groundwater and
solubilise toxic metals (Al and Fe) through the dissolution of clay minerals.
The soil pH increased to > 5.0 at -2.0 m AHD and continued to increase with depth
reaching a pH of ~ 6 and 7 at -2.5 m AHD for C1 and C2, respectively. Such an
increase in pH and the absence of iron oxyhydroxide and/or jarositic mottles towards
the deeper soil profile (-1.0 to -2.5 m AHD) indicates the presence of PASS. The
presence of carbonate minerals in the deeper soil as indicated by the ANC profile
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(Figure 4.10) and the inundation of the PASS layer below the groundwater table (-2.4
m AHD) increased the soil pH significantly. The unoxidised pyritic layer (PASS)
underlying the oxidised layer (AASS) would be either neutral to alkaline in nature in
most ASS profiles along the NSW coastal area (Bush et al., 2004).
EC throughout the soil profiles was low (< 1.1 dS/m), but increased slightly with
depth, as shown in Figure 4.9. The higher EC value in the AASS layer (0.35-0.66
dS/m) compared to the top soil (0.15 dS/m) is most likely due to the precipitation of
ferrous sulphate salts. Although EC is typically used to measure Cl- concentrations
within AASS, SO42- is by far the dominant anion (Figure 4.13). Therefore, in dry
conditions, ferrous sulphate minerals such as copiapite (Fe2(SO4)3) can form, thus
increasing EC (Fanning, 1993). Furthermore, the elevated concentrations of EC (0.6 1.1 dS/m) are located at -2.5 m AHD towards the PASS layer and pose little threat to
agricultural productivity (e.g. shallow rooted pasture crops such as paspalum). It is
important to note, that even the highest level of EC recorded (1.1 dS/m) is well
below ANZECC criteria associated with saline soils (1.6 dS/m for drinking water
(ANZECC, 2000)).

Acid Neutralisation Capacity
ANC is one of the most important properties for evaluating the direct influence of
ASS and can be used to distinguish acidic soil from non-acidic soil. ASS contains
sulphide content in excess of the carbonate neutralisation capacity. As a result, the
available carbonate content is completely consumed. The depletion of carbonate
minerals through consumption by acid neutralisation reactions has been documented
by many researchers (Blowes and Jambor, 1990; Johnson et al., 2000). The ANC of
soil at both sampling locations is zero until -2.2 m AHD (Figure 4.10), indicating that
carbonate minerals present in the soil layer until -2.5 m AHD were completely
depleted and the occurrence of ASS. This correlates well with the acidic conditions
observed (Figure 4.9). An increase in ANC was observed at an elevation of -2.6 m
AHD (≥ 3 m below ground surface) beneath the PASS.
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Figure 4.10: Acid neutralisation capacity (ANC) profile of cores C1 and C2.

Total Actual Acidity
TAA of soil profiles C1 and C2 is shown in Figure 4.11. TAA is relatively low at the
surface (< 50 moles H+/t) and increases reaching a peak of ~ 150 moles H+/t at the
AASS transition zone and further decreases with depth in the PASS layer. This
pattern corresponds well but is inverse of the pH profile (Figure 4.11) i.e. mildly
acidic pH at the top surface and a decrease in pH with respect to depth reaching a
minimum value at the AASS transition and then an increase in pH with depth
towards the PASS.
The small amount of TAA observed in the top soil confirms the presence of acidity.
As discussed in the previous subheading, the decomposition of organic matter is
commonly associated with acid production and for every mole of decomposed
material; one mole of acid is generated, as shown in Eqn. 4.1.
RCOOH → RCOO - + H +

(4.1)

Below the top soil (0 m AHD), the increase in TAA in the AASS and reaching a
peak in the transition zone (-1 m AHD) demonstrates the generation of acid from
past pyrite oxidation. Under acidic conditions, the hydrolysis of ferrous sulphate ions
(Fanning, 1993), and the dissolution of iron oxyhydroxide mottles and/or jarosite,
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can generate acid in or above the AASS layer and add to the TAA concentration
according to Eqns. 4.2-4.4. The decreased TAA below the oxidised AASS layer to 040 M H+/t represents the transition from AASS to PASS.
FeSO4 + 1 2 H2SO4 + 1 4 O2 → 1 2 Fe2(SO4)3 + 1 2 H2O

(4.2)

FeSO4 + 1 4 O2 + 5 2 H2O → Fe(OH)3 + H2SO4

(4.3)

KFe3 (SO4 ) 2 (OH)6 + 3H 2 O → 3Fe(OH)3 + SO 42- + K + + 3H +

(4.4)
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Figure 4.11: Total actual acidity (TAA) profile of cores C1 and C2.

Inorganic Reduced Sulphur
The inorganic reduced sulphur content (SCR %) along the soil profile from the two
sampling points at the study site is shown in Figure 4.12. Almost negligible SCR in
the AASS layer and a higher content in the PASS layer indicate that most of the
sulphur is in a reduced form in the PASS and has a high potential for future acid
production. A significant amount of SCR (> 0.1%) found below -1.0 AHD (i.e. 1.5 m
below ground surface) in both cores clearly illustrates the transition from AASS to
PASS at that depth. The elevated SCR levels (up to ~ 2%) in the PASS layer (-2.5 m
AHD) and the decrease in TAA (< 75 mol H+/t) at the same depth compared to the
AASS re-confirms that the AASS overlies the PASS. SCR in the AASS layer (<
0.02%, -1.0 m AHD) at the study site was below the action criteria of 0.05 SCR %
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(Stone et al., 1998) whereas it exceeded the management action criteria below the
AASS layer (0.8-1.9%). Comparison of TAA and SCR shows the extensive storage of
potential acidity throughout the PASS layer.

0.5

Ground Surface

Elevation (m AHD)

TS

0.0
C1
C2

-0.5

AASS

-1.0
-1.5

TRAN

-2.0
PASS

-2.5

-3.0
0.0 0.5 1.0 1.5 2.0

Scr %
Figure 4.12: Inorganic reduced sulphur (SCR, %) profile of cores C1 and C2.

Dissolved Ions in Soil
Low concentrations of all soluble species (e.g. Na+, Mg2+, Ca2+, Cl- and SO42-) were
observed in the topsoil and AASS compared to the underlying sulphidic sediments
(transition zone and PASS layer) (Figure 4.13), indicating that upward migration of
the dissolved ions or pyritic products from the oxidising zone may not be the
predominant source of acidity in the top soil. Rather, this might be due to the
dissolution of organic minerals, as shown in Eqn. 4.1. The concentration of each of
these ions reaches a maximum value within the transition zone between the AASS
and PASS layers. Below this zone, concentrations remain either stable or vary
slightly until below the PASS layer where carbonate minerals are present for
neutralising the acidity. The production and storage of significant amounts of H2SO4
in the AASS layer, as indicated by the low pH and high TAA, can dissolve the clay
particles in the soil, causing the release of major cations and anions and toxic metals
such as Al3+ and Fe3+. These ions are, however, not significantly released within the
PASS layer due to the high pH. Mass movement associated with water table
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fluctuations and rainfall events are also responsible for the higher ionic
concentrations in the transition zone.
The presence of high levels of dissolved Fe is an indicator of pyrite oxidation in
AASS. An elevated Fe concentration was observed immediately below the organic
topsoil layer reaching a maximum (100-200 mg/kg) in the transition zone (~ -1.5 m
AHD) due to the hydrolysis of ferrous sulphate ions and the dissolution of iron
oxyhydroxide and/or jarosite mottles (Eqns. 4.2-4.4).
The concentration of water extractable Cl- and SO42- down the soil profiles is also a
strong indicator of past pyrite oxidation. From Figure 4.13, it is apparent that the
majority of SO42- production occurs within the transition zone at ~ -1.5 m AHD. This
is due to the (i) leaching of already stored SO42- generated previously by pyrite
oxidation, and (ii) occasional generation of H2SO4 in the soil by the oxidation of
pyrites in PASS due to water table fluctuation. The sharp decline in SO42- below this
point is indicative of the PASS layer. Gradually decreasing SO42- and Fe
concentrations above this point represents the upward migration of SO42- and Fe ions
due to capillary action and the presence of SO42--retaining minerals such as jarosite.
The concentration of Cl- down the soil profile at both sampling locations C1 and C2
is relatively uniform and low (< 700 mg/kg soil). Relatively low Cl- concentrations
(< 75 mg/kg) were found in the top soil (-0.5 to 0 m AHD) due to the formation
characteristics of the soil (i.e. mainly alluvial) and the consistent annual rainfall in
the region, which promotes Cl- leaching. This is comparable to low Clconcentrations observed by Rosicky et al. (2006), Blunden (2000) and Glamore
(2003) in the Shoalhaven Floodplain. Relatively uniform Cl- down the profiles
indicates that Cl- originally stored in the pyritic soil has been leached away during
ongoing freshwater flushing since the transformation of the site from an estuarine
wetland to an elevated terrestrial landform. Similar observations were recorded by
Blunden (2000) in the Shoalhaven Floodplain..
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Figure 4.13: Concentration of major ions along the soil profiles C1 and C2 at the study site.
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The Cl-:SO42- ratio can also be used to determine the level of pyrite oxidisation in
ASS (Mulvey, 1993). Previous pyrite oxidation is indicated when the ratio (by mass)
falls below 2-3 and low pH conditions prevail. The highest Cl-:SO42- ratio measured
was 1.3 at -2.5 m AHD (Figure 4.14). Within the AASS layer and above -1.5 m
AHD, the ratio was below 0.4, which confirms a source of SO42- other than seawater
(Mulvey, 1993). In conjunction with low soil pH (< 4.0) and available jarosite and/or
Fe oxide/oxyhydroxide deposits in AASS, these results demonstrate the strong
oxidising environment within the AASS layer and the weak buffering capacity of the
soil; thus further confirming extensive pyrite oxidation. The low Cl-:SO42- ratio along
with acidic pH and abundant TAA observed in the PASS layer confirms that unoxidised pyrite is also vulnerable to oxidation depending on the fluctuation in the
groundwater table. These findings are typical of Cl-:SO42- ratios found throughout
ASS affected floodplains in south-eastern NSW (Chapman, 1994; Sharman, 1995;
Glamore, 2003) and highlight the strong concentration of acid within the soil matrix
and its potential to acidify the adjacent groundwater and surface water environments.
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Figure 4.14: Cl-:SO42- ratio along the soil profiles C1 and C2.
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4.4.3

Physical Characteristics of Soil

Particle Size Distribution and Grain Size Analysis
PSD curves for the soil profiles C1 and C2 are given in Figure 4.15. These curves
indicate how uniformly these distributed fine-grained soils are. Vertical variation in
PSD is marked among the investigated soil profiles from the ground surface towards
the PASS layer. Grain-size analyses show that clay and silt are dominant in the top
part of the soil profile (Figure 4.15 and Table 4.2), whereas sand and silt are
dominant in the bottom part with an abundant amount of clay. PSD of the top 1 m
including the top soil and jarosite layer in both the soil sampling locations are
uniform. The top 1 m of both cores contain a large proportion of fine clay (20-25%)
with small amounts of sand (2.75-7%) and have a bulk density of 1.1 g/cm3.
Relatively high percentage of clay with uniform PSD within the top 1 m in both
cores suggests that loamy alluvial material was deposited under similar conditions
throughout the study site. Below 0.5 m, the percentage of clay decreases and the
percentage of sand increases with respect to depth until the transition zone between
the AASS and PASS layers (Table 4.2). Below this transition zone, the clay
percentage increases slightly along with a small increase in sand within the PASS
layer. However, it is still less than half the percentage of clay in the top soil. The
layer with a lower clay content compared with that of the AASS and PASS layers
corresponds to the transition zone between these layers, as suggested by Lin et al.
(1998), which is confirmed by soil stratigraphy and soil chemistry as discussed in
Sections 4.4.1 and 4.4.2, respectively.
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Figure 4.15: Particle size distribution (PSD) of soil samples from C1 and C2.

Table 4.2: Grain size distribution (%) for soil at study site.
Level
(m AHD)
0.5 to 0.0

Sand
3.9

Silt
73.9

C1
Clay
22.2

Texture
Clayey-Silt

Sand
3.2

Silt
72

C2
Clay
24.8

Texture
Clayey-Silt

0.0 to -0.5

2.7

73.6

23.7

Clayey-Silt

7.0

72.8

20.2

Clayey-Silt

-0.5 to -1.0

16.0

66.3

17.7

Sandy Silt

27.1

59.8

13.1

Clayey-silt

-1.0 to -1.5

54.0

37.8

8.2

Silty-sand

53.8

39.7

6.5

Silty-sand

-1.5 to -2.0

43.9

46.0

10.1

Sandy-silt

31.2

56.2

12.6

Sandy-silt

-2.0 to -2.5

41

49.0

10

Sandy-silt

20.6

65.1

14.3

Sandy-silt

The specific gravity of the fine-grained materials is fairly uniform down the soil
profiles varying from 2.47 to 2.49, with a mean value of 2.48 (Table 4.3). Moisture
contents vary between 38 % and 60 % but generally increase with depth reaching a
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maximum value at 3 m. The lower moisture content towards the top of the profile is
due to evapotranspiration from the unsaturated zone whereas the higher moisture
content at the bottom of the profile is a result of saturation by the elevated
groundwater table.
Table 4.3: Physical properties of the soil core C1 at the study site.

Depth
below
surface
(m)

Elevation
(m AHD)

0.5
1.0
1.5
2.0
2.5
3.0

0
-0..5
-1.0
-1.5
-2.0
-2.5

Specific
gravity
2.49
2.49
2.48
2.48
2.47
2.47

Moisture
content
(%)
41
38
42
47
55
60

Porosity

0.56
0.54
0.57
0.57
0.59
0.61

Field
density
(kg/m3)
1580
1621
1651
1611
1590
1560

Dry
density
(kg/m3)
1121
1174
1163
1096
1026
975

The field density of the top soil enriched with organic matter is 1580 kg/m3 below
which it increases slowly with depth reaching a maximum of 1651 kg/m3 within the
AASS-PASS transition zone 1.5 m below the ground surface. Below this zone, the
field density decreases slowly within the PASS layer. The dry density of the top soil
and AASS are ~ 1100 kg/m3, which is comparable to the dry density of soil (10301120 kg/m3) found in ASS floodplains of eastern Australia (Lin et al., 1998). The dry
density of the PASS (975 kg/m3) is slightly lower than that of the top soil and unlike
the much lower values (500-700 kg/m3) observed in other ASS affected floodplains
in Australia as reported by White et al. (1997) and Lin et al. (1998). However, the
values reported here are similar to those reported by Blunden (2000) in the
Shoalhaven Floodplain. Since the clay content decreases with depth, the layers below
the top soil have a relatively coarser texture (sand and silts) and smaller dry density.
Similar results were also observed by Lin et al. (1998) in ASS terrain situated in an
estuarine floodplain adjacent to McLeods Creek, a tributary of the Tweed River,
eastern Australia. Although there is variation in the field and dry density with depth,
the average field and dry density are 1602 ± 32 kg/m3 and 1098 ± 78 kg/m3,
respectively.
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4.4.4

Groundwater Characterisation of Study Site

Groundwater quality in ASS terrain is predominantly dependent on the generation of
acidic products from pyrite oxidation during periods when the groundwater table
falls below the pyritic soil layer. Other factors such as soil ANC, the dissolution of
Al and Fe minerals that have previously formed as a consequence of acidification
caused by pyrite oxidation and the exchange of cations between the soil solution and
soil cation exchange sites can also influence the groundwater geochemistry
(Blunden, 2000). Preliminary field investigations of the physical (groundwater
elevation) and chemical characteristics (pH, EC, ORP and ion concentration) of
groundwater that were undertaken at the study site are outlined below along with the
climatic conditions that influence these characteristics.

Rainfall and Groundwater Table Elevation
Groundwater elevations measured during the baseline monitoring period shows that
the shallow-unconfined aquifer is highly dynamic and responsive to climatic
influence and drawdown from the nearby drain. Rapid fluctuations in groundwater
elevation were observed depending on climatic conditions (Figure 4.16). During
intense and short rainfall events, the groundwater table quickly rose as noted by
several peaks in groundwater elevation coinciding with high rainfall. However, not
all rainfall events (e.g. low intensity for short duration) were sufficient enough to
increase groundwater elevation because of the significant volume of water needed to
fill voids in the unsaturated soil especially in the dry periods (i.e. very hot summer
days). In wet periods (winter) with high intensity rainfall, the groundwater table was
high (e.g. 0.15 to 0.23 m AHD on July 7, 2005). It is clear that a shallow water table
was encountered after a significant amount of rain. For example, 44 mm of rain fell
between 16/3/05 and 31/3/05 and the water table was 25 cm higher on the 31/3/05.
Rises in the water table indicate that water had infiltrated the aerated zone and was
added on top of the existing watertable, causing the latter to rise (Mazor, 2004).
However, as dry conditions prevailed during this monitoring period, the water table
lowered significantly (e.g. up to -1.13 m AHD during April-May 2006). Following
intense and short rainfall events the watertable rose again.
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Figure 4.16: Rainfall vs. piezometric head with respect to time during the baseline
monitoring period.
The groundwater table during the baseline monitoring period displays a clear
gradient with distance from the drain (Figure 4.17). The water table ramped down
towards the drain, beginning at about 28 m from the drain. The gradient tends to
reduce beyond 28 m from the drain.
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Figure 4.17: Spatial distribution of the piezometric head vs. distance from drain.
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Groundwater Quality Parameters
The groundwater at the study site was acidic (average pH ranging from 3.5 at W5 to
5.2 at W1) throughout the baseline monitoring period (Figure 4.18) and varied
depending on: (i) dilution by large rainfall events and (ii) flushing of acid by small
rainfall events following dry periods. During dry periods, the watertable drops and
the pyritic layer is exposed leading to oxidation; hence during small rainfall events
following a dry period, sulphuric acid is contained in the soil. The soil in the study
site was generally aerobic, as represented by positive groundwater ORP values up to
478 mV. The average EC of the groundwater was consistently fresh to brackish in
the range of 3000-4000 µS/cm.
Figure 4.17 shows that the region of hydraulic gradient affected by the drain extends
to 28 m. The average groundwater pH during the baseline monitoring period within
this zone (5.2 at W1) was higher than the groundwater pH beyond this zone (3.5 at
W5, Figure 4.18). As the pH decreased with distance from the drain, ORP increased.
EC also increased slightly with distance from the drain indicating a higher
concentration of dissolved acidic ions for maintaining the lower pH. The decreasing
trend of groundwater pH and increasing trend of ORP and EC with distance from the
drain shows that soil close to the drain contains far less acidic ions than the soil
distant from the drain. Therefore, the soil near the drain might have been fully
oxidised earlier and there is no longer a store of acid or a reduced store of acid left in
the soil, which is supported by the rapid decrease in water table near the drain.
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Figure 4.18: Groundwater pH with distance from drain for 5 piezometers along a
transect perpendicular to the drain
Two observation wells W4 and W5, which are located ~ 29 m and 47 m from the
drain, respectively, are not influenced by the drain and were chosen to characterise
the groundwater at the field site and analyse the impact of climatic fluctuations on
variations in groundwater acidity. The groundwater in these observation wells was
acidic (W5 average pH 3.5, range from 2.8 to 4.4; W4 average pH 3.8, range from
2.9 to 6) over the baseline monitoring period (Figure 4.18 and Figure 4.19). The pH
recorded at the beginning of the monitoring period (March 2005) was > 4.0, which
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might be due to a prolonged dry period in the preceding summer. Small rainfall
events from April to June 2005 entrained the acidity generated by pyrite oxidation
within the soil causing the groundwater pH to fall rapidly to ~ 3.0. Such a low pH
was generally observed after drought-breaking rain. However, high intensity rainfall
diluted the acidity in the groundwater and transported the stored acid from the soil to
the drain resulting in an increase in pH (e.g. pH increased by ~ 0.7 rising from 2.8 to
3.5 on the 7th of July 2007 due to 123 mm rainfall on the 30th June 2005). Such
dilution depends on the volume and duration of rainfall.
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Figure 4.19: Rainfall and groundwater pH at W4 and W5 with respect to time.
Severe rainfall during summer and spring allows for the oxidation of pyrite and the
generated acidity is retained in the soil until the next rain event. For example,
average monthly rainfall during the drought period (Dec 2005 to April 2006) varied
from 0.06 mm to 1.74 mm with overall average rainfall of 1.52 mm. Due to drought
from Dec 2005 to April 2006, acidity might have been produced and stored in the
soil at study site. This acidity could not be transported to the groundwater due to
excessive evaporation from the soil and no significant rainfall event for infiltration of
generated acidity. As a result, the groundwater pH continued increasing reaching a
value > 5.0. Following a rainfall event in winter (June 2006), the pH decreased
rapidly to < 4 due to infiltration of the acid from the soil.
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Ion Concentrations in Groundwater
Under such acidic conditions during monitoring periods, the groundwater contains
high amounts of Al and Fe (Figure 4.20). High concentrations of dissolved Al and Fe
in the groundwater was due to the solubility of these ions in acidic conditions and
their liberation from the clay minerals in the soil as a consequence of groundwater
acidification from pyrite oxidation. Leaching of Al and Fe from ASS varied
significantly throughout the study site depending on factors such as the amount of
rainfall, pyrite oxidation and abundance. Therefore, the distribution of elevated levels
of acidic cations in the observation wells was not uniform. Nevertheless, the Al
concentration in the groundwater throughout the baseline monitoring period (~ 20-45
mg/L) generally exceeded ANZECC guideline limit by 2-3 orders of magnitude.
Similarly, Fe was also high ranging from 50-450 mg/L in groundwater within the
study site. Such high concentrations were also observed by Pease et al. (1997) and
Blunden (2000) in ASS of eastern Australia.
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Figure 4.20: Groundwater (a) Al3+ and (b) total Fe in the study site.
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Many researchers (Mulvey, 1993; White and Melville, 1993) recommend analysing
the concentration of Cl- and SO42- in groundwater from ASS terrain for determining
if pyrite oxidation is occurring. The concentration of dissolved Cl- and SO42- were
high throughout the preliminary monitoring period (Figure 4.21). The temporal
variation in SO42- concentration is similar to the variation in total Fe (Figure 4.20),
indicating that pyrite oxidation and the release of FeSO42- and jarosites into the soil
took place in the past, which can hydrolyse and release water soluble ions. The SO42concentration exceeded the ANZECC guidelines recommended limit of 1000 mg/L
(ANZECC, 2000) throughout the baseline monitoring period. The Cl-:SO42- ratio was
low and varied between 0.4-0.7 (Figure 4.22), indicating strongly oxidised ASS with
little or negligible buffering capacity. Furthermore, elevated SO42- concentrations and
low pH levels within the groundwater suggest the translocation of acidic products.
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Figure 4.21: Groundwater (a) Cl- and (b) SO42- concentration at the study site.
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Figure 4.22: Cl-:SO42- ratio at the study site.
The spatial and temporal variation of water quality parameter illustrate that the
groundwater at the study site is acidic enriched with dissolved Al and Fe throughout
the study site despite the spatial variation of acidity. Furthermore, the proposed
location of the PRB was 15 m away from the drain as discussed in Section 4.2.
Therefore, in order to represent the average groundwater characteristics of the PRB
study site in ASS terrain, groundwater samples were continuously collected from
four monitoring wells (W3, W4, W6 and W11) located far from the drain and further
away from the selected location of the PRB. The average groundwater parameters
(Table 4.4) over six months from these four wells (Regmi et al., 2009a; Indraratna et
al., 2010) are comparable to the average groundwater chemistry of many ASSs in
NSW (e.g. groundwater in Tuckean Swamp, a major left-bank tributary of the lower
Richmond River, northern NSW as reported by Sammut et al., (1996a).
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Table 4.4: Average groundwater chemistry in four observation wells (OW3, OW4,
OW6, OW11) over six months prior to installation of the PRB.
Groundwater Parameters
pH
Na+ (mg/L)
K+ (mg/L)
Ca2+ (mg/L)
Mg2+ (mg/L)
Al3+ (mg/L)
Total Fe (mg/L)
Cl- (mg/L)
SO42- (mg/L)
a

4.5

Study site
3.7 ± 0.6
467.3 ± 176.2
48.4 ± 11.6
141.9 ± 52.7
147.0 ± 65.4
18.0 ± 14.6
137.5 ± 143.8
815 ± 270.1
1312.7 ± 587.4

ASS in northern NSW a
2.3
277
8
54.4
101
81.2
58
730
1054

Sammut et al., (2006)

Summary

The soil chemical properties described in this chapter indicate past pyritic oxidation.
Furthermore, extensive groundwater data collected over a year and half year period
prior to installation of the pilot-scale PRB provided detailed background information
on groundwater chemistry in relation to climatic conditions. The broad range of data
collected provides ample baseline information for comparison of ASS groundwater
characteristics in the study site following installation of the PRB and with other ASS
affected areas in NSW. Before installation of the PRB, the groundwater was
consistently acidic and in excess of several ANZECC (2000) criteria. Extremely
acidic conditions were recorded beyond 28 m from the drain. Similarly, Al and total
dissolved Fe concentrations indicated that conditions at the study site were typical or
greater than other ASS-affected areas in the region.
The occurrence of acidic groundwater with high concentrations of dissolved Al and
at the study site, thus demonstrates the need for appropriate remediation to protect
the aquatic environment. Analyses of soil and groundwater quality data presented
throughout this chapter and the preliminary batch and short-term column
experiments show that installation of an alkaline PRB near the drain would remediate
the already generated acidity from ASS and, thus, improve the groundwater and
surrounding drain water quality. Based on this preliminary information from the
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study site, installation of the PRB was proposed to improve the groundwater quality
by allowing acid neutralisation reactions between the reactive media and the acidic
groundwater and allowing the precipitation of dissolved Al and total Fe. The
investigation of the acid neutralisation behaviour and metal removal capacity of the
recycled concrete used in the PRB is presented in Chapter 5.
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Chapter 5 Acid Neutralisation Behaviour of
Recycled Concrete
5.1

Introduction

This chapter aims to evaluate recycled concrete as the reactive material in a PRB for
the remediation of acidic groundwater in a low-lying ASS floodplain. The chapter
details an investigation on the acid neutralisation behaviour and metal removal
capacity of the recycled concrete. Laboratory experiments were systematically
conducted to investigate the acid neutralisation behaviour of recycled concrete and
its potential to remove dissolved Al and Fe. Chemical armouring and physical
clogging phenomena, which are considered as the major threatening factors in
reducing the efficiency of any reactive material, were also studied based on the
duration for maintaining neutral pH and changes in hydraulic conductivity and flow
rate through the columns.

5.2

Materials and Methods

Based on batch test and short-term column experiments conducted for evaluating
different alkaline reactive materials, as described in Chapter 4, a pilot-scale PRB
filled with recycled concrete was installed on a low-lying floodplain in coastal
southeast NSW, Australia (Golab and Indraratna, 2009; Regmi et al., 2009a;
Indraratna et al., 2010). The barrier, which was installed in October 2006, has shown
a significant increase in groundwater pH and a reduced concentration of Al3+ and
total Fe down-gradient of the PRB due to the acid neutralisation reactions occurring
between the recycled concrete and acidic groundwater (see Chapter 7 for details on
the performance of the pilot-scale PRB). However, the Al- and Fe-based precipitates
formed in the PRB during neutralisation of the acidic water could cause extensive
armouring of the recycled concrete over time, which would in turn decrease its
treatment capacity by decreasing the exposed surface area of the reactive media.
Furthermore, fine precipitates forming inside the PRB and filling the pore space
between the reactive media may alter the groundwater flow paths through the barrier
(Li and Benson, 2005). Thus, excessive precipitation inside the barrier may threaten
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its longevity. Similar failures have occurred in several OLDs used to remediate AMD
(Watzlaf et al., 2000a).
It is important to understand the nature of precipitates that will form on the surface of
the reactive materials in order to predict the performance and longevity of the PRB
and model the groundwater interaction with the PRB. Therefore, long-term column
tests were conducted as part of this current research to evaluate the reactive potential
of recycled concrete to neutralise the acidity in ASS groundwater under dynamic
flow conditions. The experiments permit the collection of data temporally, providing
a precise description of the change in pH, alkalinity and other dissolved elements and
the formation of precipitates. The performance of recycled concrete was
systematically assessed through several column experiments by varying the
concentrations of Al3+ and total Fe in simulated ASS groundwater as well as by using
real groundwater collected from the study site at different times. Geochemical
reactions underlying the neutralisation of acidic groundwater by recycled concrete
were suggested and discussed in detail in this chapter. The Al3+ and total Fe removal
capacity of the recycled concrete was examined. Potential effects of chemical
armouring and physical clogging of the recycled concrete were also studied to
evaluate the overall longevity of this reactive material.

5.2.1

Reactive Material

The recycled concrete aggregates used in the long-term column experiments were
collected from a refuse depot, after the demolition of old concrete elements from
road expansion works in rural NSW. They were from the same batch of concrete
used in the pilot-scale PRB installed in ASS terrain. Large pieces of the recycled
concrete were crushed to smaller particle sizes to suit the column. The particle size
distribution of heterogeneous crushed concrete ranged from 1.18 mm to 9 mm with
an effective mean diameter (d50) of 5.2 mm, similar in character to medium-coarse
gravel (Figure 5.1) and classified as poorly gravel-sized particles (GP) according to
the Unified Soil Classification System (ASTM D2487 (2000)). Similar particle size
distribution was considered for all the tests reported here because the study did not
cover the effect of particle size distribution on reactivity.
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Figure 5.1: Particle size distribution of the recycled concrete used in the column
experiments (Regmi et al., 2011b).
Accurate identification of the composition of hydration products in the concrete was
difficult due to the physical, chemical and mechanical changes in solidified materials
in cementitious systems. In addition, accurate quantification of the minerals was a
challenging task due to the heterogeneity of the concrete particles. Chemical analysis
to determine the detailed elementary composition of the recycled concrete was
carried out by inductively coupled plasma–mass spectrometry (ICP-MS) with 1:1
nitric acid/hydrochloric acid (HNO3/HCl) digestion following APHA 3120. The
recycled concrete contained a negligible amount of heavy metals compared to the
major cations (Table 5.1). Furthermore, the amount of heavy metals leached from the
pilot-scale PRB (discussed in Chapter 7) during the early stage of the PRB
installation period was negligible (Indraratna et al., 2010). Therefore, the release of
heavy metals from the recycled concrete was not considered in this study.
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Table 5.1: Elemental analysis of major elements in recycled concrete by ICP-MS
(Regmi et al., 2009a).
Metals
Calcium (Ca)
Iron (Fe)
Aluminium (Al)
Magnesium (Mg)
Silica (Si) - acid soluble
Phosphorus (P)
Manganese (Mn)
Potassium (K)
Sodium (Na)

(mg/kg)
63,935
23,909
10,984
5,872
3,416
993
877
770
413

Metals
Copper (Cu)
Vanadium (V)
Nickel (Ni)
Zinc (Zn)
Barium (Ba)
Chromium (Cr)
Lead (Pb)
Cobalt (Co)
Mercury (Hg)

(mg/kg)
85
75
70
64
49
31
9
9
< 0.01

The chemical composition of the major cations present in the recycled concrete is
shown in Figure 5.2. The large amount of extractable Ca (58%) and Ca-bearing
minerals (anorthite, calcite and feldspars) identified by Quantitative X-ray diffraction
(QXRD) analysis (further discussed in Chapter 6) indicate that recycled concrete can
generate significant amounts of alkalinity to neutralise the acidic water (Regmi et al.,
2011b).

21.67%
Ca
Fe
Al
Mg
Si
Others

9.96%

5.32%
3.1%
2%
57.95%

Figure 5.2: Elemental composition of the recycled concrete used in the column
experiments (Regmi et al., 2011b).
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5.2.2

Synthetic Acidic Groundwater

Previous investigations (Jurjovec et al., 2002; Waybrant et al., 2002; Komnitsas et
al., 2004) have used synthetic water in column experiments to understand the
geochemistry behind the remediation of contaminated groundwater as it provides
consistent influent characteristics throughout the experimental period. Therefore, to
understand the geochemistry behind the acid neutralisation mechanisms occurring in
the PRB, synthetic acidic water representing the average groundwater chemistry at
the study site six months prior to the PRB installation period, as reported in Chapter
4, was used in all the laboratory column experiments except for the experiment
which used real groundwater from the study site.
Firstly, four different synthetic acidic groundwater solutions were prepared for four
corresponding columns identified as A, B, C and D (Table 5.2) to elucidate the role
of Al3+ and total Fe during the remediation process. With the exception of Al3+ and
total Fe, the concentrations of all other major constituents of these solutions were the
same (Table 5.2) and identical to the average values of the actual groundwater (Table
4.4 in Chapter 4) collected from the PRB field site. The solution used in column A
had the same Al3+ and total Fe concentration as the average values in the acidic
groundwater. The remaining three columns B-D were used to elucidate the impact of
Al3+ and total Fe on the reactivity of the material by increasing the concentration of
one or both of these cations. The concentrations of Al3+ and total Fe used in column
B were increased by approximately 10 and 30 times, respectively, compared to the
average groundwater values for simulating the effects of high concentrations of these
metals on the performance of the reactive material. Columns C and D were
conducted with a solution containing only one of these cations i.e. either Al3+ or total
Fe. The concentrations of these cations were approximately 10 times that of the
average ASS groundwater solution in the study area. The synthetic water used in
another column E, which was run to observe directly clogging by measuring the
change in flow rate under constant head method, had the same chemical composition
of the synthetic water used in column A.
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Table 5.2 Composition of the synthetic influent water used in five column
experiments for simulating the acidic groundwater in ASS terrain observed by Regmi
et al., (2009a).
Influent composition
pH
Acidity (Meq CaCO3)*
Na+ (mM)
K+ (mM)
Ca2+ (mM)
Mg2+ (mM)
Al3+ (mM)
Total Fe (mM)
Cl- (mM)
SO42-(mM)

A1
2.67
6.45
19.14
1.07
2.84
3.7
1.5
1.5
23.0
12.10

B1
1.87
63.45
19.14
1.07
2.84
3.7
16.47
43.5
23.0
12.10

Column
C1
2.12
29.80
19.14
1.07
2.84
3.7
0
16.47
23.0
12.10

D1
3.18
29.60
19.14
1.07
2.84
3.7
16.47
0
23.0
12.10

E
2.67
6.45
19.14
1.07
2.84
3.7
1.5
1.5
23.0
12.10

* Acidity was calculated corresponding to pH 7.
1
Regmi et al., (2011b)

5.2.3

Characteristics of Actual Groundwater

Very few studies have been carried out using real groundwater from contaminated
sites. Therefore, one column experiment (column F) was undertaken to study the
performance of the reactive material under varying flow conditions using real ASS
groundwater garnered from the PRB study site and to re-confirm the mechanism
identified during the column A-D experiments. Groundwater was collected in 60 L
containers on a monthly basis from the observation wells. Because the chemical
composition of the groundwater varied due to many factors such as rainfall,
evapotranspiration and pyrite oxidation rates, chemical analysis of the groundwater
was carried out after each collection. Therefore, water quality parameters of the
influent (real groundwater) used for this column experiment differed each time the
groundwater containers were changed. The influent groundwater composition passed
through the column at different time intervals is shown in Table 5.3. The
groundwater was acidic (pH 2.5-3.5, acidity 3.15-5.30 Meq CaCO3) with variations
in concentrations of Al3+ (1.06-1.64 mM) and total Fe (0.12-1.60 mM). Due to
significant rainfall during the sampling period, the average acidity of the
groundwater collected for column F (3.45 Meq CaCO3) was nearly half that of the
synthetic groundwater (6.45 Meq CaCO3) used in column A. Furthermore, the
average total Fe concentration (0.58 mM) was lower compared to that in column A
(1.50 mM).
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Table 5.3: Composition of influent groundwater (collected from study area) used in column F (Regmi et al., 2011a).
Acidity (Meq
as CaCO3)*

Na+

K+

Mg2+

3.87

1.0

(mM)
3.54
0.12

520

3.60

15.83

1.64 17.09 11.37

4100
3950

520
525

3.15
3.15

15.57
15.31

3.87
3.39

0.97
1.0

3.45
3.41

0.13
0.13

1.63 17.09 10.83
1.67 15.77 10.34

133 - 165 3.01

4080

525

5.25

16.31

3.91

0.95

6.46

1.60

1.13 17.04 13.44

Feed 5

165 - 176 3.13

4080

527

3.60

16.31

3.91

1.02

3.99

0.29

1.06 21.49 13.72

Feed 6

176 - 196 2.57

4220

505

5.30

22.36

3.67

1.02

6.58

1.40

1.22 22.03 13.72

Feed 7

196 - 230 2.97

4220

500

4.05

12.74

3.57

1.02

5.31

0.36

1.58 17.18 11.81

Feed 8

230 - 253 2.76

4060

526

4.05

10.79

3.57

1.02

5.31

0.93

1.58 13.85 11.81

Feed 9
253 - 260 2.76
4060
526
* Acidity was calculated corresponding to pH 7.

4.05

16.70

3.57

1.02

5.31

0.93

1.58 22.59 11.81

Influent

Duration
(days)

pH

EC
Eh
(µS/cm) (mV)

Feed 1

0 - 35

3.4

4100

Feed 2
Feed 3

35 - 70
70 - 133

3.5
3.2

Feed 4
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Ca2+

Total Fe

Al3+

Cl-

SO42-

5.2.4

Experimental Protocol

All the column experiments were conducted in transparent, acrylic columns (L = 65
cm, I.D. = 5 cm) filled with recycled concrete (Figure 5.3). The physical parameters
of the packing materials and flow rate used in these columns are shown in Table 5.4.
The porosity was determined by dividing the total void volume by the volume of the
column while the total void volume was determined by weighing the column dry and
fully saturated. Each column was packed with 10 cm of silica sand at the bottom,
followed by 50 cm of recycled concrete, and then topped with 5 cm silica sand. The
influent and effluent ports were separated from the silica sand using geotextile
material to prevent physical clogging by the sand.
In columns A-D, piezometers were fitted at the top and bottom interface between the
reactive media and sand zones to observe any change in head due to clogging inside
the column. Masterflex peristaltic pumps (Figure 5.3b) were used to pump the
influent up through the columns at a constant flow rate as shown in Table 5.4.
Sampling ports were located in column A at 2.5, 10, 20, 30, 40, 50 and 55 cm (outlet)
from the bottom interface of the reactive media and sand zone. Effluent samples
were only collected from the outlet of columns B-D and F. The experimental set-up
for column F was similar to that of column A. The experimental set-up of column E
using constant head method was slightly different from the columns using a constant
flow method. In column E, the influent was pumped at a higher flow rate to fill a
tank to a fixed level in order to provide a constant head for the column, and overflow
water was collected. The tank’s outlet was connected to the inlet of column E
providing sufficient head to allow upward flow in the column.
The packed columns were flushed with 4 to 5 pore volumes (PV, defined here as the
void volume of the column) of deionised water before commencing the experiments.
All column experiments were conducted at room temperature, which varied from 23
to 25°C. The pH and ORP were measured immediately after the samples were
collected, after which they were filtered through 0.45 µm cellulose acetate filter
paper. Both acidified and non-acidified samples were collected and stored in a
refrigerator at 4°C prior to analysis.
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(a)

(b)

up and (b) photo of
Figure 5.3:: (a) Schematic diagram of the laboratory column set-up
the laboratory column experiments using constant flow method.
method
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Table 5.4 Physical parameters of the column experiments.
Column

Physical
parameters
Porosity (%)
Mass of
concrete (g)
Bulk density
(g/cm3)
Method

A
53

B
48

C
56

D
55

E
50

F
52

1,200

1,321

1,258

1,283

1,220

1206

1.22

1.34

1.28

1.30

1.24

1.23

Constant Constant Constant Constant Constant Constant
flow
flow
flow
flow
head
flow

Flow rate
(mL/min)
ANC (g/Kg)

2.4

2.4

1.18

1.18

NA

1.15

146

146

146

146

146

146

Major cations (Na+, K+, Ca2+, Mg2+, total Fe, and Al3+) in the samples were
determined using inductively coupled plasma optical emission spectroscopy (ICPOES) and atomic absorbance spectroscopy (AAS). Anions (SO42- and Cl-) were
measured using ion chromatography (IC). All chemical analyses (acidity, alkalinity,
major cations, major anions and other trace metals) were performed following
standard methods for the examination of water and wastewater (APHA, 1998). ANC
of the recycled concrete was analysed following the Acid Sulphate Soil Laboratory
Method Guidelines 2004 (Ahern et al., 2004).

5.2.5

Mineralogical Analysis

The geochemical speciation/mass transfer computer code PHREEQC V2.15
(Parkhurst and Appelo, 1999) with MINTEQA database was used to calculate the
Saturation Index (SI) (Eqn. 5.1) of minerals in equilibrium within the column
effluent.
(5.1)

SI = logIAP - logKsp
where, IAP = ion activity product and Ksp = solubility constant.

With respect to a particular mineral, an SI value of zero indicates equilibrium, a
positive value indicates over-saturation and a negative value indicates undersaturation. SI values for various mineral phases were calculated for the column
effluent with the input parameters Na+, K+, Ca2+, Mg2+, Al3+, total Fe, Cl-, SO42-,
alkalinity, pH, ORP and temperature.
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When the experiment was completed, column A was drained slowly, kept air dry for
three weeks and then samples of the reactive materials with precipitates were
extracted. Samples were extracted from three zones (bottom zone: ports at 0 to 10
cm, middle zone: ports at 10 to 30 cm and top zone: ports at 30 to 50 cm). Solid
samples fouled with precipitates and samples of virgin concrete from the same batch
were collected for analysis using SEM coupled with EDS. Each sample was mounted
on an Al stub, carbon coated with a carbon sputter coater and then vacuumimpregnated in epoxy. The samples were then examined by an SEM (JEOL
Australasia JSM-6490 LA) equipped with an EDS analyser (Mini-cup, JEOL
Australasia) and the results of both were compared to characterise the precipitates.
Details of the procedures and discussion of the results of SEM-EDS analysis are
presented in Chapter 6. The remaining solid samples collected from the three zones
were placed inside three beakers, washed several times with deionised water and
filtered through 0.45µm filter paper under pressure until the colour of the effluent
was clear. The extracted precipitates were oven dried, acid digested in 1:1
HNO3/HCl and analysed by ICP-MS following APHA 3120 to confirm the success
of the reactive material in removing the contaminants as well as confirming the
results of equilibrium modelling.

5.3
5.3.1

Results and Discussion
Acid Neutralisation behaviour

A step-wise decrease in pH profile was observed in all four columns A-D as the
number of PVs passed through the column increased (Figure 5.4). The pH of the
effluent collected from all four columns was high (pH 11.2) at the beginning of the
experiment, but then dropped sharply and remained almost neutral for a considerable
number of PVs, depending on the concentration of Al3+ and total Fe in the
groundwater. The Al3+ and total Fe in columns A-D were completely removed during
this first acid neutralisation stage. Nevertheless, the acid neutralisation behaviour
observed in columns A-D differ markedly and can be related to the concentration of
Al3+ and/or total Fe in the influent.
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In column A, there were three long plateaus (Figure 5.4a): (1) pH at ~7.9 to 7.7 for
40 < PV <155, followed by a gradual decrease in pH towards pH ~6.5 at ~235 PV,
(2) pH at ~4 for 300 < PV < 500 and (3) pH ~2.7 after 500 PVs; where the pH
dropped from one plateau to another over just a few PVs. All three pH plateaus,
similar to column A, were also observed in column B, but for much lower PVs
(Figure 5.4b: the first plateau from 3-11 PVs, the second from 15-18 PVs and the
third from 25 PVs onward). In contrast, there were only two pH plateaus observed in
columns C (Figure 5.4c: the first plateau from 11-50 PVs, the second from 53 PVs
onward) and D (Figure 5.4d: the first plateau from 11-35 PVs, the second from 43
PVs onward). This was due to the absence of one of the acidic cations (total Fe and
Al3+, respectively) in these columns.
Although the influent of columns C and D had nearly the same acidity, the influent
of column C had a lower pH than column D. However, the pH of the effluent in
column C dropped from the first to the second plateau (at 50 PVs) slightly later than
column D (at 35 PVs). As elaborated later, this is because of the different reaction
kinetics of the two elements Fe and Al precipitating during the acid neutralisation
process. The Fe minerals have lower equilibrium constants than the Al minerals. For
example, log Keq for Fe minerals such as goethite and ferrihydrite are -1 and 3.0 5.0, respectively, whereas log Keq for Al minerals such as gibbsite and boehmite are
7.83 and 7.94, respectively (Blowes et al., 2003). This difference in equilibrium
conditions indicates that the reaction rate of total Fe in column C was slower than
Al3+ in column D for both precipitation and dissolution of minerals. Therefore, the
consumption of alkalinity and growth of precipitates in column C were found later
than in column D, which resulted in a longer duration of the first pH plateau in
column C. Furthermore, the pH of the second plateau was lower in column C (pH
~2.5-2.3) than column D (pH ~4.3-4.0) presumably because (i) the pH for
maintaining equilibrium with Al minerals (i.e. pH ~4.0) is always higher than the pH
for maintaining equilibrium with Fe minerals (pH ~2.8 and below) (Johnson et al.,
2000) and (ii) the higher pH of the influent in column D compared to column C. In
columns A-D, the recycled concrete successfully removed Al3+ (> 99%) and total Fe
(100%) until the pH dropped to the second, and third plateau, respectively (Figure
5.4).
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Figure 5.4: Study of the performance of the recycled concrete under different concentrations of total Fe and Al3+ (a-d represents columns A-D)
with respect to the number of pore volumes of acidic groundwater and time (Regmi et al., 2011b).
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In addition, columns B-D maintained an almost neutral pH for lower PVs than
column A because the acidity in columns B-D was much higher than in column A
(Table 5.2). More importantly, the continuous flow of highly acidic water with high
Al3+ and/or total Fe concentrations favoured fast growth of large amounts of
precipitates inside columns B-D within a smaller number of PVs, which would have
further decreased the reactivity of the recycled concrete. This chemical armouring
effect is discussed further in Section 5.3.4.
Overall, the three different pH plateaus can be attributed to three distinct pHbuffering reactions:
(1) dissolution of carbonate/bicarbonate alkalinity from the concrete at near-neutral
pH,
(2) re-dissolution of Al hydroxide minerals at pH ~4, and
(3) re-dissolution of ferric oxyhydroxides minerals at pH < 3.

Bicarbonate Buffering
Among the three proposed buffering reactions, carbonate/bicarbonate buffering was
the most significant for remediating acidic groundwater because of the maintenance
of an almost neutral pH and complete removal of Al3+ and total Fe from the influent
solution. The most abundant alkalinity generating minerals in the recycled concrete
responsible for maintaining an alkaline to near-neutral effluent pH are the
cementitious minerals present in the concrete, which are portlandite (Ca(OH)2) and
calcium aluminate hydrated compounds (C-A-H). In addition, some CaCO3 may
have already formed in the recycled concrete aggregate due to the carbonation of
these minerals present in hydrated cement materials (Tam et al., 2005).
The effluent from column A produced by flushing with deionised water prior to
starting the experiment had a high pH (~11.2) due to the dissolution of a minor
amount of portlandite, which when reacted with acid maintained alkaline pH (pH
above 8.3) until 40 PVs. This initially corresponded to an ORP of 50 mV, which
indicates weak oxidising conditions inside the column (Figure 5.5 a, b). As shown in
Eqns. 5.2 and 5.3, hydroxyl and carbonate alkalinity are released by the dissolution
of portlandite and through carbonation, respectively.
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Ca(OH )2 + 2 H + → Ca 2+ + 2 H 2 O

(5.2)

Ca(OH )2 + CO2 → CaCO3 + H 2 O

(5.3)

In the absence of bicarbonate alkalinity, the total alkalinity released (70 mg/L as
CaCO3) was not strong enough to buffer the pH for a long period resulting in a
rapidly decreasing pH. Thus, this buffering action is not significant for acid
neutralisation. In addition, total alkalinity decreased due to calcite precipitation
during this buffering period. Subsequently, the effluent pH remained near neutral
(pH ~6.5-7.9) until ~250 PVs (Figure 5.5a) due to the progressive dissolution of CA-H with continuous contact of acid with the reactive media, in accordance with
Eqn. 5.4.

CaAl2 SiO8 + 8H + → Ca 2+ + 2 Al 3+ + 2 H 4 SiO4

(5.4)

Inversely, the ORP of the effluent increased slightly at the start of the experiment and
remained quite stable (< 250 mV) during this stable pH phase, which indicated that
weak oxidising conditions dominated.
The carbonate alkalinity rapidly diminished once acidic water was passed through
the column and changed to bicarbonate alkalinity within ~40 PVs in accordance with
Eqns. 5.5-5.7, resulting in an increase in alkalinity in the column.

CaCO3 + 2H + ⇔ Ca 2+ + H 2 CO3

(5.5)

CaCO3 + H 2 CO3 ⇔ Ca 2+ + 2HCO3−

(5.6)

CO2 + H 2 O ⇔ H 2CO3

(5.7)

Dissolution of the Ca-bearing minerals from the concrete, as shown in Eqns. 5.4-5.7,
released Ca and increased the alkalinity with a potential to maintain the effluent pH
near neutral. Figure 5.6 shows the alkalinity generated and Ca released from the
recycled concrete in column A. Both parameters in the effluent increased until ~160
PVs, and then decreased, supporting the hypothesis for reactions shown in Eqns. 5.45.7. Al et al. (2000) observed that armouring of reactive carbonate mineral grains by
accumulated secondary mineral precipitates during acid neutralisation of sulphiderich mine tailings diminished the rates of mass transfer between primary minerals
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and pore water, thereby reducing the rate of primary mineral dissolution. Similar to
this, in column A, when the mineral precipitates gradually coated the surface of the
recycled concrete, the pH decreased slowly as a function of dimensionless time (i.e.
PV) from the first plateau at 155 PVs, reaching pH 6.5 at 250 PVs. This mechanism
was supported by a decrease in alkalinity as shown in Figure 5.6. Immediately before
the depletion of alkalinity, the pH was relatively stable and near-neutral, varying
from 7.9 to 6.5. The pH then dropped abruptly reaching the next plateau (pH 4.2-4.0)
after the complete depletion of bicarbonate alkalinity at 300 PVs.
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Figure 5.5: (a) pH and (b) oxidation reduction potential (ORP) profiles along the
length of the column with respect to number of pore volumes of acidic groundwater
passed in column A and time (Regmi et al., 2011b).
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As shown in Figure 5.5 for column A, the pH at different sampling ports decreased
rapidly in the lower parts of the column with increasing PVs, corresponding to a
sharp increase in ORP due to a fast depletion of alkalinity at the advancing acid
front. As a result of the decrease in pH (Figure 5.5a) and increase in ORP (Figure
5.5b), the depletion of both alkalinity and Ca released from the system (Figure 5.6)
was slower in the top part of the column relative to the bottom part of the column.
For example, near-neutral pH was continuously maintained for 250 PVs for the outlet
port at 55 cm due to continuous release of alkalinity, whereas the alkalinity was
depleted to 0 mM at 84 and 202 PVs for ports at 2.5 and 30 cm, respectively from the
interface between the bottom layer of concrete and sand.
With the continuous passage of acidic influent through column A, total depletion of
alkalinity from the column was accompanied by a sharp decline in pH to ~4.0 and an
increase in ORP within the next 50 PVs of acid passed, justifying the aforementioned
assumptions for carbonate/bicarbonate buffering reactions. In good agreement with
this study, Johnson et al. (2000) and Jurjovec et al. (2002) observed a similarly stable
pH behaviour during the generation of carbonate/bicarbonate alkalinity followed by a
rapid drop in pH after the total depletion of these carbonate minerals in AMD.
The increase in pH due to acid neutralisation reactions can lead to a pronounced
decline in the concentration of dissolved metals due to precipitation. However, the
observed concentrations of Mg2+, Na+, K+, Cl- and SO42- in the effluent and influent
were relatively constant throughout the entire experiment (Figure 5.7a), which
indicates they were unaffected by the neutralisation reactions. Similar to our study,
Watzlaf et al. (2000a) also reported in the study of 10 different ALDs that SO42levels were unaffected by the ALDs. In contrast, the near complete removal of Al3+
(> 99%) and total Fe (100%) (Figure 5.7b) during this bicarbonate-buffering period
(< 300 PVs) in column A indicated that the Al3+ and total Fe precipitated out of
solution.
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Figure 5.6: (a) Alkalinity and (b) calcium released along the length of the column
from the recycled concrete with respect to the number of pore volumes of acidic
groundwater passed through column A and time (Regmi et al., 2011b).
In order to investigate which minerals were saturated during the experiment, SI of
minerals in equilibrium with the effluent were calculated as a function of PV using
PHREEQC V 2.15. For 50 < PV < 200, when the pH was stable (pH 7.9-6.5), the
effluent was slightly supersaturated with respect to carbonate minerals (Figure 5.8a),
suggesting continuous release of Ca from the concrete. This indicates that a small
amount of Ca might have been re-precipitated as carbonate minerals (e.g. aragonite,
calcite and dolomite) during this period. This is supported by the observed 6.6 g/kg,
5.3 g/kg and 12.1 g/kg Ca in the precipitates collected from 0-10 cm, 10-30 cm and
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30-50 cm, respectively, along the length of the column (Table 5.5). Interestingly,
gypsum remained unsaturated throughout the study period with no sign of its
precipitation inside the column, unlike the observations of Jurjovec et al. (2002) and
Komnitsas et al. (2004). This difference was likely due to insufficient amounts of
SO42- in the influent to exceed the equilibrium of gypsum. This supposition is
supported by a study involving another passive treatment system where the level of
SO42- required for gypsum precipitation was > 2000 mg/L (Robbins et al., 1999).
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Figure 5.7: Ions concentrations for the influent and effluent with respect to the
number of pore volumes of acidic groundwater passed through column A and time
(Regmi et al., 2011b).
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Table 5.5: Composition of precipitates (g/kg) collected from different zones in the
column A after the completion of the experiment (Regmi et al., 2011b).

Elements
Na
K
Mg
Ca
Fe
Al
Cl
S
Total C
Sum

Composition (g/kg)
Zone 1
Zone 2
Zone 3
(0-10 cm)
(10-30 cm)
(30-50 cm)
0.2
0.2
0.3
0.6
0.5
0.6
2.6
2.5
3.2
6.6
5.3
12.1
231.1
226.7
148.5
67.1
88.9
143.4
0.1
0.1
0.1
13.7
18.4
17.3
5.1
2.9
3.5
327.1
345.5
325.8

The calculated SIs of minerals in the effluent also demonstrate that the effluent was
saturated with respect to Al minerals (gibbsite, boehmite and diaspore) and Fe
minerals (hematite, maghemite, goethite, lepidocrocite, ferrihydrite) in the first 200250 PVs when the pH was almost neutral (Figure 5.8b, c). These results indicate that
the precipitation of Al and Fe, mainly as oxides, oxy-hydroxides, and hydroxides,
was common during the first pH plateau. This precipitation was evidenced by: (a)
observation of white and orange precipitates grown inside the column, (b) clearly
distinguished peaks of Al and Fe observed in a small rectangular area in the SEM
images (Figure 5.9) of armoured concrete compared to the virgin concrete, as shown
by SEM-EDS analysis (Figure 5.10), and (c) high levels of Fe (138-231 g/kg) and Al
(67-143 g/kg) observed in the elementary analysis of the precipitates from column A
(Table 5.5). Similarly, previous studies of field installations of PRBs and column
tests also report precipitates of ferrous/ferric (oxy/hydroxide) oxides and Al
hydroxides (Mackenzie et al., 1999; Puls et al., 1999a; Vogan et al., 1999; Phillips et
al., 2000; Roh et al., 2000; Golab et al., 2009).
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Figure 5.8: Saturation Indices (SIs) of different minerals calculated using PHREEQC
with respect to the number of pore volumes of synthetic acidic groundwater passed
through column A and time (Regmi et al., 2011b).
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a

b

Figure 5.9: Scanning electron microscopy (SEM) images of a (a) virgin recycled
concrete particle and a (b) armoured concrete particle after completion of column A
experiment (Regmi et al., 2011b).
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Figure 5.10: Energy dispersive spectroscopy (EDS) analysis of the virgin recycled
concrete and armoured concrete from column A (Regmi et al., 2011b).

Aluminium oxy/hydroxide buffering
In column A, after a rapid drop in pH between 250 and 300 PVs, the effluent pH
stabilised at ~4.3-4.0 for 300 < PV < 480 (Figure 5.4a). This plateau was possibly
due to the equilibrium attained by the re-dissolution of Al precipitates similar to that
reported by Blowes et al. (2003) and Jurjovec et al. (2002) for AMD. The results of
equilibrium modelling also showed that the column effluent became slightly undersaturated with respect to gibbsite and boehmite during this period (Figure 5.8b).
Eventually, however, the masses of gibbsite and boehmite were not sufficient to
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buffer the acidic water continuously passing through the column. Accordingly, the
dissolved Al3+ concentration steadily increased during this period, eventually
reaching that of the influent (Figure 5.7).

Ferric oxy/hydroxide buffering
After the depletion of Al oxy/hydroxide buffering in column A, the pH dropped to
3.0 within the following 20 PVs from the end of the second pH plateau (~480 PVs),
then slowly reached the influent pH of 2.67 at ~580 PVs (Figure 5.5a). Johnson et al.
(2000) suggested that goethite (ferric oxyhydroxide) can maintain a pH from 2.8-3
when close to equilibrium. In this study, hematite was supersaturated throughout the
column A experiment (Figure 5.8c), indicating that some Fe continued to react with
dissolved O2 in the system. However, the SIs of other Fe minerals (goethite and
lepidocrocite) decreased rapidly to nearly zero after the first pH plateau at ~250 PVs,
but reached equilibrium and under-saturation after the second pH plateau at ~500
PVs. These results suggest that, although some goethite can be attributed to
maintaining the level of the third pH plateau as evidenced by Johnson et al. (2000)
and Blowes et al. (2003), the mass of goethite was insufficient to buffer the pH for
an extended period with the continuous flow of acidic water. This interpretation is
supported by (1) the steep decrease in effluent pH immediately after reaching
equilibrium with Fe minerals at ~500 PVs and reaching the influent level at ~580
PVs (Figure 5.5a), and (2) the increase in the total Fe concentration after reaching the
third pH plateau at 500 PVs (Figure 5.7b).

5.3.2

Mineral Precipitation/Dissolution

White and/or bright orange precipitates, possibly corresponding to precipitates of Al
and Fe hydroxyl, were observed in this study. They began to form near the column
inlet and then further up the column as the flow of acidic water continued through the
columns. Initially, dark amorphous precipitates were observed in columns A and B,
which turned to white milky-coloured amorphous precipitates within a few days.
Subsequently, bright orange precipitates were seen at the bottom of columns A and
B, which grew upwards. In contrast, only the bright orange precipitates were
observed in column C and the white milky precipitates in column D. These distinct
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white and/or bright orange precipitates were identified as Al and Fe minerals,
respectively, based on the colour of the precipitates, the mass balance of the ions, the
SIs of the minerals and SEM-EDS analysis. In addition, the chemical composition of
the precipitates from column A, as shown in Table 5.5, confirmed that the major
elements in the precipitates were Al and Fe. However, the presence of other elements
such as Ca, S, Mg and C (Table 5.5) also indicated possible co-precipitation of other
minerals such as dolomite (CaMg(CO3)2). Only small amounts of these minerals
likely formed because their levels in the precipitates were very low. In addition, since
there was no significant reduction in the concentration of Mg2+, K+, Cl- and SO42compared to the concentration of Al3+ and total Fe in the effluent (Figure 5.7a,b), Al
and Fe minerals (presumably combined with O and H) were the major precipitates
formed during the acid neutralisation reactions.
Based on the data shown in Table 5.5, the amount of Al precipitated towards the
bottom of column A was nearly half that of the Al precipitates towards the top of the
column, suggesting re-dissolution of some Al minerals that precipitated during the
early phase of the experiment from the bottom of the column. This supposition was
supported by rapid depletion of alkalinity and pH towards the bottom of the column
for 83 ≤ PV ≤ 300 at all sampling points. These re-dissolved minerals were reprecipitated towards the top due to the presence of alkalinity, while the pH was
maintained > 4.0, resulting in large amounts of Al precipitates towards the top of the
column.
In contrast, although a large amount of Fe was precipitated throughout the column,
the mass of Fe precipitates was higher in the bottom half. As the pH in the bottom
half of the column was maintained above the buffering point of ferric hydroxides (i.e.
above pH 2.8) by bicarbonate and Al buffering for large PVs of acid passed (up to
~480 PV), the Fe in the bottom half precipitated continuously until Al buffering was
depleted. Since the experiment was stopped 100 PVs after Al buffering depleted, the
Fe minerals likely did not have sufficient time to re-dissolve.
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5.3.3

Metal Removal Capacity

The near-neutral pH maintained by carbonate/bicarbonate buffering in column A
favoured the precipitation of Al and Fe as oxides, oxyhydroxides and hydroxides.
The concentration of Al3+ and total Fe in column A increased after 250 and 480 PVs,
respectively, corresponding to a decrease in pH from near-neutral (pH ~6.5) to acidic
conditions (pH ≤ 4.0), when the alkalinity was totally depleted. Similar observations
were also apparent in the other columns. Although the capacity to remove Al3+ and
total Fe decreased over time, there was more Al3+ in the effluent than total Fe during
the entire column A experiment, possibly due to pH-dependent solubility, because
the lower limits of pH for precipitating Al and Fe are pH 4.0 and 3.5 (Johnson et al.,
2000; Blowes et al., 2003), respectively. Alternatively, this may indicate that Fe
selectively precipitates onto the surface of the concrete. Another possibility is that
the acidic influent liberated Al from the concrete (Table 5.1). Nevertheless, the
results confirmed that recycled concrete could effectively remove both Al3+ and total
Fe from large volumes of synthetic acidic groundwater while maintaining almost
neutral pH.

5.3.4

Neutralisation Capacity/Reactivity

Decreases in the reactivity and hydraulic properties of the reactive material are the
most important factors in the prediction of the longevity/long-term performance of
reactive materials. Several studies have reported that a major limitation of PRBs is
not the exhaustion of the reactive material, but rather chemical armouring and
clogging of the pore spaces through mineral precipitation and accumulation on the
surface of the reactive media and within the pore spaces, respectively (Mackenzie et
al., 1999; Phillips et al., 2000; Kamolpornwijit et al., 2003; Li et al., 2005; 2006).
Column tests offer a controlled system in which to study the behaviour of armouring
and clogging.
Fouling by precipitates might significantly decrease the reactivity (acid neutralisation
and metals removal capacity) of the materials, although part of their reactivity would
already have decreased to some extent by the exhaustion of the alkalinity of the
materials in the acid neutralisation process. A comparison between the SEM images
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of the virgin and armoured recycled concrete used in the column A experiment
(Figure 5.9) showed significant amounts of mineral precipitation over the surface of
the recycled concrete, which supports this supposition. In this study, the decrease in
reactivity by armouring was studied with respect to the material’s ANC efficiency.
This was calculated as the ratio of the actual ANC of the recycled concrete to its
theoretical ANC.
Figure 5.4 shows that the Al3+ and/or total Fe removal capacity of the recycled
concrete was very high until bicarbonate buffering ceased. These results indicate that
the acid neutralisation reactions along with the majority of mineral precipitation
occurred only during the carbonate/bicarbonate buffering period (i.e. first pH
plateau). Figure 5.4 also illustrates that the Al3+ concentration started to increase
rapidly after depletion of bicarbonate buffering and reached the influent
concentration during the Al hydroxide-buffering period. However, total Fe
concentration in the effluent remained < 0.5 mg/L during the Al hydroxide buffering
period, but started to increase only after the depletion of Al hydroxide buffering. The
results indicate that Al removal capacity decreased rapidly from > 99% to 0% after
the first pH plateau. Therefore, the PV corresponding to the end of the first pH
plateau at near-neutral value, when the reactive material could no longer remove
100% of the Al3+ and/or total Fe, was considered to be an inflection point for
analysing the ANC efficiency of the recycled concrete in these experiments.
Consequently, actual ANC was measured as the number of PVs of acidic water
treated before the pH fell below the near-neutral value, and the theoretical ANC was
the total PVs of the acid that the material should treat without armouring.
A comparison of the actual and theoretical ANC of the four columns is shown in
Figure 5.11. Columns A, B, C and D treated 252, 13, 50 and 40 PVs of acidic water,
respectively. However, the theoretical ANC of the concrete until the complete
depletion of alkalinity without armouring was 510, 60.2, 115.9 and 122.7 PVs,
respectively, for columns A, B, C and D. Therefore, the loss in ANC of the reactive
material by armouring was high (> 50% in all cases) compared to the loss of ANC
efficiency by exhaustion of alkalinity. Furthermore, the loss in ANC was faster in the
columns with greater Al3+ and total Fe influent concentrations (columns B-D, Table
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5.2) because these cations precipitated onto the surface of the reactive material. This
observation was supported by evidence of a rapid increase in Al3+ and total Fe in the
effluent shortly after the pH drop from almost neutral to ~4.0 and below (Figure 5.4).
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100

0
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Figure 5.11: Acid neutralisation capacity (ANC) of the recycled concrete under
different concentrations of total Fe and Al3+ (Regmi et al., 2011b).
Thus, the overall results from these column experiments (Figure 5.4 and Figure 5.11)
show that armouring has a greater impact on decreasing the reactivity of the recycled
concrete over a short period of time e.g. 252, 13, 50 and 40 PVs in columns A, B, C
and D respectively) than does depletion of alkalinity (510, 60.2, 115.9 and 122.7 PVs
in columns A, B, C and D, respectively. In addition, the overall capacity of the
material for maintaining a near-neutral pH and 100% removal of Al3+ and total Fe
depends on the concentrations of these cations, i.e. the higher the concentration, the
higher the decrease in ANC. However, despite the massive decrease in ANC due to
armouring, the material still demonstrated good performance for neutralising the pH
and removing Al3+ and total Fe for large PVs of acidic groundwater (Figure 5.4).

5.3.5

Changes in Physical Properties

In addition to armouring the surface of the reactive material, the pores of the PRB
will be filled with accumulated precipitates; thus subsequently reducing hydraulic
flux through the PRB (Li et al., 2006). Several authors have reported that clogging
may occur excessively near the inlet of the reactive materials and not homogeneously
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throughout the column (Kamolpornwijit et al., 2003; Li and Benson, 2005; Bilek,
2006). Similarly, slightly larger amounts of precipitates formed towards the bottom
half of column A (zones 1 and 2) rather than top half (zone 3) (Table 5.5), showing
that the precipitates were not distributed homogenously in the pore space and that
their composition differed with distance along the column.
Because the use of a peristaltic pump forced a constant flow rate through the
columns, the clogging phenomenon was studied by monitoring the change in
hydraulic conductivity with respect to the number of PVs of acid passed through the
columns. As shown in Figure 5.12 for columns A, C and D, the hydraulic
conductivity was constant for the first few PVs (e.g. ~20, ~10 and ~26 PVs,
respectively,) after which it decreased rapidly until bicarbonate alkalinity was
exhausted. However, in column B, the hydraulic conductivity decreased rapidly from
the beginning of the experiment until bicarbonate alkalinity was exhausted because
of rapid precipitation due to the combination of the higher concentration of Al3+
(16.47 mM) and total Fe (43.5 mM) in the influent coupled with the higher flow rate
(2.4 mL/min). In addition, the porosity was lower in column B (48%) compared to
columns A (53%), C (56%) and D (55%).
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Figure 5.12: Decrease in alkalinity and hydraulic conductivity of the column material with respect to the number of pore volumes of acid passed
and time (a-d represents the columns A-D) (Regmi et al., 2011b).
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The decrease in hydraulic conductivity was due to the formation of the precipitation
front in the pore spaces parallel with the flow. The pH in the lower parts of the
column decreased rapidly with respect to time due to a fast depletion of alkalinity at
the advancing acid front. Therefore, in the beginning of the experiment, the recycled
concrete located at the bottom part of the column reacted vigorously with acidic
groundwater. As a result, precipitates were formed towards the bottom of the column
during the early experimental periods (Figure 5.13) until the complete depletion of
the alkalinity/acid neutralisation capacity of the concrete in that part. After the
depletion of bicarbonate alkalinity, the hydraulic conductivity remained almost
constant due to a lack of major buffering reactions to cause the minerals to
precipitate, as discussed in Section 5.3.1. In columns C and D, there was a slight
increase in hydraulic conductivity after reaching the second pH plateau, which may
have been caused by the re-dissolution of Al and ferric oxy/hydroxide precipitates,
respectively. The difference was particularly evident in column D, which only
contained Al3+ and maintained a much higher hydraulic conductivity (3.76 × 10-4
m/s) than the other 3 columns (0.86 × 10-4, 0.59 × 10-4 and 1.27 × 10-4 m/s,
respectively). The slight increase in hydraulic conductivity in column D indicated
that the re-dissolution of Al precipitates was more common than the re-dissolution of
Fe precipitates, as expected from their differences in solubility.
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350 PV

Figure 5.13: Growth of precipitates at advancing acid front with respect to number of
pore volumes (dimensionless time) in column A.
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Due to rapid precipitation towards the bottom of the column (near the inlet), the pore
spaces were partially filled causing a rapid drop in flow rate, as shown in Figure 5.14
for column E. When the ANC of the concrete in the lower section of the columns
were depleted, no further neutralisation reactions occurred or precipitates formed,
resulting in a nearly constant flow rate. This was verified by the results from the
column E, which was run using the constant head method. In this experiment, the
flow rate decreased rapidly from 2.2 mL/min to < 1 mL/min within 25 days of
commencing the experiment and then decreased slowly reaching a relatively constant
value of 0.6 mL/min. The concrete in the upper part of column E started neutralising
acidic water leading to clogging of pore spaces by precipitates, but this did not
reduce the flow rate further. The use of large particles in the column experiment
unlike to the crushed fine particles commonly used for column test meant that
although the flow decreased due to precipitation, it did not cease before the ANC was
depleted due to presence of large number of void volume. The reduction of flow rate
pattern was similar to the reduction in hydraulic conductivity in the other four
columns A-D run under constant flow rate.
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Figure 5.14: Decrease in flow rate of the column E (constant head) with respect to
time.
The diminished hydraulic conductivity in all the columns was higher than the
hydraulic conductivity of the natural clay in the vadose zone of ASS terrain at the
PRB field site. The pores in the column were large, due to the size of the column fill
and the system did not fail completely from pore clogging even though preferential
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flow occurred to some extent. The size of the reactive material in the PRB is bigger
than the material in the column. Thus, the difference in hydraulic conductivity
between the PRB and surrounding soil should ensure that a loss of porosity due to
clogging is unlikely to threaten the longevity of the PRB.

5.3.6

Efficiency of Recycled Concrete under Variable Field Conditions

Results for column F and its efficiency in treating groundwater from the study site
under variable field conditions are described in this section. The physical
parameters of column F (e.g. porosity, mass of concrete, bulk density, ANC) were
similar to those of column A (Table 5.4). The flow rate in column F was reduced to
nearly half that of column A in order to collect more data for studying the acid
neutralisation behaviour under temporal variations in influent composition. Since
the acidic groundwater was regularly collected from the field site for use as column
influent, the concentration of the major ions present in the groundwater were
heterogeneous over time (Table 5.3). The acidity (3.15-5.25 Meq CaCO3) and
concentration of total Fe (0.12-1.6 mM) were lower than those used in column A
(6.45 Meq CaCO3 acidity and 1.5mM total Fe), whereas the remaining ions’
concentrations were similar.
Initially, high effluent pH (10.8-8.0), similar to that in column A, was observed, but
this could not be maintained for a long time due to the negligible amount of
portlandite in the concrete (Figure 5.15a). During this time, effluent alkalinity
decreased from 70 to 40 mg/L due to the fast depletion of hydroxyl and carbonate
alkalinity generated by trace amounts of portlandite (Figure 5.16). The effluent pH
decreased rapidly from 10.8 to 8.0 within 160 PVs (i.e.50 days), after which two long
plateaus were observed similar to column A. A near-neutral plateau (pH 8.0 to 7.5)
continued until 425 PVs (day 135) followed by a slow decrease to 6.0 at 600 PVs
(day 190). During this buffering period, alkalinity reached a peak of 170 mg/L (as
CaCO3) at ~ 270 PVs (~85 days) with continuous release of Ca from the concrete.
The pH then dropped abruptly reaching the next plateau at pH 4.2-4.0. Complete
depletion of alkalinity at 600 PVs (day 190) was accompanied by a sharp decline in
pH to ~4 and an increase in ORP (Figure 5.15b).
142

D a ys
12

0

50

100

150

200

55 cm
50 cm
30 cm
20 cm
10 cm
0 cm

(a)

10

pH

250

8

6

4

2
0

200

400

600

800

N um ber of P ore V olum es
D a ys
0

50

100

150

200

250

500
(b)

ORP (mv)

400

300

200

100

0
0

200

400

600

800

N u m ber of P ore V olum es

Figure 5.15: (a) pH and (b) oxidation-reduction potential (ORP) along the length of
the column with respect to number of pore volumes of acidic groundwater passed
through column F and time (Regmi et al., 2011a).
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Figure 5.16: (a) Alkalinity and (b) calcium released along the length of the column
from the recycled concrete with respect to the number of pore volumes of acidic
groundwater passed in column F and time (Regmi et al., 2011a).
Subsequently, the pH remained stable until equilibrium with the most soluble Al
hydroxide mineral was attained. Despite temporal variations in Al3+ and total Fe
influent concentrations, the high pH was maintained in the column until the presence
of bicarbonate alkalinity favoured complete Al and Fe precipitation (Figure 5.17).
The abrupt increase in Al3+ after 600 PVs (day 190) coincided with the depletion of
bicarbonate alkalinity and an abrupt decrease in pH from 6 to 4, similar to column A.
A negligible amount of total Fe was observed in the effluent compared with Al3+
until the end of the experiment because Fe continued to precipitate until pH 3.5. The
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column experiment was ceased at 820 PVs (260 days) when the effluent reached pH
4. These results verify that even if there is significant temporal variation in
groundwater composition within the study site, the recycled concrete could
significantly neutralise the acidic water and remove dissolved Al3+ and total Fe via
the acid neutralisation mechanisms discussed in Section 5.3.1.

D ays

Al

3+

(mM)

2.0

0

50

100

150

200

250

(a)

1.5

1.0
Influent
Effluent

0.5

0.0
0

200

400

600

800

N um bers of P ore V olum es
D ays
2.0

0

50

100

150

200

250

Total Fe (mM)

(b)

1.5

1.0

0.5

0.0
0

200

400

600

800

N um bers of Pore V olum es
3+

Figure 5.17: (a) Al and (b) total Fe concentrations for the influent and effluent of
column F with respect to the number of pore volumes of acidic groundwater and time
(Regmi et al., 2011a).
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The concentration of the remaining major ions (Mg2+, Na+, K+, Cl- and SO42-) in the
influent and effluent were relatively stable throughout the entire column experiment
(Figure 5.18), which was also the case for column A (Figure 5.7a). This confirms
that these ions were not involved in the acid neutralisation process even with the
actual groundwater under the varying natural field conditions. However, the slightly
higher concentrations of Na+, Mg2+, SO42- in the effluent compared to the influent
was attributed to leaching of minerals from the concrete. Observed sudden changes
in the concentration of ions in the effluent correspond to changes in the concentration
of ions in the influent, depending on the groundwater feed.
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Figure 5.18: Concentration of (a) Na+, Mg+ and (b) K+, SO42- and Cl- in the
influent and effluent of column F with respect to the number of pore volumes of
acidic groundwater and time (Regmi et al., 2011a).
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Armouring of the concrete, observed as the main cause of the loss of efficiency of
the recycled concrete in columns A-D, was also significant in column F. Day 147
was selected as a baseline for evaluating the reactivity of the concrete based on its
capacity to maintain the effluent at pH 7, allow for complete removal of Al3+ and
total Fe and generate considerable alkalinity within the column. The recycled
concrete treated 240 L of acidic groundwater until Day 147. However, based on the
average acidity of the groundwater (3.65 mM eq CaCO3) and the average ANC of the
concrete (146 g/kg), the concrete used in column F (1206 g) had the capacity to
neutralise 483.2 L of acidic groundwater. This indicates ~50% loss in the concrete’s
efficiency due to armouring, as was also the case for column A.
In order to carry out a comparative study between columns A and F, the pH of both
columns were plotted with respect to total volume of effluent collected (Figure 5.19).
It was observed that column F buffered a larger volume of acidic water compared to
column A, which was due to significantly lower acidity and lower concentration of
total Fe in the influent of column F. Thus, variations in acidity significantly influence
the amount of water treated i.e. the smaller the acidity, the larger the volume of the
water treated. From Figure 5.19, it was observed that the pH buffering mechanism in
column F for treating the groundwater from the PRB study area was in good
agreement with that carried out with synthetic groundwater in column A (Section
5.3.1). This re-confirmed that recycled concrete could maintain a stable and neutral
pH while remediating contaminated groundwater from ASS terrain even with
variable groundwater conditions due to the generation of carbonate/bicarbonate
alkalinity from the recycled concrete. It can be concluded that the longevity of the
recycled concrete for treating acidic groundwater from ASS from the field site
depends primarily on the following three major factors: (a) fluctuation in the
groundwater acidity and pH (b) the amount of Al and Fe leached from ASS to the
groundwater, (c) and the groundwater flow rate.
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Figure 5.19: Comparison of pH with respect to volume of effluent treated in columns
A and F.

In conclusion, continuous neutralisation of acidic water for maintaining near-neutral
pH and complete removal of Al3+ and total Fe under an accelerated flow rate for all
the laboratory column experiments re-confirms that the recycled concrete is a
suitable and cost-effective reactive material for treating contaminated groundwater
from ASS terrain using a PRB.

5.4

Summary

This chapter presented the aspects of efficiency and longevity of the recycled
concrete used in the PRB for the treatment of acidic groundwater from ASS terrain,
southeast NSW, Australia. Laboratory column tests were carried out using both
synthetic and real groundwater to confirm the suitability of the reactive material in
decontaminating acidic leachate loaded with high concentrations of metal ions such
as Al and Fe. Five laboratory column tests were conducted with synthetic
groundwater to evaluate the acid neutralisation mechanisms and assess the capacity
of recycled concrete for treating acidic water under accelerated flow conditions.
Another experiment was run to re-confirm the acid neutralisation behaviour with
groundwater of variable composition collected from the PRB field site.
The results confirmed that the treatment mechanism is mainly controlled by the
release of carbonate/bicarbonate alkalinity into the system and the precipitation of Al
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and Fe in different oxide, oxy-hydroxide and hydroxide minerals. The results
confirmed that recycled concrete could effectively treat acidic groundwater from
ASS terrain, resulting in near-neutral effluent pH over a long period with complete
removal of Al3+ and total Fe.
The accumulation of secondary minerals decreased the reactivity of the recycled
concrete. The precipitated Al and Fe minerals coated the surface of the reactive
material, significantly decreasing its long-term ANC efficiency. Chemical armouring
decreased the ANC of the recycled concrete by up to 50% compared to its theoretical
ANC. Furthermore, high concentrations of Al3+ and total Fe caused a rapid decrease
in ANC efficiency due to accelerated armouring. The results reported here also show
that the ANC and reactive efficiency of recycled concrete are dependent on not only
the initial pH but also the concentration of Al3+ and total Fe in the acidic
groundwater.
In addition, the application of larger size concrete aggregates decreased the threat of
clogging by the accumulation of precipitates in the pore spaces even under high
influent concentrations of dissolved Al3+ and total Fe. Because the material
performed effectively for neutralising acidity and removing Al3+ and total Fe in both
the simulated and real acidic groundwater even while chemically armoured, the
recycled concrete is a suitable material in PRBs for the treatment of acidic water in
ASS terrain. However, the longevity of the PRB will depend on real-time duration of
reactivity of the material used, with or without armouring, relative to the metal
loading.
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Chapter 6 Characterisation and Assessment of
Recycled Concrete Aggregates
6.1

Introduction

Column experiments were undertaken with acidic groundwater to ascertain the
dominant reactions with recycled concrete (reactive media) occurring within the
PRB. Results showed that armouring of the reactive material surface by precipitated
Al- and Fe-bearing minerals significantly reduced its acid neutralising capacity
(ANC). The recycled concrete used for this research was collected from a refuse
depot whose chemical composition was unknown. Thus, characterisation and
quantification of the minerals present in the heterogeneous concrete particles as well
as in the precipitates are important for: (i) assessing the neutralisation effects of the
concrete aggregates, and (ii) the armouring effects by the coating of the precipitates
on the reactive material. This chapter aims to confirm and validate the decline in
ANC of the recycled concrete through characterisation of the virgin and armoured
concrete aggregates, and precipitates that formed on the concrete. For that purpose,
samples of concrete aggregates and precipitates from column experiment A
described in Chapter 5 were selected for mineralogical and morphological analysis
by XRD, XRF, FTIR, SEM-EDS and µCT.

6.2
6.2.1

Materials and Methods
Material

The virgin recycled concrete analysed was from the same batch of concrete used in
all the column experiments, which were sourced from a refuse depot handling used
concrete of unknown age and providence in sub-rural NSW. The extractable
elemental composition of the major cations in the virgin recycled concrete is
predominantly Ca (57.95%), Fe (21.67%), Al (9.96%), Mg (5.32%), Si (3.1%) and
others (2%) (Regmi et al., 2009a; Regmi et al., 2011b), as described in Section 5.2.1
and Figure 5.2 (Chapter 5). The high Ca content is evidence to support the theory
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that the concrete contains Ca-bearing minerals that generate significant alkalinity to
neutralise the acidic water (Golab et al., 2009).

6.2.2

Sample Preparation

After column experiment A was completed, the column was drained and kept air dry
for three weeks. Samples of armoured concrete were extracted from three zones
(bottom zone: ports at 0-10 cm; middle zone: ports at 10-30 cm and top zone: ports at
30-50 cm) according to the methods of Phillips et al. (2000). These were the same
zones the precipitates were extracted from to describe their chemical composition
(Table 5.5) in Chapter 5. A further set of armoured concrete samples was collected,
which represented the overall armoured aggregates inside the column (named here
as; overall). For this purpose, all the remaining aggregates from the column were
mixed and a specimen was taken from the mixed concrete sample. The precipitates
were extracted by washing half of the collected armoured concrete several times with
deionised water and filtering the effluent through 0.45 µm filter paper under pressure
until the colour of the effluent was clear. The extracted precipitates were oven dried
before analysis. Some of the virgin concrete aggregates used in column experiment A
and part of the armoured concrete samples (bottom zone, top zone and overall) were
also ground in a mill ball to a fine powder for XRD and XRF analyses.

6.2.3

Mineralogical Analysis

The mineralogical composition of ground virgin and armoured concrete and the
extracted precipitates were determined by qualitative and quantitative XRD in order
to assess the armouring effect. The samples were measured at room temperature
using a diffractometer (Spellman DF3 series generator) and Philips Gomometer with
1 kW energy and a diffraction angle (2θ) from 4 to 70° using a sample size of 0.02°
and Cu Kα radiation wavelength of 1.5406 Å.
XRF analysis was carried out on pressed pellets of the powdered samples of virgin
concrete, armoured concrete and precipitates in duplicate for metal oxide phase
analysis. These include major elements (SiO2, TiO2, Al2O3, Fe2O3, MnO, MgO, CaO,
Na2O, K2O and P2O5 in % by weight) and trace elements (Pb, Zn, Ni, Co, Cr, V etc.
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in ppm). Instrumentation (Spectro XEPOS) utilised a 50 Watt palladium end-window
tube, which uses a range of polarisation and secondary targets to optimise excitation
conditions for different elements and a wide range of natural and synthetic standards
for calibration. Volatiles were determined as loss on ignition (LOI) on one fraction of
the concrete and precipitate samples by heating for 4 hours at 450°C.
FTIR was used to determine the reactive functional groups within the virgin and
armoured concrete and precipitates. Infrared (IR) spectra using FTIR were recorded
at wavelengths between 4000 and 450 cm-1 using a spectrophotometer (Shimadzu
IRPrestige-21).
Samples of virgin concrete and armoured concrete (powdered and concrete
fragments) and precipitates were further examined using SEM-EDS. Each sample
was mounted on an Al stub, carbon coated with a carbon sputter coater and then
vacuum-impregnated in epoxy (Figure 6.1a). In addition, one piece of concrete
coated with precipitates was selected from column A and cut to produce a sharp edge
in order to distinguish the armoured surface from the inner uncoated concrete. This
sample was silver coated to fix to the Al stub. Analysis in the SEM (JSM-6490 LA,
JEOL Australasia) was carried out on a sample stage at room temperature. Secondary
electron imaging and elemental analysis using EDS (Mini-cup, JEOL Australasia)
was carried out at 20 kV.
(a)

a

(b)

b

Figure 6.1: (a) Carbon sputter coater; (b) JEOL scanning electron microscope.
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6.2.4

Morphological Analysis

The morphological characteristics of the armoured concrete aggregates were
analysed using X-ray micro-computed tomography (µCT). µCT consists of threedimensional X-ray imaging, similar to medical CT scans, but on a smaller scale, with
greatly increased resolution (2 µm). µCT is an established and rapidly evolving
technology of great value for a wide variety of materials at micron scales including
petroleum geology (Golab et al., 2010), coal (Mazumder et al., 2006), biomaterials
(Knackstedt et al., 2006), soil science, meteoritics and geotechnics (Ketcham and
Carlson, 2001). µCT yields 3D images of solid opaque objects quickly and nondestructively (Carlson et al., 2003).
µCT is an imaging method that bombards a sample with X-rays and measures the Xray density of the material contained within the sample in 3D. It uses images
collected from different angles to generate a cubic dataset of X-Ray attenuation data.
Pixels (2D) and voxels (3D) represent the relative radio density or relative
attenuation of X-rays through the imaged material (Novelline, 1997). For a given
thickness the X-ray attenuation of any material is a function of both the physical
density and effective atomic number of the species (Van Geet et al., 2001). Within
the tomogram, the X-ray density of a material determines its brightness. While the
apparent opacity is a guide to effective atomic number it must be remembered that
physical density is also a factor in determining overall X-ray attenuation.
The high-resolution and large-field X-ray µCT facility of Digitalcore Pty Ltd,
Canberra (Figure 6.2) was used for image acquisition of armoured concrete particles
(Figure 6.3). Three armoured concrete grains (3 < mm < 10) and a few fine particles
(Figure 6.3) were selected from the bottom zone of the column (between the ports at
0 to 10 cm) and placed in an Al tube of diameter 10 mm. The top of the Al tube was
filled with Al foil to minimise disturbance of the sample during µCT scanning.
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Figure 6.2: High-resolution µCT scanning equipment (Source: Digitalcore
Laboratory, Canberra).

Figure 6.3: Three concrete grains coated with precipitates analysed using µCT.
X-rays from a micro-focus X-ray source were used to probe the sample and an X-ray
camera was used to record a series of X-ray transmission radiographs at different
viewing angles by moving the position of the rotation stage and X-ray camera.
Details of the µCT scanning process can be found in Sakellariou et al. (2004). The
armoured concrete fragments were scanned at high resolution (2 µm) yielding >
20003 voxels at 4.41 µm resolution, by the methodology described in Arns et al.
(2003). The set of radiographs (i.e. projection data in 2D-images) obtained from each
armoured concrete fragment were processed with a reconstruction algorithm to
generate the tomogram of the specimen in 3D that could be viewed along three
orthogonal axes (x, y and z). The pre-processed tomogram images contained the
boundary Al tube and Al foil. Thus, the 3D image dataset was processed to exclude
them from the final tomogram.
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6.3

Results and Discussion

6.3.1

Mineralogical Analysis of Virgin Concrete and Precipitates

The mineral composition of the virgin recycled concrete determined by XRF is
presented in Table 6.1 and compared with Ordinary Portland Cement (OPC),
aggregate, sand and concrete found in the literature in order to determine their
similarities and differences. Coarse natural sand and aggregates are enriched with
SiO2 (e.g. Limbachiya et al. (2007) reported 88.54% and 97.07% SiO2 , in coarse
natural sand and aggregate respectively), whereas OPC are enriched with CaO (e.g.
Giampaolo et al. (2002) reported 52.2% CaO). Compared to the OPC reported in
Giampaolo et al. (2002), which typically contained 52.2% CaO and 25.9% SiO2, the
results of the current study showed an abundance of SiO2 (66.2 ± 0.13%) and CaO
(9.79 ± 0.08%) within the virgin recycled concrete. This is because recycled concrete
aggregate used for this analysis contained abundant sand and aggregates in addition
to cement.
Table 6.1: Mineral composition of the virgin recycled concrete (%) used in column
experiments by XRF analysis (Spectro XEPOS) compared to Ordinary Portland
Cement (OPC), natural gravel, natural sand and concrete found in literature.
Metal
oxides
Na2O
MgO
Al2O3
SiO2
P2O5
K2O
CaO
TiO2
MnO
Fe2O3
LOI *

Virgin
concrete
(± SD) †
1.25 ± 0.03
1.23 ± 0.03
7.51 ± 0.07
66.2 ± 0.13
0.24 ± 0.01
1.64 ± 0.04
9.79 ± 0.08
0.46 ± 0.01
0.08 ± 0.04
3.54 ± 0.31
7.98 ± 0.23

Ordinary
Portland
Cement a
0.32
2.27
5.01
25.9
0.12
1.98
52.2
0.33
0.07
4.85
-

Natural Natural Concrete c
gravel b sand b
0.16
0.65
0.34
97.03
0.21
0.01
0.26
0.01
0.00
0.1
1.41

0.33
0.42
1.21
88.54
0.08
0.31
5.33
0.05
0.02
0.76
2.95

0.40
0.93
7.58
59.7
0.14
1.04
12.2
0.13
0.05
2.85
15.2

* LOI = Loss on ignition; † SD = standard deviation; a Giampaolo et al. (2002);
Limbachiya et al. (2007); c Blanco-Varela et al. (2005).

b

The recycled concrete aggregates used for this study and the PRB are based on OPC
of grades M25 and M30 with a water: cement ratio of 0.4:0.43 (Indraratna et al.,
2010) and from an ungraded mixture of concrete waste material. However, the
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results for the recycled concrete used in this study are similar to those reported for a
concrete (59.7% SiO2 and 12.2% CaO) studied by Blanco-Varela et al. (2005). The
SiO2 in the recycled concrete is chemically inert in the acid neutralisation processes.
However, the presence of CaO supports the role of the dissolution of C-A-H
compounds [e.g. anorthite (CaAl2SiO8)], portlandite (Ca(OH)2) and calcite (CaCO3),
respectively], from the recycled concrete in generating alkalinity and buffering the
acidic influent in the column experiment (Eqns. 5.2-5.7) as discussed in Chapter 5.
The occurrence of a small amount of Fe2O3 (3.54 ± 0.31%, by mass) within the
virgin recycled concrete supports the observation of Fe-bearing minerals within the
concrete fragments in the µCT images (see Figure 6.11 in Section 6.3.2 for further
discussion). The small standard deviation in the metal oxide composition showed
that variation in the metal oxide content within different batches of heterogeneous
concrete samples collected from the refuse depot was not significant. Due to small
amounts of trace elements present in the concrete (Table 6.2), they are not further
analysed for this study.
Table 6.2: Trace elements in virgin recycled concrete (ppm) used in column
experiments, determined by XRF analysis (Spectro XEPOS).

†

Trace
element
V
Cr
Co
Ni
Cu
Zn
Ga
Ge
As
Cl
Br

Amount (± SD) †
(ppm)
93.5 ± 7
123 ± 12.8
<3
11.5 ± 4.9
71.6 ± 9.5
44.5 ± 2.3
8.0 ± 0.5
< 0.5
2.8 ± 0.4
288 ± 28.2
1.1 ± 0.2

Trace
element
Rb
Sr
Y
Zr
Cd
Sn
Ba
Hg
Pb
Th
S

Amount (± SD) †
(ppm)
51.7 ± 1.9
263 ± 16.4
17.1 ± 0.5
146 ± 15.4
<2
6.3 ± 3.1
301 ± 15.5
1.1 ± 0.3
13.6 ± 4.1
5.8 ± 0.3
1385 ± 83.9

SD = standard deviation.

Furthermore, XRD analysis of the virgin recycled concrete corroborated the XRF
results (Figure 6.4a). The predominant mineral phases in the virgin concrete were
quartz (65.3%, by mass), anorthite (16.8%), albite (8.4%), ettringite (4.8%) and
calcite (4.4%) compared to the precipitates which are Al- [gibbsite (14.3%) and
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boehmite (10.9%)] and Fe-bearing [goethite (38.2%)] minerals (Figure 6.4a; Table
6.3). These results along with significant amount of CaO phase in XRF analysis of
the virgin concrete support the dissolution of anorthite, portlandite and calcite from
concrete described for the acid neutralisation behaviour of the recycled concrete in
Chapter 5.
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Figure 6.4: Qualitative XRD analysis of (a) virgin recycled concrete and (b)
precipitates (Spellman DF3 series generator with Philips Gomometer, 1 kW energy).

6.3.2

Mineralogical Analysis of Armoured Concrete

Identification of the minerals in the precipitates is also an important task for the
study of the acid neutralisation behaviour and chemical armouring of the recycled
concrete aggregates. Characterisation of the recycled concrete and the precipitates by
XRD and XRF confirmed that Ca-bearing minerals were the primary source of the

157

alkalinity from the recycled concrete whereas Al and Fe minerals were the main
precipitates formed during acid neutralisation process.

XRD Analysis
XRD analysis of the precipitates showed a broad diffractogram (Figure 6.4b) unlike
that of the virgin concrete due to the amorphous nature of the precipitates. Peaks of
quartz (SiO2) were observed, as it was difficult to separate the sand particles from the
precipitates during the extraction process (Figure 6.4b). The total percentage of Albearing minerals in the precipitates was 25.2% [gibbsite (14.3%) and boehmite
(10.9%)] compared to 38.2% for Fe-bearing minerals [goethite (38.2%)]. However,
disregarding the SiO2 present due to the collection of small particles of sand during
the precipitate extraction procedure, the total percentage of Al- and Fe-bearing
minerals are 39.8% and 60.3%, respectively, giving a ratio of Fe to Al of 60:40 (by
mass) similar to that observed in XRF analysis (Table 6.3). This result confirms the
stoichiometric results of Al and Fe precipitation from the column experiment.
Table 6.3. Mineral phases of virgin concrete and precipitates determined by
quantitative XRD (Spellman DF3 series generator with Philips Gomometer, 1 kW
energy).
Mineral
phase

Mineral
Formula

Quartz
Anorthite*
Calcite
Portlandite
Albite*
Ettringite*

SiO2
CaAl2Si2O8
CaCO3
Ca(OH)2
NaAlSi3O8
(CaO)6(Al2O3)
(SO3)3.32H2O
FeOOH
Al(OH)3
Al(OOH)

Goethite
Gibbsite
Boehmite
Total

Virgin
concrete
(%)
65.3
16.8
4.4
0.3
8.4
4.8

Precipitates
(%)

ND
ND
ND
100

38.2
14.3
10.9
100

* Feldspars; ND: Not detected.
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Normalised
precipitates
(%)

36.7
ND
ND
ND
ND
ND
60.3
22.6
17.2
100

XRF Analysis
The metal oxide composition (%, by mass) of samples of virgin concrete, armoured
concrete and precipitates are shown in Table 6.4. Higher levels of Al2O3 (10.6%
overall) and Fe2O3 (6.89% overall) were observed in the armoured concrete
compared to that of the virgin concrete (7.5% and 3.54%, respectively). Compared to
the virgin concrete, there was no significant change in the remaining metal oxides,
excepting these CaO, Fe2O3 and Al2O3, in the armoured concrete, indicating that they
were not involved in the acid neutralisation reactions.
Table 6.4. Metal oxide composition (%) of the virgin concrete, armoured concrete
and precipitates determined using XRF (Spectro XEPOS).
Metal
oxides

Na2O

Virgin
concrete
Average
(%)
1.25

Armoured concrete
10-30
cm (%)
2.13

30-50
cm (%)
1.70

MgO
Al2O3
SiO2
P2O5
K2O
CaO
TiO2
MnO
Fe2O3
LOI

1.23
7.51
66.2
0.24
1.64
9.79
0.46
0.08
3.54
7.98

1.70
10.9
68.0
0.36
2.33
3.45
0.64
0.08
5.45
4.84

1.75
10.2
67.7
0.31
2.07
4.72
0.58
0.08
4.78
5.99

Precipitates Normalised
(%)
Precipitates
(%)
Overall
(%)
1.33
1.19
1.17
10.6
67.0
0.26
1.71
4.60
0.50
0.06
6.89
5.65

0.85
19.1
18.7
0.13
0.31
1.09
0.33
0.03
26.2
30.9

42.2

57.8

LOI = Loss on ignition.

Armouring on the surface of the recycled concrete could result in a decrease in the
rate of mineral dissolution, finally decreasing the ANC of the reactive material. For
all metal oxides found in the armoured concrete, except CaO, a greater percentage
was observed in the bottom/middle zone of the column (0-30 cm) compared to the
top zone (30-50 cm). These results were comparable with the chemical analysis of
the precipitates from the bottom and top zones of the same column (Table 5.5).
Several authors have reported that chemical precipitation and clogging may occur
excessively near the inlet of the reactive materials and not homogeneously
distributed throughout the column (Li et al., 2005; Bilek, 2006). During the column
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experiment run, the precipitates were initially observed at the inlet and were formed
further up the column as the flow of acidic water continued with time, as discussed in
Chapter 5. The precipitates were not homogeneously distributed in the pore spaces
along the column, with larger amounts formed towards the bottom half of the column
rather than the top half (Regmi et al., 2011b). This was supported by the observed
greater percentage of Al and Fe oxides in the armoured concrete powder samples
towards the bottom/middle zone of the column (10-30 cm) compared to the top zone
(30-50 cm) (Table 6.4).
A precipitation front formed in the pore spaces parallel with the flow through the
column causing a decrease in hydraulic conductivity (Figure 5.12). The pH in the
lower parts of the column decreased rapidly with respect to time due to a fast
depletion of alkalinity at the advancing acid front. Therefore, in the beginning of the
column experiment, the recycled concrete located at the bottom of the column
reacted vigorously with acidic groundwater. As a result, precipitates were formed
towards the bottom of the column until complete depletion of the alkalinity/ANC of
the concrete in that part. After the depletion of bicarbonate alkalinity, there was a
lack of major buffering reactions to cause the minerals to precipitate. Although a
large amount of Fe was precipitated throughout the column, the mass of Fe
precipitates was higher in the bottom half (Regmi et al., 2011b). As the pH in the
bottom half of the column was maintained above the buffering point of ferric
hydroxides (> pH 2.8) by bicarbonate and Al buffering for large PVs of acid passed
through the column (up to ~480 PV), the Fe in the bottom half of the column
precipitated continuously until Al buffering was depleted. Since the experiment was
stopped 100 PVs after Al buffering depleted, the Fe minerals likely did not have
sufficient time to completely re-dissolve and precipitate in the top half of the column.
XRF results also show that 3.45 %, 4.72 % and 4.62 % CaO was present in the
armoured concrete within the bottom zone, top zone and overall, respectively, after
completion of column experiment A (Table 6.3). This illustrates that, although the
column was no longer able to neutralise acidity, the CaO content of the concrete was
not exhausted. Compared to the virgin recycled concrete, 65%, 52% and 53 % of
CaO were exhausted from the bottom zone, top zone and overall, respectively. The
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decrease in CaO by 47%, thus, correlates well with the decrease in the recycled
concretes’ ANC by ~50% by armouring of reactive media and nearly the same
amount by the exhaustion of the alkalinity of the material as demonstrated in Figure
5.12 (Chapter 5). The increase in Al2O3 and Fe2O3 in the armoured concrete is also
evidence of armouring of the reactive surface area of the concrete by the precipitates.
High LOI (30.9%) was observed due to the loss of hydroxyl groups from the
oxy/hydroxides in the precipitates at very high temperature. Because the precipitates
were extracted by filtration using a vacuum pump, small particles of sand were also
present in the precipitates. As a result, SiO2 (18.7%) was also observed in the
precipitates, which is similar to that observed in XRD. Disregarding this SiO2, the
major oxides in the precipitates were Al2O3 and Fe2O3. The ratio of Fe2O3 to Al2O3
was 58:42, which was similar to the ratio of Fe-bearing minerals and Al- bearing
minerals (60:40) found in XRD analysis. This result supports the mineralogical
analysis of the precipitates by QXRD confirming that precipitates of Fe and Al
oxy/hydroxides were formed inside the column due to the acid neutralisation
reactions occurring within the column.
The smaller percentage of Al2O3 (19.1%) within the precipitates compared to Fe2O3
(26.2%) can be linked to the pH-dependent solubility of Fe (pH 3.5) and Al (pH 4.0),
and the longer duration of Fe removal from the acidic influent, thus indicating that Fe
selectively precipitates on the surface of the recycled concrete. This hypothesis is
supported by the dense packing of the Fe-bearing precipitates in 3D (Figure 6.11,
discussed later on in this section) and that they often underlie the Al-bearing
precipitates.

Fourier Transform Infrared Spectroscopy Analysis
Vibrational frequencies measured by FTIR can indicate changes in the mineral
phases in the recycled concrete. FTIR spectra of the virgin concrete, armoured
concrete and precipitates are shown in Figure 6.5. The band between 3000 and 2500
cm-1 results from the presence of hydrogen bonds of varying strengths and the
stretching and deformation vibrations of O-H and H-O-H, respectively. For the virgin
concrete, the following bands can be observed:
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•

calcium hydroxide (Ca(OH)2) at 3630 and 2510 cm-1;

•

stretching at 2360 cm-1 possibly due to C-A-H compounds (Maitra et al.,
2005; Sakulich et al., 2009) that could not be separated by the filtering
process;

•

H-O-H at 1585 cm-1;

•

carbonate (CO32-) phases at 1463 and 875 cm-1 formed from CO2
incorporated in the concrete as it was mixed in air or during later carbonation;

•

stretching vibration at 1000 cm-1 of the orthosilicate unit SiO44- found in
aluminosilicates such as feldspars, due to cement hydration and SiO42vibrations relevant to hydrated cement at 1150-1000 cm-1 (Nakamoto, 2009;
Bignozzi et al., 2010).

The feldspar minerals anorthite (CaAl2Si2O8) and albite (NaAlSi3O8), found in the
virgin concrete (Table 6.3), can be differentiated in the spectra due to the presence of
O-H and Si-O groups (Stuart, 2004). Inner O-H groups in these minerals resulted in a
band near 3620 cm-1 and the stretching bands at 3669 and 3653 cm-1 are due to Si-OSi bonds. Compared with the virgin concrete, the armoured concrete and precipitates
show SiO44- bands shifted to lower frequencies suggesting a lower degree of
polymerisation of the silicate units in the presence of the precipitated minerals
(Hanna et al., 1995). A CO32- phase was not observed for the armoured concrete due
to the coating of predominantly Al- and Fe-bearing mineral precipitates on the
surface of the concrete and the lack of calcite (CaCO3) in the precipitates (Table 6.3).
The presence of H-O-H at 3500-3000 cm-1 and 1640 cm-1 for the precipitates can be
attributed to the presence of goethite (FeOOH) and boehmite (Al(OOH)).
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Figure 6.5: FTIR spectra of virgin recycled concrete, armoured concrete and
precipitates (Shimadzu IRPrestige-21).

6.3.3

Morphological Analysis of Armoured Concrete

The morphological characteristics of the armoured concrete were analysed using
SEM-EDS and µCT. The observation of the surface textures of the recycled concrete
aggregates before and after exposure to acidic water supports the column experiment
results (Chapter 5) with evidence for the formation of precipitates and subsequent
armouring of the concrete.
Scanning Electron Microscopy-Energy Dispersive Spectroscopy Analysis
SEM-EDS examination of the powdered virgin concrete revealed the presence of
particles of very diverse morphology and composition (Figure 6.6 inset). Further
EDS analysis showed that the virgin concrete was primarily composed of Si, Ca and
Fe, along with rounded particles essentially comprised of Al (Figure 6.6). The large
peaks of Si, moderate peaks for Ca and Al, and the small peaks for K, Fe and other
elements support the XRD and XRF results for the virgin concrete. Compared to the
crystalline structure of the virgin concrete, densely cloudy images were observed in
SEM analysis of the precipitates (Figure 6.7 inset and Figure 6.8). Conversely, the
dominant cations in the precipitates are Al and Fe (Figure 6.7 and Table 6.5),
confirming the precipitates were primarily Al- and Fe-bearing precipitates in the
form of hydroxide and oxyhydroxides.
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area
Figure 6.6:: EDS analysis of powdered virgin concrete for rectangle area.
Corresponding SEM image (inset) shows area analysed (JEOL Mini-cup,
Mini
20 kV
beam energy, JSM-6490
JSM
LA,
A, JEOL Australasia, 20 kV beam energy).

Figure 6.7:: EDS analysis of precipitates from column A for rectangle area.
Corresponding SEM image (inset) shows area analysed (JEOL Mini-cup,
Mini
20 kV
beam energy, JSM-6490
6490 LA, JEOL Australasia, 20 kV beam energy).
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Figure 6.8: SEM image of precipitates from column experiment A (15 kV beam
energy, 1000× magnification)(Regmi et al., 2009b).
The high level of Fe compared to Al in qualitative EDS analysis of the precipitates
(Table 6.5) provides evidence that more Fe precipitated than Al due to differences in
their solubility at pH 3.5 and 4.5, respectively. Furthermore, spectra of the armoured
concrete in preliminary SEM-EDS analysis (Figure 5.9) in Chapter 5 showed clearly
distinguished peaks of Al and Fe compared to the virgin concrete confirming the
coating of the recycled concrete by Al and Fe precipitates in the form of hydroxide
and oxyhydroxides during the column experiment.
Table 6.5. Comparison of metal oxide composition of the virgin concrete and
precipitates analysed by quantitative SEM-EDS (JEOL Mini-cup, 20 kV beam
energy, JSM-6490 LA, JEOL Australasia, 20 kV beam energy).
Element
C
O
Na
Mg
Al
Si
S
K
Ca
Fe

Mass (%)
Concrete Precipitate
17.46
17.14
44.57
44.00
0.50
0.06
0.76
0.12
3.21
4.52
19.80
2.40
0.15
2.62
1.08
0.02
8.87
0.25
3.60
28.20
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EDS analysis was also carried out on a cut section of the
Furthermore, SEM-EDS
armoured concrete to compare the SEM image and EDS results of the armoured
surface with the inner unarmoured concrete. The armoured and unarmoured portion
is clearly distinguishable in the SEM image (Figure
(
6.9),
), where a plain surface area
(Area 1) was observed towards the unarmoured part
art of the cut section and some
grains of precipitates (Area 2) were observed within the armoured part. EDS analyses
(Figure 6.10)) on these two selected areas show that
that silica was dominant in Area 1
(unarmoured) whereas Fe and Al were dominant in Area 2 (Armoured); thus
confirming coating of the recycled concrete by Al and Fe precipitates. Because of the
thick coating of Fe and Al precipitates on the surface of the recycled
recy
concrete,
negligible Ca is evident in Area 2 of the armoured concrete despite the XRF analysis
showing the presence of a significant amount of CaO (~50% of CaO within virgin
concrete, Table 6.6).
). The SEM-EDS
SEM EDS results clearly show that armouring minimised
exposure of the Ca-bearing
bearing minerals; thus reducing the efficiency of the concrete’s
reactivity.

concrete (1) unarmoured inner
Figure 6.9:: SEM image of a cut piece of armoured concrete:
surface of the concrete;
concrete (2) armoured outer section of the concrete (Indraratna et al.,
2010).
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Figure 6.10: EDS analysis of the rectangle areas in a cut piece of armoured concrete;
(a) Area 1 is unarmoured inner surface of the concrete; (b) Area 2 is armoured outer
section of the concrete (JEOL Mini-cup, 20 kV beam energy, JSM-6490 LA, JEOL
Australasia, 20 kV beam energy).
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Table 6.6: Quantitative elemental analysis of armoured concrete by SEM-EDS.
Element
O
Al
Si
K
Ca
Fe
Cl

Mass %
Area 1 Area 2
41.69
4.44
4.45
24.7
39.14
0.37
0.02
0.80
0.16
11.90
69.73
2.0
0.60

X-ray micro-computed tomography
µCT was used to image three fragments of armoured concrete in 3D to characterise
morphology and calculate the volume fraction of Al- and Fe-bearing precipitates
formed on the recycled concrete. In the tomograms (Figure 6.11a, c, e), the voids
appear black due to low X-ray density, Al-bearing minerals are grey due to
intermediate X-ray density and Fe-bearing minerals are white due to high X-ray
density. The images clearly show a small amount of Fe-bearing precipitates coating
the concrete grains, as was observed in the column experiment. Within the concrete
grains, a small amount of high density minerals were observed, indicating the
presence of Fe-bearing minerals. This was also observed in XRF and quantitative
XRD analysis, as discussed in Section 6.3.1. The concrete also contained significant
amounts of Al-bearing minerals (Regmi et al., 2009a); hence, the grey colouring of
the fragments in the tomograms (Figure 6.11a, c, e). This made it difficult to
distinguish the Al-bearing precipitates from the concrete fragments due to the similar
X-ray densities. However, Al-bearing precipitates can be seen as a thin layer coating
the edges of the concrete and abundant in the fine powders surrounding the concrete
grains (Figure 6.11b, d, f).
Different phases (mineral grains, Fe- and Al-bearing minerals) have different
attenuation values and may be distinguishable within the 3D data. The image data
were segmented into four different phases (matrix, Al- and Fe-bearing minerals, and
pores) based on their different attenuation values (Figure 6.11b, d, f) in order to
distinguish the mineral phases within the concrete grains. The Fe-bearing precipitates
were easily segmented from the Al-bearing precipitates due to their high X-ray
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density. However, the small amount of Fe-bearing minerals within the concrete
grains skewed volume calculations of the Fe-bearing precipitates. Despite the
difficultly in segmenting the Al-bearing precipitates from the concrete grains due to
their similar X-ray densities, this task was performed with reasonable accuracy
because the micro-porosity of the Al-precipitates caused a decrease in the X-ray
density determined.
3D representation of the armoured concrete grains, with the colour of the precipitates
adjusted for clarity (Figure 6.12), give a clearer indication of the position of Albearing (light coloured) and Fe-bearing (dark coloured) minerals coating the concrete
fragments.
Based on the segmentation results, the volume fraction of concrete grains, Al-bearing
precipitates and Fe-bearing precipitates were 81.6, 16.9 and 1.51, respectively. The
large volume fraction of Al-bearing precipitates is due to the combination of
microporous, low-density Al-bearing precipitates (Figure 6.11) and the small portion
of alumino-silicate mineral segmented within the concrete (details in XRD and XRF
analysis). Furthermore the small volume fraction of Fe-bearing precipitates indicate
that these precipitates concentrated at high density along the surface of the concrete
fragments whereas the Al-bearing minerals were of low density and scattered
spatially (Figure 6.11). Therefore, the relatively small volume fraction of Fe-bearing
minerals observed for the three concrete particles used for morphological analysis
does not represent the mass fraction of Fe:Al bearing precipitates (60:40) as observed
by XRD and XRF analyses. However, these 3D results clearly illustrate the thick
coating of Al and Fe precipitates on the surface of the concrete fragments, which
would cause decreases in reactive efficiency of the concrete. Thus, µCT images are
useful tools to illustrate the armouring effect qualitatively.
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(a) Tomogram slice from the x plane

(b) Segmented image from the x plane

(c) Tomogram slice from the y plane

(d) Segmented image from the y plane

(e) Tomogram slice from the z plane

(f) Segmented image from the z plane

Void
Concrete Grain

Al-bearing precipitate
Fe-bearing
bearing precipitate

Figure 6.11: µCT
CT scanning (a, c, e) tomogram images and (b, d, f) segmented images
from the same armoured concrete grain along three planes (x,
( y and z), respectively
(with 20003 voxels and voxel diameter of 4.41µm).
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Fe-bearing
minerals

Al-bearing
minerals
(b) Front view
Fe-bearing

(a) 3D image of armoured concrete

minerals

Al-bearing
minerals

(c) Back view
Figure 6.12:: (a) 3D representation of armoured concrete grain after µCT imaging; (b)
front view and (c) back view close-up
close
of Al-bearing
bearing (light coloured) and Fe-bearing
Fe
(dark coloured) minerals (Colour of precipitates in images were adjusted for clarity).

6.4

Summary

This chapter presented the mineralogical and morphological approaches for assessing
the performance of the recycled concrete aggregates and characterisation of the
precipitates formed as a result of these concrete aggregates being used as the reactive
media in a pilot-scale
scale PRB for the treatment of acidic groundwater in an acid
sulphate soil (ASS) terrain in southeast Australia.
Mineralogical analysis of the recycled concrete confirms the presence
presenc of a significant
amount of Ca-bearing
bearing minerals in the virgin concrete (anorthite (16.8%), albite
(8.4%), ettringite (4.8%) and calcite (4.4%)) whereas that of the precipitates shows
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Al- [gibbsite (14.3%) and boehmite (10.9%)] and Fe-bearing [goethite (38.2%)]
minerals. Densely cloudy images of the precipitates observed in SEM analysis with
dominant cations Al and Fe also confirmed that the precipitates were primarily Aland Fe-bearing precipitates in the form of hydroxide and oxyhydroxides. Al- and Febearing minerals within the precipitates were in the ratio of 60:40 (by mass).
Different types of mineralogical and morphological techniques were coupled to
illustrate the reduction of longevity of the recycled concrete by chemical armouring.
Using 3D µCT, XRF, XRD, SEM-EDS and FTIR, it was confirmed that: (a) the
neutralisation mechanism is controlled by the release of carbonate/bicarbonate
alkalinity from Ca-bearing minerals present in the concrete; (b) the neutralisation
reactions are caused by the precipitation of Al- and Fe-oxide, oxyhydroxide and
hydroxide minerals; and (c) Fe-bearing precipitates (e.g. goethite) were formed first
on the surface of the concrete fragments followed by Al-bearing precipitates (e.g.
gibbsite, boehmite).
The surfaces of the reactive media were coated with a thick layer of Fe and Al
precipitates, which was expected as the mineral precipitates readily formed in the
concrete columns until the pH decreased to 3 and 4.5, respectively. Elevated levels of
Al2O3 and Fe2O3 observed in the armoured concrete compared to that of the virgin
concrete confirmed the armouring of the reactive surface area of the concrete by the
precipitates. Results were more distinctly noticeable in SEM images and the 3D µCT
image of armoured concrete fragment. This 3D representation of the armoured
concrete grains shows that Fe-bearing precipitates are dense, concentrated along the
surface of the concrete fragments whereas the Al-bearing minerals were of low
density, and scattered spatially coating the edges of the concrete and abundant in the
fine powders surrounding the concrete grains.
The impact of armouring on decreasing the ANC of the concrete grains was
supported by a decrease in the alkalinity-generating phase CaO within the concrete
by 47%. The presence of a significant amount of CaO in the armoured concrete
throughout the column after completion of the column experiment confirms that
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although the column was no longer able to neutralise acidity, the CaO content of the
concrete was not exhausted due to chemical armouring.
In summary, the mineralogical and morphological results confirm and validate the
decline in ANC of the recycled concrete through characterisation of the virgin and
armoured concrete aggregates, and precipitates that formed on the concrete. 3D
image analysis proved a useful means for the examination of the porous architecture
of PRB materials in a novel yet quantified manner. Overall, the results confirm that
mineralogical and morphological analyses offer a very useful and insightful approach
for studying the performance of the reactive material.
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Chapter 7 Performance of Permeable Reactive
Barrier
7.1

Introduction

A potential solution for the treatment of acidic drainage from ASS is the installation
of a PRB. Baseline research (laboratory batch and short-term column experiments)
presented in Chapter 4 suggested that the application of recycled concrete aggregates
as the reactive material in a PRB would improve the groundwater quality. Therefore,
a pilot-scale PRB was installed in a shallow aquifer containing acidic water from
ASS affected agricultural farmland, Shoalhaven Floodplain, southeast NSW in
October 2006. Refer to Chapter 4 for details of the PRB layout and installation
process. Long-term column experiments described in Chapter 5 evaluated the
predominant neutralisation mechanics occurring within the PRB. However, the
performance of the first pilot-scale PRB is unknown and monitoring of its long-term
performance under variable environmental conditions is of paramount importance.
This chapter examines the performance of the PRB by comparing water quality data
up-gradient, inside and down-gradient of the PRB over a 4.5-year monitoring period.

7.2

Materials and Methods

A detailed network of observation well and piezometers were installed in transects
parallel to the groundwater flow and perpendicular to the PRB for monitoring the
performance of the PRB. Groundwater quality parameters, up-gradient, inside and
down-gradient of the PRB were compared along a transect a-a (Figure 4.4).
Groundwater samples were collected frequently from the observation wells in acid
washed polyethylene plastic bottles for analysis of basic cations (Ca2+, Mg2+, Na+,
K+), acidic cations (Al3+ and total Fe), anions (Cl- and SO42-), acidity and alkalinity.
Results from column experiments demonstrated that Ca2+, Al3+ and total Fe were the
elements of primary importance in the acid neutralisation mechanisms occurring
between the recycled concrete and the acidic groundwater. Therefore, these three
ions were frequently measured in the field samples. The remaining ions were found
to be chemically inert; therefore, they were measured quarterly each year.
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To collect the groundwater samples, a bailer made from a 1.5 m length of PVC pipe
was used. The bottles were rinsed 3 times prior to collection of the samples, after
which they were stored at 4oC during transportation to the laboratory. The samples
were filtered through 0.45 µm cellulose acetate filter paper in the laboratory. Samples
for cation analysis were acidified with 1% HNO3. Both acidified and non-acidified
samples were stored in a refrigerator at 4°C prior to analysis. All chemical analyses
were performed following the standard method for water and wastewater
examination (APHA, 1998), similar to the procedures followed in Chapter 5.
Groundwater elevation and water quality parameters such as pH, ORP, and
temperature were frequently measured in the field from October 2006 (immediately
after installation of the PRB) using a water level meter (dipper) and multi-parameter
field electrode probes (TPS WP 80D, TPS WP 81 and HI 1928). Rainfall data were
measured daily by a meteorology station within 5 km of the site. In addition, pH,
dissolved oxygen (DO), water pressure and temperature were recorded hourly by two
multi-parameter automated data loggers installed within the PRB.

7.3

Hydraulic Evaluation of the Study Site

The study site is characterised by a shallow groundwater zone in an unconfined
aquifer with groundwater levels ranging from ~ 0.5 to 1.8 m below the ground
surface, and fluctuating by an average of 0.3 m seasonally in response to winter
precipitation or dry periods (Indraratna et al., 2010). The average hydraulic
conductivity of the study site was 3.7 × 10-5 m/s, whereas the hydraulic conductivity
of the recycled concrete used in the PRB was in the range of 10 to 10-1 m/s
(Indraratna et al., 2010).
The flow of acidic groundwater from the soil matrix into adjacent surface waters is
related to the hydraulic gradient of the phreatic surface. In low-lying floodplains,
such as that on which the study site is located, the hydraulic gradient is controlled by
boundary (e.g. deep drains) and environmental conditions (e.g. fluctuation in rainfall
and evapotranspiration). Blunden and Indraratna (2001) reported that low surface
water elevations artificially created by one-way floodgates could maintain a strong
175

hydraulic gradient towards the drain in low-lying areas with deep flood mitigation
drains. A month before installation of the PRB (Figure 7.1), the site was
characterised by a relatively flat groundwater elevation and a rapid decrease in
elevation with proximity to the drain. Refer to Chapter 4 for further details.
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Figure 7.1: Piezometric head contour (m) for the study site during September 2006,
illustrating groundwater flow perpendicular to the drain.
Furthermore, groundwater elevation monitored throughout the study period (Figure
7.2a) shows that the hydraulic gradient consistently sloped towards the drain, with
the variation in groundwater elevation depending on groundwater recharge from
rainfall (Figure 7.2b). Because of a relatively flat and small study site (40 m × 30 m),
hydraulic gradient measured throughout the study period was also small as observed
by small changes in piezometric head. The average hydraulic gradient throughout the
study period was 0.006. Based on the measured hydraulic gradient and hydraulic
conductivity of the soil, estimated groundwater velocity at the study site during the
study period was ≤ 10 cm/day.
Prior to installation of the PRB, the piezometric head was steady in the range of -0.2
m to 0.2 m AHD. Notable declines in the groundwater table were observed in the
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study site immediately after installation of the PRB until the next heavy rainfall in
February 2007 (Figure 7.2b). This is thought to be a result of (a) a change in
hydraulic gradient by dewatering due to the construction of the trench for the PRB,
(b) water suction capacity of unsaturated recycled concrete inside the PRB, forcing
the PRB to act as a sink until it became fully saturated, and (c) a lack of rainfall
(Indraratna et al., 2010). The instability in the flow pattern, especially down-gradient
of the PRB, resulted in variable water quality in this zone until the recycled concrete
became saturated by heavy rainfall in March 2007 (Figure 7.2b). Since then, steady
groundwater flow has been observed, as indicated by the nearly parallel hydraulic
head in different piezometers over time.
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Figure 7.2: (a) Piezometric head up-gradient (P4-P6), inside (P7-P12) and downgradient (P1-P2) of PRB; (b) Rainfall (mm).
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The fluctuation in groundwater elevation after reaching steady-state flow has been
governed by variations in the weather (e.g. rainfall and evaporation) and the
infiltration capacity of the soil. As a result, significant rises and falls in groundwater
elevation was observed throughout the study period. Figure 7.2a shows that
groundwater elevation was mostly below 0.2 m AHD throughout the study period
and reached ~ -1 m AHD in the dry period (February 2009). This indicates that the
elevation of the watertable across the study site was primarily below the pyritic layer
(i.e. below the AASS zone between 0 to 1 m AHD, as discussed Chapter 4), thereby
enhancing pyrite oxidation. In dry periods, groundwater elevation decreased reaching
the transition zone between the AASS and PASS layers. During dry periods, the
watertable lowers and the pyritic layer is exposed to oxidation; hence, during small
rainfall events following a dry period, sulphuric acid is contained within the soil.

7.4

Performance of the Permeable Reactive Barrier

The performance of the pilot-scale PRB is illustrated by the spatial and temporal
distribution of water quality parameters such as groundwater pH and different ion
concentrations after installation of the PRB.

7.4.1

Acid Neutralisation

As described in Chapter 4, actual and potential acidity within the soil matrix is
abundant across the study site. Baseline monitoring of groundwater conditions before
PRB installation depict a strong acidic environment typical of pyrite oxidation. See
Chapter 4 for a detailed description. The groundwater elevation during the
monitoring period was primarily below the AASS layer (0-1 m AHD) as shown by
Figure 7.2; thereby enhancing ongoing pyrite oxidation. In dry periods, groundwater
elevation decreased and reached the transition zone between the AASS and PASS
layers. As a result, solubilisation and mobilisation of pyrite oxidation products are
the probable causes of acidic groundwater at the study site.
After installation of the PRB on 20th October 2006, the groundwater pH inside the
PRB increased slowly from 7.0 to 10.2 (Figure 7.3). This is lower than the increase
in pH to ~ 11.2 observed at the start of the column experiments (Figure 5.4). This is
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because the recycled concrete used in the PRB was not fully saturated in the early
installation phase, whereas the recycled concrete in the column experiments were
saturated with deionised water by flushing the column with 4 to 5 PVs before starting
the experiment. Therefore, the PRB monitoring period was considered unstable until
the concrete was fully saturated by heavy rainfall in March 2007. Since then, the
groundwater inside the PRB has consistently been alkaline to neutral (pH 10.2 to
7.2); thus illustrating the success of the pilot-scale PRB for neutralising acidic
groundwater. Down-gradient of the PRB, the pH did not increase immediately after
installation of the PRB due to variability in groundwater flow patterns, as discussed
in Section 4.3. However, upon reaching steady-state flow in February 2007, the
average pH down-gradient of the PRB started to increase and reached ~6.8.
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Figure 7.3: (a) Average groundwater pH up-gradient, inside and down-gradient of the
PRB (averages represent readings from 30 observation wells: 8 up-gradient, 10
inside and 12 down-gradient of the PRB); (b) Groundwater pH inside the PRB as
measured by data loggers.
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The groundwater pH up-gradient, inside and down-gradient of the PRB at different
time intervals (Figure 7.4) along transect a-a, also shows the significant improvement
in groundwater pH inside and down-gradient of the PRB. This clearly illustrates the
potential of the released alkaline groundwater from the PRB to improve the downgradient groundwater quality to some extent. The groundwater pH in most of the
observation wells located 5 m and 10 m down-gradient from the PRB increased to ~
6.0 and above (Figure 7.4). However, the groundwater pH varied greatly (range 4.27.5) down-gradient of the PRB. This is lower than the pH inside the PRB, but
significantly higher than the pH up-gradient of the PRB. The lower pH downgradient compared to that within the PRB is due to the: (i) production and mixing of
acid generated from pyrite oxidation in the soil in the down-gradient areas and the
inability of the PRB to control acid generation; (ii) possibility of acid mixing
(generated up-gradient of the PRB) from the sides of the PRB due to its small size;
(iii) dilution of the effluent from the PRB. In addition, low pH at some observation
wells down-gradient during some dry periods (e.g. November 2006 and 2008) is
possibly due to the flushing of large amounts of acidity stored within the soil by
small rainfall events.
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Figure 7.4: Groundwater pH along transect a-a at different time intervals.
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Low pH values (pH < 4.0) were observed at each observation well up-gradient of the
PRB (Figure 7.5); indicating the diffuse nature of acidic conditions at the study site.
Slightly higher pH was observed in OW4 after February 2010 reaching a peak of
6.76. This localised effect might be due to a lower amount of pyrite near OW4.
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Figure 7.5: Groundwater pH up-gradient of the PRB.
In ASS, high ORP measurements indicate the potential for pyrite oxidation, whereas
low ORP conditions are favourable for the reduction of SO42- to either innocuous
H2S or FeS2. The ORP in groundwater up-gradient of the PRB varies from 20 mV to
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470 mV (Figure 7.6) indicating strong oxidising conditions. The variation in ORP
depends on the diffusion of the atmospheric oxygen into the soil matrix and is
controlled by the groundwater elevation.
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Figure 7.6: Groundwater ORP up-gradient of the PRB.
The Cl-:SO42- ratio in groundwater at two observation wells (OW5 and OW4) upgradient of the PRB was consistently low, varying between 0.25 and 0.59 (Figure
7.7), and was consistent both spatially as well as temporally throughout the
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monitoring period. This is evidence that pyrite oxidation is occurring at the study
site, with little or no soil buffering capacity, thus generating acidic groundwater
(Regmi et al., 2009a; Indraratna et al., 2010). Refer to Chapter 4 for further details of
the Cl-:SO42- ratio during the baseline-monitoring period.
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Figure 7.7: Groundwater Chloride to Sulphate ratio up-gradient of the PRB.
The pH profile of observation wells inside the PRB (Figure 7.8) shows that the
groundwater initially reached a high pH of ~10.2, decreased to a pH of ~8.0 after a
few months followed by stability in the range of 8.0-7.0 towards the middle (OW 20,
OW22 and OW 24) and exit (OW 17, OW19 and OW23) zones of the PRB and 8.06.0 towards the entrance of the PRB (OW 18, OW21 and OW25). The maximum pH
value (~10.2) achieved by the recycled concrete inside the PRB is comparable to the
pH achieved (~11.2) by the release of hydroxyl and carbonate alkalinity from the
small amounts of portlandite (Eqn. 5.2) present in the recycled concrete during the
early stages of the column experiments. This supports the supposition of release of
hydroxyl and carbonate alkalinity from recycled concrete during the early stages
after PRB installation until pH >8.3.
After then, dissolution of the ca-bearing minerals (anorthite and calcite) from the
concrete (Eqns. 5.4-5.7) has been continuously releasing alkalinity (Figure 7.9) with
a potential to maintain the pH of the water inside the PRB to near neutral. The
average alkalinity generated from the recycled concrete inside the PRB has been
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maintaining ~200 mg/L CaCO3 (Figure 7.10) towards the end of 4.5 years
monitoring period. This indicates that progressive dissolution of these ca-bearing
minerals (anorthite and calcite) minerals has the potential to generate substantial
carbonate/bicarbonate alkalinity throughout their lifetime to bring the pH of the pore
water to near neutral.
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Figure 7.8: Groundwater pH inside the PRB (Entrance zone: OW18, OW21, OW25;
Middle zone: OW20, OW22, OW24, OW26; Exit zone: OW17, OW19, OW23).
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Figure 7.9: Groundwater Alkalinity inside the PRB (Entrance zone: OW18, OW21,
OW25; Middle zone: OW20, OW22, OW24, OW26; Exit zone: OW17, OW19,
OW23).
The current pH plateau in the neutral range (~8.0-6.0) (Figure 7.8) and high rate of
alkalinity generation (~200 mg/L CaCO3) (Figure 7.9 and Figure 7.10) at different
observation wells inside the PRB confirms that recycled concrete is an appropriate
material for neutralising acidic groundwater in a similar manner to the controlled
environment in the column experiments despite the variable field conditions. This pH
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plateau observed inside the PRB is consistent with the first pH plateau observed in
the column experiments caused by buffering by Ca-bearing minerals (i.e. anorthite,
feldspars and calcite). Since the groundwater pH inside the PRB is currently in the
range of the first pH plateau (8.0-7.0) due to release of bicaroboate alkalinity by Cabearing minerals, the 2nd and 3rd pH plateaus, which were observed in column
experiments, have not occurred. However, both the pH and alkalinity of the PRB
have been decreasing slowly at the entrance of the PRB (i.e. OW18 and OW25,
Figure 7.8 and Figure 7.9). This might be due to exhaustion of the alkalinity
generating minerals within the recycled concrete at the first point of contact with the
acidic groundwater as well as assumed armouring of the surface of the concrete by
precipitates.
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Figure 7.10: Average groundwater Alkalinity inside the PRB (averages represent
readings from 10 observation wells)
7.4.2

Metal Removal Capacity

The high concentrations of Al (1.5-62 mg/L) and Fe (4-290 mg/L) up-gradient of the
PRB (Figure 7.11). can be attributed to the aerobic (Indraratna et al., 2010) and
highly acidic conditions (Figure 7.5 and Figure 7.6). Ongoing monitoring of the
pilot-scale PRB showed that most of the Al3+ and Fe contained in the groundwater
precipitated rapidly when Ca-bearing alkaline minerals from the recycled concrete
started to dissolve and increased the groundwater pH. The average concentrations of
Al3+ and total Fe were consistently maintained < 2 and 0.5 mg/L, respectively, inside
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the PRB over the 4.5-year monitoring period. These results indicate the exceptional
removal efficiency (~ 95%) of the recycled concrete for both Al3+ and total Fe.
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Figure 7.11: (a) Al and (b) Total Fe concentrations in groundwater along transect aa at different time intervals.
3+

Although Al3+ and total Fe were removed by the PRB, their concentrations increased
with distance down-gradient from the PRB. The concentrations down-gradient were
higher than those inside the PRB, but lower than those up-gradient of the PRB. This
is likely due to the active and ongoing oxidation of pyrite in the soil, generating fresh
acid, and the liberation of these metals from the clay minerals in the soil. During
rainfall events, the treated groundwater from the PRB would mix with the in situ
acidic groundwater, thus causing an increase in Al and Fe concentration and decrease
in pH. It is also likely that some untreated groundwater from above, below and to the
side of the PRB flows towards the down-gradient monitoring area. Consequently, Al
and Fe concentrations in the down-gradient sometimes reached nearly the up187

gradient values, depending on the dilution of the initially stored ions and further
pyrite oxidation within that area. Therefore, although the PRB cannot prevent further
pyrite oxidation in the soil, the treated groundwater leaving the PRB can improve the
down-gradient water quality. The effectiveness of PRBs in ASS terrain could be
improved if constructed in series and a funnel-and-gate design is used to decrease the
risk of mixing with untreated groundwater.
Dissolved Al3+ in groundwater from observation wells up-gradient of the PRB
ranged from 1.5 mg/L (February 2009 in OW6) to 62 mg/L (December 2009 in
OW14) and averaged 34 mg/L from 2008 to 2010 (Figure 7.12). The solubility of
Al3+ in water is complex and reliant on several factors including ionic concentrations
and pH (Glamore, 2003). The elevated Al3+ concentrations shown in Figure 7.12 are
supposed to be primarily due to the dissolution of silicate clays and Al-bearing
minerals under acidic groundwater conditions similar to those reported by Glamore
(2003) and Blunden (2000) in ASS terrain on the Shoalhaven Floodplain. According
to ANZECC guidelines (2000), when the pH is < 6.5, Al3+ levels must not exceed
0.005 mmol/L (i.e. 0.54 mg/L). Throughout the study period, groundwater Al3+
concentrations up-gradient of the PRB generally exceeded this guideline by 2-3
orders of magnitude, similar to those observed during the 6-month baseline
monitoring period, as described in Chapter 4.
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Figure 7.12: Dissolved Al3+ concentration in groundwater up-gradient of the PRB.
Similarly, total Fe concentration up-gradient of the PRB (Figure 7.13) ranged from
3.3 mg/L (July 2009 in OW14) to 291 mg/L (February 2009 in OW6) with an
average concentration of 66 mg/L from 2008 to 2010. This indicates a strong pyrite
oxidation environment present within the sub-soil. ANZECC (2000) guidelines also
state that the concentration of dissolved Fe discharging to surface water should be <
0.009 mmol/L (i.e. 0.5 mg/L) for the protection of aquatic ecosystems as
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concentrations above this level have been associated with fish disease and
deoxygenation of surface waters. Total Fe concentrations were in excess of
ANZECC (2000) criteria in all the observation wells up-gradient of the PRB. Thus,
the groundwater at the study site needs proper remediation before discharge into the
nearby drain.
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Figure 7.13: Total Fe concentration in groundwater up-gradient of the PRB.
Negligible concentrations of Al3+ and total Fe in the groundwater inside the PRB
(Figure 7.15) compared to their high concentration in groundwater up-gradient of the
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PRB (Figure 7.12 and Figure 7.13) is due to the precipitation of Al and Fe within the
PRB. Speciation calculations carried out in PHREEQC (Parkhurst and Appelo, 1999)
by using water quality parameters inside the PRB shows positive SI values (Table
7.1) for Al hydroxide, gibbsite [Al(OH)3], and goethite [FeOOH] similar to values
observed in the column experiments (Figure 5.8). The results indicate that both Al
and Fe precipitated inside the PRB in the form of Al hydroxide, gibbsite [Al(OH)3],
and goethite [FeOOH].

Table 7.1: Saturation index (SI) of different minerals calculated using equilibrium
modelling based on water chemistry inside the PRB in July 2008.
Minerals
Chemical Formula
Al(OH) 3
Al(OH)3
Alunite
KAl3(SO4)2(OH)6
Anhydrite
CaSO4
Aragonite
CaCO3
Calcite
CaCO3
Dolomite
CaMg(CO3)2
Fe(OH)3
Fe(OH)3
Gibbsite
Al(OH)3
Goethite
FeOOH
Gypsum
CaSO4:2H2O
Halite
NaCl
Hematite
Fe2O3
Jarosite-K KFe3(SO4)2(OH)6
Melanterite
FeSO4:7H2O
Siderite
FeCO3

OW19
0.5
5.98
-0.74
-0.06
0.09
-0.11
-1.74
3.27
3.85
-0.5
-5.24
9.67
-11.93
-5.11
0.14

Saturation Index (SI)
OW21 OW22 OW23
1.69
-1.31
-0.46
9.02
-0.74
1.58
-0.73
-0.73
-0.74
-2.06
0.52
0.55
-1.91
0.67
0.7
-4.03
1.07
1.13
1.56
-2.14
-1.68
4.45
1.45
2.3
7.17
3.5
3.92
-0.49
-0.49
-0.49
-5.25
-5.41
-5.38
16.32
8.97
9.82
-2.46 -14.21 -13.19
-5.18
-5.91
-5.14
-1.92
-0.05
0.73

OW25
0.24
5.04
-0.72
0.18
0.33
0.37
-2.46
2.99
3.18
-0.48
-5.3
8.33
-14.02
-4.03
1.47

Note: OW21 and OW25 towards entrance , OW 22 towards middle, OW19 and OW23
towards exit of the PRB.

The speciation calculations could not confirm the minerals participating in the
dissolution-precipitation reactions. Therefore, inverse geochemical modelling was
carried out by considering all the possible minerals phases obtained in the speciation
calculation carried out on water samples from these 5 observation wells inside the
PRB, with respect to water sample from OW4 up-gradient of the PRB in July 2008.
The physical phase mole transfer of different minerals for participating in the
precipitation/dissolution mechanisms given by the inverse geochemical modelling
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(Table 7.2) re-confirms the precipitation of Al3+ and Fe as hydroxides and
oxyhydroxides.
Table 7.2: Physical Phase Mole Transfer of minerals from inverse geochemical
modelling (Regmi et al., 2009a).
Minerals

Chemical Formula

Al(OH)3
Alunite
Anhydrite
Aragonite
Calcite
Dolomite
Fe(OH)3
Gibbsite
Goethite
Gypsum
Halite
Hematite
Siderite

Al(OH)3
KAl3(SO4)2(OH)6
CaSO4
CaCO3
CaCO3
CaMg(CO3)2
Fe(OH)3
Al(OH)3
FeOOH
CaSO4:2H2O
NaCl
Fe2O3
FeCO3

Phase mole transfer
Minimum
Maximum
-4
-7.51× 10
-4.57×10-4
-4
-2.73×10
-1.27×10-4
-1.04×101
-6.58×100
1
-1.54×10
+8.55×10-3
-1.54×101
+8.55×10-3
-4
-9.5×10
-9.47×10-3
-3.47×10-3
-2.89×10-7
-6.23×10-4
-1.10×10-4
-3
-3.47×10
-2.89×10-7
+6.58×100
+1.04×101
-3
+3.89×10
+5.57×10-3
-1.74×10-3
-1.45×10-7
-3
-3.37×10
-7.64×10-4

+ sign dissolution, - sign precipitation

Excluding Ca2+, there were no discernible changes in the concentration of Na+, K+,
Mg2+, Al3+, total Fe, Cl- and SO42- in groundwater within the PRB compared to their
concentrations up-gradient of the PRB (Figure 7.14). This indicates that these ions
are not influenced by the neutralisation reactions occurring within the PRB. Average
Ca2+ concentrations up-gradient of the PRB varied from 110 to 150 mg/L during the
4.5-year monitoring period. Ca2+ was liberated from the recycled concrete inside the
PRB reaching a maximum concentration of 270 mg/L in June 2009 and was
continuously released during the monitoring period (e.g. 180 mg/L Ca2+ September
2010). As discussed in Chapter 5, the dissolution of Ca-bearing minerals such as
anorthite and calcite present in the recycled concrete has the potential to generate
large amounts of carbonate/bicarbonate alkalinity to bring the pore water to nearneutral pH. Consequently, the release of Ca inside the PRB is maintained high (130270 mg/L Ca2+) during the monitoring period, thus maintaining the groundwater pH
to near-neutral. Similar to this study, Robbins et al. (1999) also reported that SO42levels were unchanged in limestone drainage for concentrations < 2000 mg/L,
resulting in no gypsum precipitation as the concentrations of Ca2+ and SO42- were not
high enough to reach the solubility product of gypsum in equilibrium.
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Figure 7.14: Concentration of (A) Ca2+, (B) Mg2+, (C) K+, (D) Na+, (E) Cl-, and (F) SO42- in the groundwater inside and up-gradient of the PRB.

7.4.3

Removal of Trace Elements

The concentration of trace elements in the groundwater was also measured 18
months after installation of the PRB. The concentrations of trace elements were
already low in groundwater up-gradient of the PRB (Table 7.3) although some
exceed the ANZECC (2000) guidelines for fresh and marine water quality. The PRB
caused a decrease in the concentration of the trace elements measured but this
decrease did not bring their concentration to below the ANZECC limits in all cases.

Table 7.3: Concentration of trace metals in groundwater measured in October 2008
compared with the upper limits of ANZECC (2000) guidelines for fresh and marine
water quality (Indraratna et al., 2010).
Ions
Ag
As
Cd
Cr
Cu
Mn
Ni
Pb
Zn
Hg

Up-gradient
(mg/L)
<0.001
0.007
0.002
0.005
0.010
1.277
0.140
0.006
0.424
<0.001

Inside PRB
(mg/L)
<0.001
0.005
<0.001
0.004
0.003
0.428
0.018
0.002
0.018
<0.001

ANZECC upper
limit (mg/L)
N/A
0.024
0.0002
0.001
0.0014
1.9
0.011
0.0034
0.008
N/A

N/A: not applicable. The data was averaged from 8 wells upgradient and 10 wells inside the PRB.

7.4.4

Permeable Reactive Barrier Efficiency and Longevity

The ultimate success of the PRB will be determined by the longevity over which Cabearing mineral dissolution and metal oxy/hydroxide precipitation is maintained.
Due to maintenance of neutral to alkaline pH inside the PRB, Al and Fe precipitated
out of solution (e.g.: low concentrations inside the PRB shown in Figure 7.11 and
Figure 7.15) as hydroxides or oxyhydroxides as indicated by the XRD, XRF and
SEM results from the precipitates formed in the column experiment. See Chapter 6,
Regmi et al. (2009a) and Regmi et al. (2011b) for further details. Concrete samples
were removed from the PRB near OW26 (i.e. 40 cm from PRB entrance) three years
after the PRB was installed in order to study chemical armouring. These concrete
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samples had a negligible amount of precipitates coating the surface. This might be
due to the slow distribution of the precipitation front as the groundwater velocity
within the site is very small (<10 cm/day) and precipitation fronts might not have
reached that distance when they move forward after the ANC of the reactive media
towards the entrance of the PRB diminishes. While chemical armouring has not been
observed towards the middle of the PRB, this might have occurred towards the
entrance of the PRB.
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Figure 7.15: Maximum amount of groundwater Al3+ and Total Fe concentration
measured at three different zones of the PRB (Entrance zone: OW18, OW21, OW25;
Middle zone: OW20, OW22, OW24, OW26; Exit zone: OW17, OW19, OW23).
Slight decreases in the Al and Fe removal efficiencies towards the entrance of the
PRB (Figure 7.15) along with decrease in pH and alkalinity (e.g.: OW 18, OW25 in
Figure 7.8 and Figure 7.9) over the 4.5-year monitoring period indicate that some
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chemical armouring of the surface of the reactive media has occurred and affected
the reactivity of the recycled concrete at the entrance of the PRB. The two data
loggers, situated in the middle of the PRB, shows consistently neutral to alkaline pH
(Figure 7.3) with no sign of decrease in reactivity 0.6 m from the entrance of the
PRB, although slight fluctuations in pH was observed in the field with varying field
conditions.
The groundwater chemistry within the PRB, along with the results from the column
experiments, shows that Fe and Al are the dominant ions likely to cause the
deterioration in performance of the PRB (Indraratna et al., 2010). Even after 4.5
years of operation, the PRB maintains a high level of efficiency for removing Fe and
Al from the groundwater indicating that large amounts of precipitates must have
formed within the PRB. The precipitates are probably causing armouring on the
surface of the reactive materials towards the entrance of the PRB where the acidic
groundwater enriched with Fe and Al directly is exposed to the recycled concrete, as
demonstrated in the column experiment. The brown-yellow coating observed on the
surface of the data loggers 18 months after installation, indicated that precipitates
have been trapped in the voids and armouring is occurring at the entrance zone of the
PRB. The slight increase in the concentrations of Fe and Al in the observation wells
towards the entrance of the PRB (Figure 7.15) in the latter stage of the 4.5-year
monitoring period compared to the concentrations observed following the installation
period demonstrates that armouring effects have only just been initiated.
Furthermore, the porosity of the PRB is high due to large sized recycled concrete and
precipitates might have collected in the voids towards the entrance of the PRB over
time, which will take longer to fill due to the slow groundwater flow rate. Small
decreases in hydraulic conductivity of the recycled concrete used in the column
experiments (Chapter 5) has demonstrated that clogging of the PRB by the mineral
precipitates might not be a cause for failure of the PRB. Furthermore, because of the
larger sized recycled concrete used in the PRB (40 mm diameter) compared to the
column experiments (5.2 mm), clogging is not expected to occur inside the PRB.
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Observed steady piezometric head within the PRB over the 4.5-year monitoring
period after attaining steady state conditions in February 2007 (Figure 7.16) indicates
no threat of failure of the PRB from physical clogging. The continuous mineral
precipitation inside the PRB over time indicates that the effectiveness of the PRB
may decrease rapidly in the near future due to the decreased surface area of the
concrete by armouring effect, further decreasing the longevity of the PRB as
demonstrated by column experiments. Thus, the longevity of the PRB is uncertain
due to issues of pacification of the reactive media and long-term armouring, which
might be a limiting factor.
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Figure 7.16: Groundwater elevation inside the PRB with respect to time.
PRB longevity can be estimated by comparing the column experiment results
discussed in Chapter 5 with respect to the PRB dimensions and groundwater
velocity. The impact on longevity of other parameters such as particle size
distribution and porosity of the reactive materials was beyond the scope of this study.
The synthetic water used in column A (~pH 2.67 and acidity 645 mg/L CaCO3) was
slightly more acidic than the groundwater in the field (average pH ~3.7 and average
acidity ~550 mg/L eq as CaCO3) (Indraratna et al., 2010). In column A, 84 mg/L Fe
and 42 mg/L Al, and 645 mg/L CaCO3 equivalent acidity were removed with a
residence time of ~3.7 hr for a travel path length of 0.5 m. Assuming a groundwater
velocity in the aquifer of 5-10 cm/day (based on the piezometric head and hydraulic
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conductivity), estimated residence time through the PRB is 24-12 days for a PRB
thickness of 1.2 m. Therefore, the corresponding PRB residence time is ~156-78
times higher than the residence time in column A run with medium flow rate of 2.4
mL/min.
Considering the effects of retention period, armouring and the acidity of the synthetic
water used in column A and the duration of the Ca-buffering period in column A (~
40 days), estimated longevity of the PRB for maintaining near-neutral pH similar to
that observed in the column experiment is ~8.5 to 17 years depending on the
variation in groundwater velocity from 10 cm/day to 5 cm/day, respectively. This
indicates that the lower the velocity, the longer the lifetime of the PRB and vice
versa. The longevity of the PRB might be further reduced if the groundwater velocity
increases because of rainfall events.
In addition, the longevity of the PRB further depends on the amount of concrete used
and the seasonal changes in groundwater qualities in the field. The mass of the
concrete used inside the PRB is 80 tonnes, and ANC of the recycled concrete is 146
g/kg, corresponding to which a theoretical total neutralisation capacity of the
concrete used inside the PRB is 11.6 tonnes (Indraratna et al., 2010). Depending on
the variation in groundwater velocity (5 cm/day to 10 cm/day), the amount of acid
passed through the PRB per year is estimated to be ~550 × 103 L to ~1100 × 103 L
and the consumption of the reactive material is predicted to be ~0.35 and 0.70 tonnes
per year, respectively. This indicates that the material will be exhausted after 34-17
years corresponding to a groundwater velocity of 5 cm/day to 10 cm/day,
respectively, if there is no chemical armouring of the reactive media by Al and Fe
precipitates. However, it was observed from column A that the recycled concretes
ANC could be reduced by ~50% by armouring. Considering this, the longevity of the
PRB considering armouring and based on the acid flux passed through the PRB per
year would be 17 and 8.5 years for a groundwater velocity of 5 and 10 cm/day,
respectively, which is similar to the longevity predicted from the pH profile of the
column experiment.
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The estimated longevity from the pH profile and the current performance of the PRB
indicates that recycled concrete in the field will treat the acidic water for a longer
period, fulfilling the expectations of the local government for improving water
quality to protect the aquatic environments of nearby surface water sources.

7.5

Summary

This chapter presents the findings of the first pilot-scale PRB using recycled concrete
as the reactive material for the spot treatment of acidic groundwater in ASS terrain.
Monitoring data indicates that the recycled concrete has effectively maintained nearneutral pH and removed the main groundwater contaminants namely Al and Fe in a
manner similar to the column experiments over the 4.5-year monitoring period
following installation of the PRB. However, it only marginally improved the
groundwater chemistry down-gradient of the PRB due to on-going pyrite oxidation.
Monitoring of groundwater quality inside the PRB confirms that the water chemistry
is primarily controlled by the alkalinity generated by the dissolution of lime and
other Ca-bearing alkaline minerals in the concrete and the precipitation of insoluble
Al- and Fe-hydroxides and oxy-hydroxides, supporting the column experiment
results. The capacity of the PRB to continue to remove Fe and Al depends on the
following factors:
•

variation of the acidity of the groundwater due to pyrite oxidation;

•

long-term generation of alkalinity by the minerals present in the recycled
concrete; and

•

reduction of the reactive surface area by chemical armouring due to the
precipitated minerals

Overall, the PRB has performed well but slight decreases in the pH and Fe and Al
removal efficiencies towards the entrance of the PRB indicate that some chemical
armouring of the surface of the reactive media has occurred and affected the
reactivity of the recycled concrete in that zone. Continuous precipitation within the
PRB may, over time, decrease the surface area of the reactive material available for
neutralising acidity, thus decreasing the longevity of the PRB. It is, therefore, most
likely that armouring may be the limiting factor on the performance of the PRB
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similar to that shown in the column experiments and that longevity of the PRB is
uncertain due to issue of pacification of the reactive media and long-term armouring.
In contrast, chemical and physical clogging has negligible effects on the groundwater
flow characteristics of the PRB as reflected by a steady piezometric head within the
PRB throughout the monitoring period.
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Chapter 8 Development of Simple Reactive
Transport Model in ASS
8.1

Introduction

This chapter describes the multi-component reactive transport modelling undertaken
using the code MIN3P (Mayer, 1999) in order to analyse, quantify and discern the
acid neutralisation reactions occurring between recycled concrete and acidic
groundwater from ASS terrain. Formulation of the numerical reactive transport
model MIN3P is introduced and the conceptual model which describes the
controlling transport and reaction processes in the treatment system and forms the
basis for this modelling study is presented. The reaction network for the numerical
analysis is defined based on this conceptual model. One-dimensional reactive
transport modelling was conducted based on data from a laboratory column
experiment (Column A, Refer to Chapter 5 for further details) to describe the
geochemical evolution of groundwater along a flow path in the column experiment.
Model calibration was extended with simulation of two other column experiments
with different influent and column physical conditions. Validation was carried out
with respect to the pilot-scale PRB (See Chapter 7 for field data) along a transect
passing through the centre line of the PRB. Changes in the geochemical composition
of the contaminated groundwater within the PRB after treatment with recycled
concrete are also addressed. The processes potentially affecting the long-term
performance of the PRB were investigated.

8.2

Background Information on Reactive Transport Modelling Approach

In the modelling of the transport of reactive multi-chemical species, physical
transport is described by a set of partial differential equations (PDEs) and the
chemical reactions, under the assumption of equilibrium, are described by a set of
nonlinear algebraic equations (AEs). A large number of species and various
geochemical reaction processes need to be coupled with basic flow equations while
developing a solution of multicomponent reactive transport model. In such processbased reactive transport models, two distinct formulations (operator-splitting method
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(OSM) and global implicit method (GIM)) are commonly used for coupling physical
transport and geochemical reactions in chemically complex and heterogeneous
environments (Cederberg et al., 1985; Lichtner, 1985; Yeh and Tripathi, 1989; 1991;
Steefel and Lasaga, 1994). In both approaches, the advective–dispersive transport
equations are solved together, either simultaneously or sequentially, with the massaction and mass-balance equations for chemical reactions (Cederberg et al., 1985;
Lichtner, 1985; Yeh and Tripathi, 1989; 1991; Steefel and Lasaga, 1994). These
approaches are described as follows.
8.2.1

Operator-Splitting Method

In this approach, physical transport and geochemical reactions are solved
sequentially isolating the chemical reactions from the transport equation (Yeh and
Tripathi, 1989; Mayer, 1999). Assuming that all species are non-reactive or that the
reactions rates constant during the time-step, physical transport is described as a set
of linear PDEs, which are only connected in the spatial and temporal domain.
Geochemical reactions are assumed to be point equations (i.e. equations that do not
include spatial derivatives) and to be unaffected by the transport process during the
time-step. They are solved using a chemistry operator, which consists of a system of
nonlinear AEs in the case of equilibrium reactions or as a set of nonlinear ordinary
differential equations in the case of a fully-kinetic solution (Herzer and Kinzelbach,
1989). Thus, this approach divides the problem into two steps: (i) physical step and
(ii) chemical step, which are solved separately. Therefore, this approach is also called
a two-step approach or sequential iteration approach (SIA). These two steps are
connected by a source and sink term. Because this approach solves the reactions
separately and sequentially for each time-step, with or without iteration between the
set of equations, it allows for the use of an existing geochemical equilibrium model
such as PHREEQC or MINTEQA2 to model the geochemical equilibrium processes.
Brief discussions of the various methods used for the solution of the two-step
problem can be found in Yeh and Tripathi (1989).

8.2.2

Global Implicit Method

An alternative and popular approach for coupling the transport and geochemical
reactions is the global implicit method (GIM), where physical transport and
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geochemical reactions are solved simultaneously. Therefore, this method is called a
one-step approach. This approach can use either the mixed differential algebraic
equations (DAE) or direct substitution approach (DSA) to find a solution (Yeh and
Tripathi, 1989). In the DAE, chemical reaction expressions are not substituted into
the transport equations, but are solved simultaneously with the transport equations.
The problem is solved by treating the system as a set of simultaneous mixed
differential and algebraic equations (Yeh and Tripathi, 1989). This implies that all
the chemical species are retained as primary unknowns. On the other hand,
equilibrium expressions are substituted directly into the transport equations in the
DSA. This leads to a set of nonlinear PDEs, which are solved simultaneously. The
DSA can reduce the number of primary dependent variables greatly and has become
the standard method for the solution of reactive transport problems using the GIM. A
detailed procedure of the GIM is described in Mayer (1999).
Advantages and disadvantages of each method (OSM and GIM) are still being
debated in the literature. The OSM allows a more accurate transport solution (Steefel
and Lasaga, 1994) and takes less CPU memory and CPU time whereas the GIM
avoids numerical dispersion or mass balance errors introduced by the splitting of the
operators. Another key advantage of the GIM is that all the processes are treated
simultaneously in time, physical space and chemical reaction space and the method is
mass conservative (Mayer, 1999).
In order to handle the multitude of different problems and problem types that are
controlled by kinetic reactions using the above mentioned approaches, various ways
to model generality have been developed. Some models such as RT3D (Clement,
1997) introduce user-defined reactions by means of additional source code that can
be linked to the program and allow the user to predefine reaction packages. However,
RT3D does not include equilibrium reactions. PHREEQC V.2 (Parkhurst and
Appelo, 1999) allows for the inclusion of general kinetically-controlled reactions
through a Visual Basic interface but is limited to one spatial dimension. In addition,
inclusion of such different user-defined kinetically-controlled reactions requires
significant pre-processing, thus reducing the efficiency of the model. As a
consequence, there is the need for a capable, versatile and flexible model to handle a
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wide range of geochemical problems in a variable saturated system within a single
model, which can be applied to one, two or three dimensions. MIN3P (Mayer, 1999)
integrates a generalised kinetically-controlled reaction network, along with the
general equilibrium reactions and physical transport processes into a single
mechanistic multi-component reactive transport model. Several case studies of
contamination in variably saturated media demonstrate the versatility of the
generalised formulation (Mayer et al., 2002; Jurjovec et al., 2004; Mayer and
MacQuarrie, 2010) in MIN3P. Therefore, MIN3P which utilises the GIM, was
chosen in this study for the solution of reactive transport equations in saturated
porous media of the PRB.

8.3

Model Description

The numerical finite volume model MIN3P (Mayer, 1999; Mayer et al., 2002) was
chosen to model the acid neutralisation behaviour of recycled concrete and simulate
flow and reactive transport in the laboratory column experiments and pilot-scale PRB
in ASS terrain. MIN3P is a general-purpose multi-component reactive transport code
for variably saturated porous media. The code is based on the DSA and employs the
GIM for solution of the model equations. In the DSA, equilibrium expressions are
substituted directly into the transport equation. This method can reduce the number
of primary dependent variables (PDVs) and primary unknowns and has been used as
the standard method for the solution of reactive transport problems using the GIM
(Yeh and Tripathi, 1989). Spatial discretisation is performed based on the finite
volume method, which is equivalent to the block-centred finite difference method for
regular geometry and allows for conducting simulations in one, two and three spatial
dimensions. Fully implicit time weighting is used for temporal discretisation of the
governing equations, as further described in Appendix A.
To maximise versatility during model formulation in MIN3P, all reactions, including
the kinetically–controlled reactions can be defined through a database (for
laboratory–derived rate expressions) or through an external input file (for userspecified rate expressions) (Mayer, 1999; Mayer et al., 2002). The reaction network
is designed to consider intra-aqueous as well as dissolution-precipitation reactions.
The reactive transport process in this model considers advective-dispersive transport,
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aqueous

complexation,

oxidation-reduction

reactions,

mineral

dissolution-

precipitation, ion exchange and surface complexation.
It is of paramount importance to demonstrate that the selected code for this study is
able to solve the governing equations adequately and reliably. Due to the strong nonlinear nature of groundwater flow and the contaminant transport process, it is
difficult to rigorously test the code with an analytical solution. In such a situation,
code inter-comparisons are the most suitable method to verify code accuracy and
assess model performance. The transport and reaction modules of MIN3P have been
extensively verified for different complexities encompassing both equilibrium and
kinetic reactions (Mayer and MacQuarrie, 2010) and have been used for various
applications including AMD generation and attenuation (Bain et al., 2001;
Brookfield et al., 2006), AMD remediation using PRBs (Mayer et al., 2006), the
biodegradation of organics (Mayer et al., 2001; Watson et al., 2003) and the
evaluation of redox stability in deep crystalline rock formations considered for deep
geologic repositories for nuclear waste (Spiessl et al., 2008). Therefore, this study
does not reconsider code validation. The geochemistry behind acid production by
pyrite oxidation in ASS terrain is similar to the geochemistry in AMD and the code
considers the entire reaction network needed for reactive transport in ASS and has
already been validated. Thus, MIN3P is suitable for use in this study. However there
are some limitations of the model. The model domain must of regular (line, planer
rectangular or 3D block), thus does not consider irregular domain geometry.
Furthermore, additional reactions and transport process (e.g.: adsorption, surface
complexation, diffusion-controlled dissolution-precipitation reactions), consideration
of reaction processes in stagnant pore water, mass transfer between stagnant and
moving pore water etc are not considered in MIN3P coding. For example, mass
transfer process between mobile and stagnant water which will have significant
impact on the pyrite oxidation and concentrations of dissolved species is not
considered in MIN3P.

8.4

Development of the Conceptual Model

Mineralogical analysis of the recycled concrete by XRD as described in Chapter 6
(Table 6.3) showed an abundance of quartz (~ 65.3%), anorthite (16.8%), calcite
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(4.4%) and a small amount of portlandite (0.3%). The major portion of the solid
phase in the reactive mixture (i.e. silica) is considered to be non-reactive. The
minerals associated with recycled concrete also include various forms such as albite
and ettringite. Portlandite and calcite found in the recycled concrete are the
commonly used minerals for the treatment of acidic groundwater enriched with
dissolved metals. During the dissolution of hydroxide and carbonate minerals, forms
of C-A-H and C-S-H minerals (e.g. feldspars such as anorthite, albite and ettringite
identified by XRD analysis) may also dissolve simultaneously, thus consuming H+
and releasing H4SiO4 and Al3+. The dissolution of C-A-H and C-S-H alone is
generally not rapid enough to buffer the pore water to a specific pH. Such reactions,
however, do consume H+ and contribute to the overall acid neutralisation potential of
the recycled concrete used in this study. In this conceptual model, dissolution of
anorthite was considered, because a significant amount of anorthite was found within
the virgin recycled concrete. See Chapter 6 for further details on mineralogical
analysis of the recycled concrete.
The conceptual model is based on data from the column experiments (Chapter 5) and
field studies of the pilot-scale PRB (Chapter 7). According to the proposed
conceptual model, the pore water is alkaline (pH >9) when acidic water comes in
contact with the recycled concrete due to the presence of portlandite (Ca(OH)2) in the
recycled concrete according to the following reaction:
Ca*OH+, + 2H. → Ca,. + 2H, O

(8.1)

After the depletion of portlandite, the pH is maintained near-neutral as long as
sufficient amounts of Ca-bearing minerals (calcite and anorthite) are present in the
recycled concrete and the flow rate is slow enough to reach equilibrium conditions.
CaAl, SiO0 + 8H. → Ca,. + 2Al2. + 2H3 SiO3
CaCO2 + 2H. ↔ Ca,. + H, CO2

(8.2)
(8.3)

CaCO2 + H, CO2 ↔ Ca,. + 2HCO5
2

(8.4)

CO, + H, O ↔ H, CO2

(8.5)

In addition to H+ consumption, Al and other metals released from aluminosilicate
minerals (e.g. anorthite) may accumulate as secondary products (e.g. amorphous
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Al(OH)3 or gibbsite) that act as secondary pH buffers. Furthermore, high
concentrations of Al3+ and Fe3+ in the groundwater in ASS terrain also precipitate as
gibbsite (Eqn. 8.6) and ferrihydrite (Eqn. 8.7) during the dissolution of Ca-bearing
minerals:
Al2. + 3H, O ↔ Al*OH+2*+ + 3H.
*6+

(8.6)

Fe2. + 3H, O ↔ Fe*OH+2*+ + 3H.
*6+

(8.7)

After all of the Ca-bearing minerals have dissolved, the pH of the pore water would
decrease and be controlled by gibbsite dissolution and be maintained near pH 4. This
is followed by the dissolution of iron hydroxides at pH < 3.
8.5
8.5.1

Theoretical Development
Flow and Transport Equations

The conceptual model can be described in mathematical form by two sets of
governing equations, one for groundwater flow under saturated conditions and the
other for multi-component reactive transport in saturated media as described in
Chapter 3. The governing equations for flow and transport (Eqns. 3.1 and 3.2)
presented in Chapter 3 are re-written as Eqns. 8.8 and 8.9 respectively in this section
to make easy to understand the theoretical development of geochemical simulation
and expressed as :
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For fully saturated conditions, the general advection-dispersion equation 8.9 can be
simplified as:
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Geochemical Relationship

Due to many advantages of the GIM compared to OSM, as described earlier in
Section 1.2, GIM is used to couple the flow and reactive transport equations in
MIN3P where the geochemical reaction expressions are directly substituted into the
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transport equation (Eqn. 8.10). Geochemical equilibrium reactions are directly
substituted into the total concentration terms  and  , for aqueous and surface
species, respectively. Kinetically-controlled reactions are considered in the internal
source-sink term !" , while additions or losses of mass of mineral across the

domain boundaries are considered in the external source-sink term   . Thus, to
complete the system of governing equations in reactive transport and to describe the
change in mineral quantities over time, an additional set of mass conservation
equations are needed. The conservation law for the change in mineral mass is used
for updating the change in minerals and is given as (Steefel and Lasaga, 1994):
78
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(8.11)

where, ?: is the volume fraction of the mineral (m3min/m3bulk); 9:; is the mineral

molar volume (Lmin/mol); <:; is the overall reaction rate for the mineral (mol/Lbulk/s),
which controls dissolution-precipitation reactions; and Nm is the number of minerals.
According to Eqn. 8.11, changes in minerals present in the recycled concrete used in
the conceptual model while treating acidic groundwater from ASS terrain can be
represented as:
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(8.13)
(8.14)

The volume fractions of the minerals are calculated based on their density and their
percentage observed through mineralogical analysis (see Section 8.7, Table 8.4 and
Chapter 6 for XRD details).
Chemical reactions in MIN3P can be equilibrium-controlled using the law of mass
action or they can be kinetically-controlled. Dissolution-precipitation reactions are
considered as kinetically-controlled processes and can be used to approximate
mineral equilibrium if the reaction rates are sufficiently fast. All remaining reactions
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such as oxidation-reduction and ion exchange are assumed rapid compared to the
transport processes and are described as equilibrium-controlled. The consumption or
production of aqueous components due to kinetically-controlled intra-aqueous or
dissolution-precipitation reactions is calculated from their corresponding reaction
rates. For kinetic reactions, the reaction rates <:; in Eqns. 8.11-8.14 are user-defined
and can take many forms (Mayer et al., 2002). Two main formulations for
kinetically-controlled dissolution-precipitation reactions adopted in MIN3P are given
by the dissolution-precipitation reactions (Eqns. 8.15-8.16):
;,RR

<:; = −:

S1 −

<:; = −: :; ! "
;,RR

where, :

IAP8
W8

X

(8.15)
(8.16)

is the effective rate constant (mol/Lbulk/s); IAPk is the ion activity

product; Kk is the equilibrium constant; Sk is the reactive surface area of the grains
(m2min/Lbulk); :; is the specific rate constant (mol1-nLnH2O/m2mineral/s); and Ti is the
aqueous phase concentration (mol/LH2O) of the rate-controlling component i.
Eqn. 8.15 is used for mineral dissolution-precipitation reactions when the surface
area is not measured. For example, to estimate the amount of minerals depleted from
recycled concrete while treating acidic groundwater at each simulation time, as
shown by Eqns. 8.12-8.14, the reaction rates for the minerals assumed in this
conceptual model are calculated using:
)E)!,RR
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S1 −

IAP8
W8

IAP8
W8

X

X

(8.18)
(8.19)

The solubility product (Kk) of each mineral is constant for a particular chemical
reaction and is taken from the MIN3P database. The reaction stoichiometry and
mineral equilibrium constants for the minerals from recycled concrete reacting with
acidic groundwater from ASS terrain are described in Section 8.5.3. See Table 8.5
for mineral equilibrium constants. The IAP for each mineral is calculated from the
chemical reaction during simulation under equilibrium conditions. Effective rate
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;,RR

constants *:

+ for each mineral are assumed and are based initially on available

literature data or laboratory experiment data and calibrated with the observed data
(Table 8.6). In this study, reaction rates for each mineral participating in the chemical
reactions between recycled concrete and acidic groundwater were calculated using
calibrated rate coefficients from literature data and IAPs and equilibrium constants as
described by Eqns. 8.17-8.19. These rates, along with the mineral volume fraction
and solubility product of the minerals, are used in Eqns. 8.12-8.14 to calculate the
depletion of the minerals at each simulation time.

Furthermore, the mineral reactivity (RR
) can be assumed to be constant or can be a

function of the time-dependent mineral volume fraction, according to Mayer et al.,
(2002):
7C
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[
where, RR
is the mineral reactivity at time t = 0; ? [ and ?  are the mineral volume

fractions at t = 0 and t, respectively; and n is an exponent which can take the value n
= 2/3 (‘‘two-thirds’’ model) or n = 0 (constant rate).
A rate that decreases with a decrease in mineral volume fraction can be used to
account for a decreasing reactive surface area or for the build-up of non-reactive
surface coatings on the mineral grains. The two-thirds model, which calculates a new

rate of mineral reactivity (RR
) at each time-step, was considered in this study.

8.5.3

Total Concentration and Source/Sink Term

MIN3P uses the DSA for the calculation of dependent primary variables in the
reactive transport modelling. Therefore, the total concentration terms in Eqn. 8.10
can be envisioned as mass balance equations for the components and they implicitly
include all equilibrium reactions. The total aqueous component concentrations ( )
provide the basis for the DSA and combine primary (component) and dependent
(complexed) aqueous species (Kirkner and Reeves, 1988; Steefel and Lasaga, 1994).
 in multicomponent reactive transport, as defined by several researchers (Kirkner
and Reeves, 1988; Yeh and Tripathi, 1989; Steefel and Lasaga, 1994; Lichtner,
1996), can be expressed as:
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b

c
 = _) + ∑!de
a! _!

(8.21)

where, _) is the concentration of the components as species in solution (mol/L H2O);
a! is the stoichiometric coefficient of the complexed species components; Nx defines

the number of complexed species in the system; and _! is the concentration of

dissolved complexed species (mol/L H2O).
The concentration _! is evaluated using equilibrium relationships based on the law
of mass action (Mayer et al., 2002).
Non-competitive sorption, equilibrium ion exchange and surface complexation
reactions enter the global mass balance equations through the total concentration
term  . For example, for calculating the multi-component reactive transport of total
aqueous phase component Ca based on the concentration of Ca and the possible
secondary aqueous components (CaOH+, CaHCO3+, CaCO3(aq), CaSO4(aq), CaHSO4+
with Ca+2), the following equation is used:

)
f
= _f
+ ae _e + a, _, + a2 _2 + a3 _3 + ag _g

(8.22)

where, C1, C2, C3, C4 and C5 are the concentrations of dissolved complexed species
CaOH+, CaHCO3+, CaCO3(aq), CaSO4(aq), and CaHSO4+ respectively; and ae , a, , a2 ,
a3 , ag are the corresponding stoichiometric coefficients.

The source-sink term !" quantifies the consumption or production of aqueous
components due to the sum of all kinetically-controlled intra-aqueous reactions and
mineral dissolution-precipitation reactions:
 
; ;
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h!
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(8.23)


;
where, <! defines the rate of intra-aqueous reactions; h!
and h!
define

stoichiometric coefficients of the components in the kinetic reactions; and Na,kin and
Nm,kin are the number of kinetically-controlled intra-aqueous and dissolutionprecipitation reactions, respectively.
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8.6

Numerical Implementation

The governing equations for variably saturated flow and reactive transport presented
in Section 8.5 are both nonlinear and require an iterative solution. MIN3P utilises
Newton’s method to linearise the system of equations for both flow and reactive
transport following standard techniques (Paniconi and Putti, 1994). The finite
volume method (Patankar, 1980), which is equivalent to the block-centred finite
difference method for regular geometries, is used for spatial discretisation (Figure
8.1) in this code. The method is locally mass-conservative, which is a necessary
requirement for the solution of reactive transport using the GIM (Mayer et al., 2002).
The wide range in time scales of physical and geochemical processes can lead to a
stiff system of the equations when centred time weighting is used for reactive
transport (Hindmarsh and Petzold, 1995). Furthermore, the partly explicit nature of
centred time weighting may limit the time-step size dramatically. Therefore, centred
time weighting is not practical for reactive transport problems and is not considered
in this model. Rather, fully implicit time weighting is used for the temporal
discretisation of the governing equations. The code uses implicit time weighting and
provides a choice of various spatial weighting schemes for advective transport,
including the upstream weighting approach, which was applied for this study. For
details of spatial and temporal discretisation of governing equations, refer to
Appendix A.
All reactions included in the model formulation can be accessed through a database
and an external input file in MIN3P. This formulation permits adjustment of the
model equations and selection of the appropriate rate expressions to suit a wide range
of problems that involve equilibrium- and kinetically-controlled reactions. MIN3P
utilises the thermodynamic database defining geochemical reactions derived from
MINTEQA2 v3.0 (Allison et al., 1991), modified to be consistent with the
thermodynamic data compiled for WATEQ4F (Ball and Nordstrom, 1991).
Reactions not contained in the database, including kinetically-controlled reactions,
can also be defined without altering or recompiling the code. It is only necessary to
define the relevant reaction parameters which are stored in compressed format. This
approach leads to memory savings and minimises computational requirements.
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Figure 8.1: Schematic diagram of (a)1D, (b) 2D and (c) 3D finite volume (equivalent
block-centered finite difference) grid system (Zheng and Wang, 1999)
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8.7

Implementation of the Bench Scale Problem

As discussed in Chapter 3, general assessment of PRB performance using field data
is not simple because of several factors such as site-specific geochemical and
hydrogeological conditions (Phillips et al., 2000), aquifer heterogeneity (Warner and
Sorel, 2002) and the relatively long period over which mineral deposition occurs
inside the PRB (Vikesland et al., 2003). Analysing the field data with a calibrated
flow and reactive transport model that simulates mineral precipitation and the impact
on hydraulic behaviour of PRBs (Liang et al., 2000; Mayer et al., 2001; Yabusaki,
2001) can be an alternative approach. One dimensional numerical simulation of
would be helpful in order to capture the full range of reactive processes and the
complex geochemical reactions occurring inside the PRB (Bain et al., 2001). Firstly,
multi-component reactive transport simulations were undertaken for quantitative
simulation of the remediation process for the more controlled conditions in the
laboratory column experiments. The focus of this study was to develop a simple
conceptual model using reactive transport modelling, based on the detailed data set
obtained from the column influent and effluent chemistry, and to investigate how the
mineralogical assemblage within the recycled concrete affects the change in pH and
long-term metal removal capability of the reactive mixture. Secondly, the model was
used for the performance study of the field PRB under varying field conditions.
Three different scenarios discussed in Chapter 5 were considered by simulating the
three different types of influents used in the column experiments to study the acid
neutralisation behaviour and elucidate the roles of Al and Fe during the remediation
process:
(1) Column C1 simulated the average geochemical characteristics of the
groundwater in ASS terrain measured fortnightly for six months from the
observation wells located up-gradient of the PRB;
(2) Column C2 was used to elucidate the impact of high Fe concentration (16.4
mM i.e. 920 mg/L) on the acid neutralisation behaviour and reactivity of the
recycled concrete by increasing the concentration of this cation; and
(3) Column C3 was used to elucidate the impact of high Al concentration (16.4
mM i.e. 460 mg/L) on the acid neutralisation behaviour and reactivity of the
recycled concrete by increasing the concentration of this cation.
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Columns C2 and C3 experiments were conducted with a solution containing only one
of these cations i.e. either Al or Fe. The concentration of these cations were the
highest values recorded in groundwater from ASS terrain previously reported by
Regmi et al. (2011b) and were approximately 10 times that of the average measured
in groundwater at the field site.
Experimental results from column C1 (as described in Chapter 5), were used for
calibration of the model reaction kinetics parameters, whereas the results from
columns C2 and C3 were used for validating the calibrated parameters (reaction
kinetics) independently for higher concentrations of Al and Fe, respectively and
different flow rates.

Solution domain
Each column experiment was considered as a vertical 1D column and a 1D model
domain was defined to simulate the laboratory column experiments. Each column
was packed with 10 cm of silica sand at the bottom, followed by 50 cm of recycled
concrete and then topped with 5 cm silica sand (Figure 8.2). Therefore, the
simulation was also divided into three zones: bottom inert zone (0-10 cm) with non
reactive sand, reactive zone (10-60 cm) with recycled concrete towards the middle
and top inert zone (60-65 cm) with the sand. The length of the domain was set to 65
cm, which was consistent with the length of the experimental column. The domain
was discretised uniformly into 65, 1 cm control volumes.
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Figure 8.2: One dimensional discretisation of the solution domain in column
experiment
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Physical parameters
Physical properties used in the model, as measured in the column experiments, are
listed in Table 8.1 and were assumed homogeneous throughout the entire solution
domain. A longitudinal dispersivity of 0.065 m was applied, which is consistent with
the system scale (0.1 times length of the media) (Gelhar et al., 1992). Since the flow
was advective flow under a controlled flow system of high flux and the simulation
was one dimensional, transverse dispersivity and diffusion coefficients were
neglected in this study.
Table 8.1: Physical parameters of the column experiment
Physical parameters
Porosity (%)
Hydraulic conductivity (m/s)
Mass of concrete (kg)
Flow rate (mL/min)

C1

C2

C3

53
9.87×10-4
1.200
2.4

56
8.67×10-4
1.258
1.2

55
8.67×10-4
1.283
1.2

The simulation of C1 was run for a 150 day period, whereas C2 and C3 were run for
40 days, which was slightly longer than the actual experimental duration of the
corresponding column (90, 35 and 35 days for C1, C2 and C3, respectively). The
time-steps for the simulation varied from a minimum of 8.64 × 10-4 s to a maximum
of 0.5 days. The column temperature used in the model was assumed to be 25 °C as
the column experiments were conducted at room temperature (23-25 °C).

Initial and boundary flow conditions
Schematic diagram of the boundary conditions are shown in Figure 8.3. For this
modelling study, the flow system was modelled as a fully saturated flow with initial
head of 0.92 m. The inflow boundary condition (bottom of the column i.e. 0 cm) for
flow simulation was set as a constant flux/ second type boundary (Neumann
condition) with flow rates of 2.4, 1.2 and 1.2 mL/min for Columns C1, C2 and C3,
respectively, which were consistent with the flow rate of the laboratory column
experiments (Table 8.1). The outflow boundary condition for flow simulation (0.65
m from bottom of the column) was set as a specified head/first type boundary
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condition (Dirichlet condition) to reflect a constant head of 0.92 m in the column
experiments (Figure 8.3).
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Figure 8.3: Boundary conditions in one dimensional discretised solution domain of
the columns
Chemical parameters
The acidic groundwater composition was based on observed laboratory tests, as
described in Table 8.2, and was used as input data for MIN3P to simulate the column
experiments. The geochemistry of the influent, as shown in Table 8.2, was
considered as the initial concentration of ions towards the bottom of the column
whereas pore water chemistry of the column with deionised water before running the
experiment (Table 8.3) was used as the initial concentration for the reactive zone
(10-60 cm) and top zone (60-65 cm).
Table 8.2: Input solutions from column experiments and are used as initial and
boundary conditions for the model
Composition of influent
pH
Na+ (mM)
K+ (mM)
Ca2+ (mM)
Mg2+ (mM )
Al3+ (mM)
Total Fe (mM)
Cl- (mM)
SO42- (mM)
217

C1

C2

C3

2.67
19.14
1.07
2.86
3.7
1.85
1.5
23
12.1

2.12
19.14
1.07
2.86
3.7
0
16.47
23
12.1

3.18
19.14
1.07
2.86
3.7
17
0
23
12.1

Table 8.3: Initial pore water chemistry of the column filled with recycled concrete
and are used as initial conditions inside the column for model
Parameter
pH (-)
Na+ (mM)
K+ (mM)
Ca2+ (mM)
Mg2+ (mM)
Al3+ (mM)
Total Fe (mM)
Cl- (mM)
SO42- (mM)
CO32- (mM)

Value
10.4
1.65
0.46
2.86
0.2
< 0.02
< 0.01
0.65
2.8
1.67

The acidic groundwater compositions of the influent (Table 8.2) were used as
constant source towards the bottom of the column. Therefore, specified mass flux/
third type (Cauchy type boundary condition) with this influent concentration was
considered as the bottom boundary condition of the column. Since the dissolved ions
after chemical reaction in the reactive zone, were transported towards the top sand
zone and collected as free fall from the top of the column, free exit boundary/second
type (Neumann type boundary condition) was considered for the outflow boundary
concentration at 65 cm from the bottom of the column.
Incorporating all the minerals present in recycled concrete (Table 6.3, Chapter 6)
makes the model more complex, time consuming and creates difficulties in the
interpretation of the results. In addition, developing a model that accurately simulates
all geochemical processes of all possible minerals at a time is more complicated and
is considered as beyond the scope of this study. Under such conditions, developing a
model considering the most relevant minerals for capturing the acid neutralisation
behaviour of the recycled concrete (reactive media) for contaminated groundwater
from ASS terrain is the main objective of this study. Therefore, despite the presence
of different minerals in the recycled concrete, simplified mineralogical compositions
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of the recycled concrete used in the reactive zone (10-60 cm) of the column for the
simulation of the proposed conceptual model are summarised in Table 8.4.

Table 8.4: Mineral densities, mass and volume fraction of the minerals used in the
model based on XRD data (Solid and volume fractions are measured as m3
minerals/m3bulk)
Mineral

Mineral

Density

Weight

Solid

Volume

phase

formula

(gm/cm3)

percent (%)

fraction

fraction

Portlandite

Ca(OH)2

2.32

0.3

0.004

0.002

Anorthite

CaAl2Si2O8

2.76

16.8

0.192

0.090

Calcite

CaCO3

2.71

4.4

0.051

0.024

Gibbsite

Al(OH)3

2.35

Unidentified

Unidentified Unidentified

Ferrihydrite Fe(OH)3

4.37

Unidentified

Unidentified Unidentified

Aqueous components
All simulations considered 12 primary aqueous components (Ca2+, Mg2+, Na+, K+,
Fe3+, Al3+, H+, SO42-, CO32-, Cl1-, O2 and H4SiO4), 42 secondary aqueous species
(complexes which are relevant over the anticipated pH range), two gases (O2 and
CO2) and five minerals (only the primary components are transported, Table 8.4). On
the basis of the observed changes to the groundwater chemistry from the columns
filled with recycled concrete (Regmi et al., 2011b), primary aqueous components
were chosen. The 42 possible secondary aqueous species were determined by
running the simulation based on the water chemistry data only (Table 8.2 and Table
8.3) with no mineral input in MIN3P, similar to the steps used in Amos et al. (2004),
and were used as an input parameter in the model. To confirm the minerals
participating in the chemical reaction, as a first approximation, the homogeneous
reactions were modelled as equilibrium reactions using the stoichiometry and
thermodynamics from the PHREEQC 2.15 database (refer to Regmi et al.,(2011b)
and Chapter 5 for details) with a temperature of 25 oC. Based on XRD results of the
recycled concrete and the precipitates (Regmi et al., 2011a) and the SI from the
equilibrium modelling

(Regmi et al., 2011b), five minerals were selected.

Precipitation of secondary minerals was assumed to be the primary mechanism for
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removing Al and Fe in hydroxide form from the solution inside the column with the
dissolution of Ca-bearing minerals.
Mineral rates calibration
Mineral dissolution-precipitation reactions were modelled as kinetically-controlled
reactions. The mineral reactions and their solubility constants describe the reaction
stoichiometric constants of the mineral dissolution-precipitation reactions considered
in the model (Table 8.5). The mineral phases are classified as primary or secondary
mineral phases. Primary mineral phases refer to minerals present in the recycled
concrete before the beginning of the simulation. Secondary mineral phases refer to
minerals that were allowed to precipitate during the simulation when the solution
reached equilibrium with respect to that particular phase. The solubility constants for
all the reactions are from well established databases and always remain constant for
that particular reaction. The solubility constants of the different minerals were used
in Eqn. 8.15 to calculate the reaction rate of the minerals in the model. Furthermore,
the rate expression presented in Eqn. 8.15 allows for calibration of the rate constants
(Table 8.5) and simultaneous honouring of the thermodynamic constraints of the
reactions.
Table 8.5: Reaction stoichiometry and mineral equilibrium constants (Kkm) for
primary and secondary minerals (equilibrium constants sourced from MIN3P model
database) (From Mayer et al., (2002) and Chou et al. (1989))
Mineral

Mineral Formula/Reaction

Log Kkm

Notes

-22.80

Primary

Phase
Portlandite

Ca(OH)2 + 2H+ ↔ Ca2+ + 2H2O
+

2+

3+

Anorthite

CaAl2Si2O8+ 8H → Ca + 2Al + 2H4SiO4

-25.43

Primary

Calcite

(i) CaCO3 + H2O ↔ Ca2+ + HCO3- + OH-

-0.051

Primary

(ii) CaCO3 + H2CO3 ↔ Ca2+ + 2HCO3-

-6.817

(iii) CaCO3 + H+ ↔ Ca2+ + HCO3-

-3.301

Gibbsite

Al(OH)3 + 3H+ ↔ Al3+ + 3H2O

8.11

Secondary

Ferrihydrite

Fe(OH)3 + 3H+ ↔ Fe3+ + 3H2O

4.891

Secondary

In general, reaction rates for the simulation of chemical reactions inside the PRB are
either determined in laboratory experiments using groundwater from the field site or
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synthetic groundwater. The effective rate constants, therefore, are influenced by
interactions with other dissolved species and can be applied directly in the modelling
study, provided that laboratory conditions are representative for conditions
encountered in the field. However, such laboratory derived rate constants may not
account for complex interactions between reduced and oxidised species as they are
based on ideal, single component experiments. Therefore, calibration has to be
carried out to determine the effective rate constants from laboratory experiments with
an objective to reproduce concentrations of dissolved reactant and product species
similar to those observed in the experiment. In addition, effective rate constants can
also be determined by taking the data from literature for a particular reaction and
calibrating it until the simulation results match well with the experimental results.
Such multi-component reactive transport modelling with calibrated reaction rates are
used to provide a way to test our understanding of reactive transport at the particular
contaminated site and to systematically identify plausible process mechanisms.
Results of column C1 were used for the estimation of reaction rate constants. In this
study, it was not possible to accurately calculate the reaction rates constants from the
experiment because of difficulties in distinguishing the amount of Ca2+ released by
several types of Ca-bearing minerals such as anorthite and calcite present in the
recycled concrete. Therefore, initial effective rate constants of the reactions were
estimated from literature data (Table 8.6) and calibrated until the simulated results
matched well with the experimental results from column C1.
Table 8.6: Effective rate constants used in the simulation of column C1
Mineral
phase

Effective rate constants

Calibrated effective rate
constants

(Kk

m,eff

) (mol/Lbulk /s) in literature

(Kkm,eff) (mol/Lbulk /s)
Anorthite
Calcite
Portlandite

2.27×10-13

-

7.1×10-7

(1.00×10-6)a

1.97×10-12

Gibbsite

2.1×10-7

(9.0×10-7 – 1.0×10-8)a

Ferrihydrite

4.76×10-7

(1.0×10-7 – 1.2×10-8)a

a

Source: Ouangrawa et al. (2009) and Jurjovec et al. (2004).
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8.8
8.8.1

Results and Discussion
Model Calibration

A comparison of the observed and simulated effluent chemistry from column C1 is
presented in Figure 8.3 to Figure 8.7 showing the evolution of pH, alkalinity, Ca2+,
total Fe and Al3+ concentrations with respect to time. The dependence of the column
effluent pH with the three buffering minerals (Table 8.5) assumed in the conceptual
model (e.g. portlandite, anorthite and calcite) is clearly illustrated in Figure 8.4a
where the predicted pH matched well with the magnitude and duration of the
measured pH-plateaus in the experiment. The good fit using the calibrated rate
kinetics suggests that the simplification of the complex array of reactions and
assumptions in the development of conceptual model are valid. The results of the
reactive transport modelling show that the initial high pH (~11) was maintained by
the dissolution of a small volume fraction (0.002) of portlandite from the recycled
concrete aggregates. The short duration (~ 5 days) of this strong alkaline-ranged pH
based on the calibrated rate kinetics of portlandite matches the experimental results.
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Figure 8.4: Simulated vs. Experimental (a) effluent pH; (b) Alkalinity for column C1
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The decline in alkalinity during the early stages of the simulation from 0.5 mM as
CaCO3 (Day 0) to 0 mM as CaCO3 (Day 5) (Figure 8.4b) supports the hypothesis
that until the effluent reaches a pH of 8 or below, the pH is maintained by hydroxide
alkalinity generated by the dissolution of portlandite in the recycled concrete
aggregates. Upon depletion of portlandite, the model effluent pH decreased and nearneutral pH (pH 7.3–6.5) was maintained until 40 days by the presence of a
significant amount of anorthite (16.8 wt. %) and calcite (4.4 wt. %) in the recycled
concrete aggregates. This is in very good agreement with the observed experimental
data (effluent pH as well as pH of the water sample from the end of concrete zone i.e.
60 cm from sand zone), whereby the pH was maintained between 7.9 and 6.5. The
model result suggests that alkalinity increased slowly reaching a peak value of 2.25
mM as CaCO3 (Figure 8.4b) at Day 18 due to slow buffering by anorthite and calcite.
Numerical modelling carried out by Mayer (1999) suggested that consideration of
calcite-only dissolution in numerical modelling (i.e. neglecting the contribution of
carbon dioxide (CO2) degassing and formation of carbonic acid (H2CO3) on calcite
buffering) could contribute to a lower pH of 5.85, whereas effluent pH could be
buffered to near-neutral pH (pH 5.85-7.0) when considered the effect of degassing.
Thus, inclusion of the hydrolysis reaction between H2CO3 and HCO3- in calcite
dissolution is important to model the buffering effect of calcite more accurately for
maintaining neutral pH. In this modelling work too, inclusion of three steps of calcite
dissolution including the degassing effect (Eqns. 8.2 to 8.5) following Chou et al.
(1989) maintained a pH of 6.5 similar to that suggested by Mayer (1999).
The simulation simplified the chemical reactions by considering three major minerals
present in the recycled concrete in sequence (Table 8.4). Therefore, in the simulation,
when the mineral volume fraction of anorthite and calcite became zero, the model
had no Ca-bearing minerals left for generating alkalinity into the system and the pH
and alkalinity dropped quickly (Day 36) unlike the gradual drop in pH and alkalinity
in the experiment until Day 60. However, this discrepancy is very small and can be
neglected.
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In general, the shape and magnitude of the alkalinity curve predicted by the model is
similar to the alkalinity curve for the column experiment. However, the model peak
in alkalinity to 2.25 mM as CaCO3 at Day 18 is slightly under-predicted compared to
the experimental result (2.67 mM as CaCO3). One possible reason for such a
discrepancy is the simplification of the modelling parameters because not all the Cabearing minerals (e.g.: albite, ettringite) found in XRD analysis were used in the
development of the conceptual model. Furthermore, the effluent collected during the
experiment was exposed to atmospheric CO2 and the pH measured in the laboratory
was under unsealed conditions. Observed effluent pH was stable towards pH 7.8
compared to the plateau at the range of pH 7.8- 6.5 for the water sample collected
from the end of concrete zone (60 cm from bottom sand zone) (Figure 8.4).
Geochemical speciation calculation of the influent acidic water used in the column
experiment C1 for reaching equilibrium with (a) calcite alone and (b) calcite with
atmospheric CO2 in PHREEQC also resulted in two different equilibria pH values
(6.6 and 7.8, respectively). This indicates that the effluent pH in the column
experiment might be in equilibrium with atmospheric CO2 after completion of
chemical reactions with calcite; thus resulting in a slightly higher effluent pH
compared to the modelling results. Further equilibrium of the effluent with
atmospheric CO2 after completion of the chemical reactions inside the column was
not modelled due to lack of information about the amount of CO2 mixing with the
effluent water during the experiment. It has also been observed that pH of the water
sample collected immediately from the end of concrete zone in column experiment
fitted well with the modelling result. This is supposed to be due to the absence of
atmospheric CO2 in water collected from sampling port at 60 cm unlike to effluent
water sample. Nevertheless, both experimental data fitted well with modelling result.
The conceptual model successfully captured the release of Ca2+ by the dissolution of
Ca-bearing minerals from the recycled concrete aggregates during the first pH
plateau (Figure 8.5), supporting the assumed reactions in the model. The simulated
effluent Ca2+ concentration matched the decrease in Ca2+ in the beginning of the
experiment and its increase in concentration during carbonate/bicarbonate buffering,
following the alkalinity profile. The simulation results shows that Ca2+ concentration
dropped rapidly to below 4.5 mM at Day 36 after the calcite buffering finished.
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However, the laboratory experiment shows a higher effluent Ca2+ concentration
compared to the simulated concentration after Day 36. As discussed earlier in this
section, Ca2+ can be released by the dissolution of other Ca-bearing minerals present
in C-S-H and C-A-H in the recycled concrete. However, in order to simplify the
model, only portlandite, anorthite and calcite were considered in this simulation. As a
result, after complete depletion of these three minerals at Day 36, the simulation
could not accurately capture the higher Ca2+ concentration observed in the column
experiment. Nevertheless, the simulated results for this simplified model are
promising as it could capture the magnitude, duration and pattern of Ca2+
concentration until the end of first pH plateau. Furthermore, since the variation in the
simulated and experimental results for both Ca2+ concentration and alkalinity were
not significantly high, it can be concluded that the contribution of other Ca-bearing
minerals, except the minerals assumed in this conceptual model for acid
neutralisation, was very small. Thus, development of this simple reactive transport
model by neglecting the remaining minerals present in the concrete is justifiable.
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Figure 8.5: Simulated vs. experimental effluent Ca2+ concentration for Column C1
The assumption in the conceptual model of gibbsite precipitating as a secondary
mineral is clearly illustrated by the zero Al3+ concentration in the effluent during the
Ca-bearing minerals’ buffering period (Day 0 to Day 36) (Figure 8.6). This also
confirms that the model accurately predicted the removal of Al3+ from the influent
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due to the precipitation of gibbsite until the end of this buffering period. Gibbsite,
which was unidentified in the recycled concrete aggregate at the start of the
experiment, precipitated as discrete pulses due to high pH and alkalinity generated by
the three Ca-bearing minerals in the recycled concrete aggregates until Day 36 at the
leading edge of the high concentration Al3+ influent front (Figure 8.4 and Figure 8.6).
Buffering by anorthite and calcite was then followed by the dissolution of gibbsite at
the second pH plateau (~ pH 4.0) and the subsequent dissolution of ferrihydrite
precipitates and buffering to pH 2.8. The simulated effluent pH also follows two
plateaus that are linked to the buffering by Ca-bearing minerals and aluminium
hydroxides (i.e. gibbsite). During gibbsite buffering after Day 36, the simulated Al3+
increased rapidly indicating that the simulated high concentration of Al3+ was
derived from the rapid dissolution of gibbsite during the early phase of Al-buffering
in the model. Changes in Al3+ concentrations in column C1 during the gibbsite
buffering period (Day 36 to Day 72) were not as abrupt as predicted by the model. A
small amount of alkalinity remained within column C1 until Day 60 (< 0.5 mM as
CaCO3), which could have controlled to some extent the Al3+ concentration by the
partial precipitation of gibbsite. In contrast, in the simplified model after the
complete depletion of calcite at Day 36, there was no other source of alkalinity
generating minerals other than gibbsite. Consequently, the simulation based on this
conceptual model over-predicted the magnitude of Al3+ concentrations in the effluent
during the early phase of this period and the Al3+ concentration (1.8.mM) remained
slightly higher than the influent concentration (1.5.mM) after the complete
dissolution of gibbsite. Furthermore, since the simulation was one dimensional, the
lateral dispersivity and diffusion parameters were not considered in the model to
simplify the simulation of flow and transport of column experiment. This could also
lead to the prediction of the higher Al3+ concentrations compared to the
concentrations observed in the column experiment. Although the model overpredicted the amount of Al3+ dissolution during the early phase of Al- buffering, it
accurately predicted the pattern and duration of gibbsite dissolution.
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Figure 8.6: Simulated vs. experimental effluent Al3+ concentration for Column C1
Similar to gibbsite precipitation, ferrihydrite precipitation is also clearly illustrated
by the simulated zero concentration of total Fe in the effluent (Figure 8.7) from Day
36 to Day 72, which is similar to the experimental results (Figure 8.7). After the
completion of gibbsite buffering, dissolved ferrihydrite buffered the pH by releasing
Fe into solution, as indicated by the rapid increase in total Fe after Day 72. However,
the trend of total Fe predicted by the model was not verified due to limited
experimental data and termination of the experiment at Day 90 (because the effluent
pH had reached acidic conditions). Nevertheless, complete removal of total Fe until
the end of gibbsite buffering and the subsequent rising trend in total Fe concentration
in the model is a good fit to the experimental results. This confirms that the inclusion
of ferrihydrite precipitation and dissolution in the model successfully simulated the
changes in total Fe concentration.
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Figure 8.7: Simulated vs. experimental effluent total Fe concentration for column C1
Thus, it can be reported that kinetically-controlled dissolution of primary minerals
(portlandite, anorthite and calcite) and dissolution-precipitation of secondary
minerals (gibbsite and ferrihydrite) predicts the effluent water pH and the
concentration of Al3+ and total Fe. One of the issues for the difference between the
experimental and simulated data is the uncertainty in the mineralogical analysis of
the recycled concrete aggregates. This uncertainty can arise from sample
heterogeneity as well as from limitations in the analytical equipment (e.g. precision,
especially for low fraction minerals, and differentiation of structurally similar but
chemically distinct minerals). The 30-40 years old waste concrete sourced from
demolition sites was heterogeneous due to different batches of concretes from
different sources. Furthermore, quantification of minerals from observed peaks in
XRD diffractograms can lead to error (± 10%) in the estimation of the weight
fraction of the minerals due to the precision of analytical equipment whose results
are mainly used for qualitative analysis. In addition, simplifying the model by
considering only three minerals and neglecting the contribution of the remaining
minerals (e.g. feldspars) may also account for the minor discrepancies between the
experimental and simulated values.
In addition to the complexity in the mineralogy of the recycled concrete, various
conceptual models and simulation results are possible. For example, there were
several types of Al-bearing (gibbsite, boehmite, aluminium hydroxide and aluminium
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oxides) and Fe-bearing secondary minerals (ferrihydrite and goethite) at high pH
when the acidic water enriched with dissolved Al3+ and total Fe were buffered by Cabearing minerals (Regmi et al., 2011b). The incorporation of all these minerals and
calibrating their reaction kinetics makes the model more complex, time consuming
and difficulties would arise in the interpretation of the results. Developing a model
that accurately simulates all geochemical processes of all possible minerals at a
particular time is more complicated and is beyond the scope of this study. Under
such conditions, the development of a model using simplified parameters to capture
the acid neutralisation behaviour of the recycled concrete for treating contaminated
groundwater from ASS is more important.
Nevertheless, the overall fit between the simulated and observed data is good,
considering the complex array of reactions and the inherent simplifications and
assumptions in the modelling. This agreement suggests that the model assumptions
are valid and provides confidence in making longer-term predictions on the effluent
characteristics for column experiments simulating the treatment of acidic
groundwater from ASS terrain using recycled concrete aggregates.

8.8.2

Extended Calibration of Minerals’ Rate Kinetics

To ensure that the calibrated reaction rate constants used to simulate column C1 are
suitable for determining the reaction kinetics between recycled concrete and
contaminated groundwater from ASS terrain, these effective rate constants (Table
8.6) were used to simulate results from column C2 and C3, which had different
influent parameters (Table 8.2). The effective rate constants used for column C2 did
not include the dissolution-precipitation of Al-bearing minerals and the effective rate
constants used for column C3 did not include the dissolution-precipitation of Febearing minerals (Table 8.7). In these two simulations, the change in boundary
conditions compared to column C1 were as follows: (a) flow rates for column C2 and
C3 (1.2 mL/min) were half the flow rate of column C1 (2.4 mL/min) and (b) there
was a high concentration of one acidic ion (Al3+ or total Fe). Grid discretisation and
other parameters were similar to column C1.
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Table 8.7: Calibrated effective rate constants from column C1 for the simulation of
columns C2 and C3
Mineral phase

Effective rate constants
(Kkm,eff) (mol/ Lbulk /s)

Anorthite
Calcite
Portlandite
Gibbsite
Ferrihydrite

C2

C3

2.27×10-13

2.27×10-13

7.1×10-7

7.1×10-7

1.97×10-12

1.97×10-12

Not applicable

2.19×10-8

4.76×10-7

Not applicable

Simulated results for columns C2 and C3 using mineral reaction kinetics fit well with
the experimental results (Figure 8.8 to Figure 8.10). The pH decreased rapidly from
11 to 8.5 from Day 0 to Day 1 of the simulation period due to the depletion of a
small amount of portlandite present in the recycled concrete aggregates (Figure 8.8).
The pH gradually decreased to neutral with an increase in alkalinity (Figure 8.9) due
to the dissolution of anorthite and calcite after 3 days. Unlike the gradual decrease in
pH in the experiments with columns C2 and C3, the decrease in pH in the simulated
results was quick, after which the decreasing pattern of pH is comparable. This might
be due to possibility of slightly higher weight fraction of portlandite in the
heterogeneous concrete of the column experiments than the weight fraction of
portlandite considered in this model. Furthermore, uncertainties exist for the accurate
estimation of the weight fraction of the minerals present in such heterogeneous
material. However, the peak pH value of 11 and its decreasing pattern during the
early stages of the simulation and the subsequent maintenance of neutral pH matches
well with the experimental data for these two columns. This indicates that the
reaction kinetics of the Ca-bearing minerals and their rate expressions are valid for
simulating the acid neutralisation behaviour of recycled concrete under different
influent conditions.
In columns C2 and C3, two pH plateaus were observed unlike the three pH plateaus
observed in column experiment C1. This is due to the presence of only one acidic ion
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i.e. total Fe or Al3+ in the influent of column C2 and C3, respectively. The first
neutral pH plateau was observed from Day 5 to Day 15 for column C2 and from Day
5 to Day 13 for column C3 after which the effluent pH suddenly decreased to ~ 2.8
and ~ pH 4 for columns C2 and C3, respectively, due to Fe(OH)3 and Al(OH)3
buffering respectively. After the depletion of Ca-bearing minerals in these columns,
the effluent pH decreased and the simulation result shows another pH plateau due to
the inclusion of only one of the reaction kinetics of Fe and Al minerals in the model.
In both simulations, the predicted pH value and its profile matched the experimental
results very well. This indicates that reaction kinetics of the secondary minerals
(ferrihydrite and gibbsite) and their rate expressions assumed in the conceptual
model are also valid for simulating acid neutralisation by recycled concrete under
different influent conditions.
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Figure 8.8: Simulated vs. experimental effluent pH for (a) column C2 (high total Fe
influent concentration) and, (b) column C3 (high Al3+ influent concentration)
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Suitability of the calibrated reaction kinetics and their rate constants under different
influent boundary conditions are also confirmed by comparing the simulated results
of alkalinity (Figure 8.9), total Fe (Figure 8.10) and Al3+ (Figure 8.11). Similar to
column C1, modelled alkalinity for columns C2 and C3 decreased in the beginning
with rapid depletion of hydroxyl alkalinity generated by portlandite followed by an
increase once buffering by anorthite and calcite started. The alkalinity increased
rapidly and reached a peak of 4.50 - 4.75 mM as CaCO3 and then decreased to zero
after depletion of the Ca-bearing minerals in the recycled concrete aggregates.
Unlike column C1, the peak value of alkalinity was higher than in column C1, but for
a short interval of time which might be due to rapid chemical reaction by large
amounts of acidic ions and low pH. The simulated alkalinity results of Column C2
also show a very good fit with the experimental data whereas in column C3,
alkalinity was slightly under predicted.
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Figure 8.9: Simulated vs. experimental effluent alkalinity for (a) column C2 and (b)
column C3
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The assumption involving the precipitation of ferrihydrite and gibbsite in the
simulation of the columns C2 and C3, respectively, are also illustrated by the zero
Al3+ effluent concentration in column C3 and zero total Fe effluent concentration in
column C2. The model successfully predicted the amount of total Fe and Al3+
removed as precipitated ferrihydrite and gibbsite until the end of calcite buffering
(Day 20 and Day 17.5 in columns C2 and C3, respectively). Compared to the
experimental results, the duration of near-neutral pH and alkalinity generation during
the period of buffering by Ca-bearing minerals was slightly over predicted (~ 2 days)
by the model for column C2. As a result, total Fe was observed in the simulation two
days after the day it was first observed in the column experiment. Similar to column
C1, the model predicts the increase in total Fe in column C2. In the simulation of
column C3, although the model predicts the pH, alkalinity and removal of Al3+, it
slightly over estimates the Al3+ concentration during the early phase of gibbsite
buffering, which is quite similar to the over-prediction of Al3+ in column C1.
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Figure 8.10: Simulated vs. Experimental effluent (a) total Fe in Column C2 (b) Al3+
in column C3
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The simulated results for these column experiments confirm that the three different
pH plateaus can be attributed to three distinct pH-buffering reactions: (1) the
dissolution of carbonate/bicarbonate alkalinity at near-neutral pH, (2) re-dissolution
of gibbsite (aluminium hydroxide) precipitates at ~ pH 4, and (3) the re-dissolution
of ferrihydrite (ferric oxyhydroxides) minerals at a pH < 3. Furthermore, above
mentioned reaction kinetics and the effective rate constants for primary (portlandite,
anorthite and calcites) and secondary minerals (gibbsite and ferrihydrite) can be used
to model the reactions between recycled concrete and acidic influents with different
ion concentrations and flow rates.

8.8.3

Model Validation: Application to Field PRB

The field PRB was designed to treat the ambient acidic groundwater in ASS terrain,
which is contaminated with dissolved Fe and Al. The barrier is comprised of gravelsized recycled concrete and remediates the ground water by the dissolution of Cabearing minerals from the recycled concrete and subsequent precipitation of Fe and
Al in oxy-hydroxide forms. Several observation wells facilitated a detailed
description of the hydrogeology of the aquifer and the geochemical conditions upgradient, within and down-gradient of the PRB along three transects. See Chapter 7
for details of these sampling points. Only limited data (sourced using QXRD and
XRF) regarding the mineralogical composition of the recycled concrete used in PRB
were available when conducting the simulations. See Chapter 6 for details of
mineralogical analysis.
In order to validate the model parameters, the calibrated reaction kinetics used in the
simulation of columns C1-C3 was applied to the field PRB under varying conditions
where the groundwater flow was governed by the pressure head along the flow
direction (fixed head). The conceptual model for this purpose was a continuous
trench PRB, containing recycled concrete aggregates, that was placed in a
homogeneous shallow aquifer. The conceptual model of the field PRB was divided
into three zones: Zone 1 (up-gradient aquifer), Zone 2 (within the PRB) and Zone 3
(down-gradient of the PRB) (Figure 8.11a). Zone 1 is called the “contaminated zone”
as this zone contains acidic water enriched with dissolved Al3+ and total Fe from
pyrite oxidation of ASS. The contaminated groundwater in this zone was assumed to
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have been in contact with the aquifer material for a considerable amount of time and
that the dissolved species in the groundwater were in equilibrium with the aquifer
material or that reactions were kinetically-controlled. Dissolved species were
assumed to be transported through this zone by advective and dispersive transport.
Zone 2 is termed the “treatment zone”. The PRB (17.2 m × 1.2 m × 3 m) is located
near the drain and oriented perpendicular to the primary direction of groundwater
flow (refer to Chapter 7 for further details). In this zone, contaminants are
transformed by reduction reactions and immobilised by subsequent precipitation. A
number of secondary reactions occur simultaneously in this zone. The alkaline pH
promotes the precipitation of a number of secondary minerals throughout the
treatment zone. These reactions consume alkalinity and act to buffer further increases
in groundwater pH. The groundwater leaving this treatment zone is characterised by
low concentrations of dissolved total Fe and Al3+ and exhibits near-neutral pH (7.97.3 pH).
In Zone 3, the groundwater pH is decreased and the dissolved total Fe and Al3+ are
increased compared to in Zone 2. Such an increase in contaminants down-gradient of
the PRB indicates that reactions within the aquifer material (e.g. pyrite) are
generating acidic groundwater and diluting the alkaline pH exiting the PRB. Detailed
analysis of the mixing effect of acid due to ongoing pyrite oxidation down-gradient
of the PRB is not within the scope of this study. Therefore, numerical modelling of
the PRB did not incorporate the mixing effect of ongoing acid production in the
down-gradient zone. Thus, the conceptual model is only applicable for the zones
located up-gradient and within the PRB where the data from up-gradient is used as
input parameter and simulation results inside the PRB is used for validation of the
model.

Solution domain
One-dimensional reactive transport analysis was conducted considering a section
passing through the centre line of the PRB. The discretised solution domain is shown
in Figure 8.11b. A discretisation interval of 0.1 m in the horizontal direction was
used up-gradient and down-gradient of the PRB. The discretisation was refined to
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0.05 m in the direct vicinity of the PRB (i.e. immediately up-gradient, within and
immediately down-gradient of the PRB) to facilitate a more accurate representation
of rapid geochemical changes within the PRB. This discretisation led to 12 grid
points at 0.1 m spacing up-gradient of the PRB followed by 32 grid points at 0.05 m
spacing covering the PRB and 12 grid points at 0.1 m spacing down-gradient of the
PRB for a total conceptual length of 4 m along the centre line of the PRB.

(a)

Groundwater Flow Direction in 1-D

Upgradient Zone

Treatment Zone (PRB)

Downgradient Zone

1.4 m

1.2 m

1.4 m

(b)

1.2 m

1.6 m

1.2 m

Figure 8.11: (a) Layout of three zones used in the conceptual model (b) Onedimensional discretisation of the solution domain passing through the centreline of
the PRB at study site

Physical parameters and hydraulic conductivity
Field measurements indicated that hydraulic gradient at the field site varied from
0.001 to 0.01 with an average of 0.006 during four years of sampling (October 2006
to October 2010). For this study, the flow system was modelled as a fully saturated
system with first type/specified head (Dirichlet condition) boundaries (i.e. fixed head
at the up-gradient and down-gradient boundaries) with a hydraulic gradient of 0.006
to represent average flow conditions in the field. Hydraulic conductivity of the
aquifer was assigned as 3.7 × 10-5 m/s, while hydraulic conductivity of 1.0 × 10-1
m/s, was assigned to the PRB (Indraratna et al., 2010). Pore water velocity was
estimated based on the hydraulic gradient along the flow direction and hydraulic
conductivity. Although there was seasonal variation of field temperatures from 16oC
to 25oC, the temperature was set constant at 25 oC. A longitudinal dispersivity of
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0.12 m was applied, which is consistent with the system scale (0.1 times the length of
the media) (Gelhar et al., 1992). Transverse and vertical dispersion and diffusion
were assumed to be negligible.
Boundary and initial concentration conditions
The boundary and the initial conditions for the model were based on water quality
data collected during a six-month sampling period before the installation of the PRB.
Geochemical data such as pH, ORP, major cations, major anions, total Fe, Al3+, upgradient of the field PRB (See Chapter 7 for details) was used to define the boundary
and initial conditions in the solution domain. The chemical composition of
groundwater samples taken from monitoring wells up-gradient of the PRB were
analysed on a temporal variable scale and the average groundwater composition were
used to describe the source (initial and boundary) concentration up-gradient of the
PRB (Table 8.8). Groundwater composition up-gradient to PRB (Table 8.8) was
assumed to be in equilibrium under acidic condition with no further chemical
reactions with the minerals present in the ASSs before entering the PRB. Therefore,
sudden precipitation or dissolution of minerals due to specified chemical
composition was not considered, thus preventing unrealistic transient behaviour.
Table 8.8: Initial and boundary conditions (concentrations) of the model
Parameter

Up-gradient boundary condition

Initial conditions

pH

3.6

3.6

Na+ (mg/L)

435

435

K+ (mg/L)

48

48

Ca2+ (mg/L)

115

115

Mg2+ (mg/L)

90

90

Al (mg/L)

40

40

Total Fe (mg/L)

92

92

Cl- (mg/L)

825

825

SO42- (mg/L)

1135

1135

3+
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Specified mass flux (Cauchy/third type) with this influent concentration was
considered as an up-gradient boundary condition for the PRB. The initial condition in
the solution domain affects the early simulation results. Therefore, the average value
of the chemical composition of the water taken from observation wells up-gradient of
the PRB, which were used as a boundary condition of the up-gradient zone, were
also considered to describe the initial condition of the PRB and down-gradient of the
aquifer. A free exit boundary (Neumann/secondary type) condition was used for
modelling the concentration of different ions exiting the PRB.

Aqueous components and rate constants
In general, reaction rates for the simulation of the field PRB were determined by
laboratory experiments using either groundwater from the field site or synthetic
groundwater. The calibrated rate constants from column C1 were used for the
simulation of the field PRB but with different boundary conditions. The bulk of the
aquifer material was assumed to be non-reactive. All the primary and secondary
minerals, aqueous components and species considered in this study were same as
those used in the simulation of column experiments.

Comparisons to field observations
The simulation presented in this section is based on a simplified one-dimensional
flow field. The effect of complex flow conditions for the site could not be captured
using this one-dimensional approach. Field observations made 20 months following
PRB installation (July 2008) were quantitatively compared to the model results to
evaluate how accurate the conceptual model represented the field observations.
Favourable comparisons were obtained for pH, alkalinity, total Fe and Al3+
concentrations (Figure 8.12).
The pH of the groundwater up-gradient of the PRB varied between 3.3 and 4.3 with
an average of 3.7, whereas inside the PRB the pH was higher and varied from 6.23 to
7.75 (average 7.3) at different observation wells (Figure 8.12a). The up-gradient pH
used for the simulation was 3.6, which is similar to the observed data recorded in
July 2008. The modelled pH matches the observed sharp increase in pH at the near238

neutral plateau inside the field PRB. However, the model slightly under predicts the
observed pH plateau, similar to the simulated column experiments. One possible
reason for this under-prediction is the set of assumptions used to simplify the model.
The groundwater in the ASS contained both Fe2+ and Fe3+ ions and total Fe measured
in the sample was not distinguished into Fe2+ and Fe3+ assuming that the majority
was Fe3+ under such acidic conditions. Simulating these highly acidic conditions by
using total Fe only might have resulted in under-prediction of the pH compared to
the pH observed in the field PRB.
Furthermore, since developing a model that accurately simulates all geochemical
processes occurring was outside the scope of this study, the conceptual model of the
PRB was simplified by considering only the important Ca-bearing minerals within
the recycled concrete aggregates. Although other Ca-bearing minerals such as
ettringite (4.8% wt. fraction) were observed in QXRD analysis, they were not
considered in this simulation. Such minerals contribute to an increase in pH to some
extent due to slow dissolution of these minerals and buffering of the acidic water. For
example, under natural conditions, the dissolution of ettringite with deionised water
can increase the pH of the deionised water to 9 (Ãlvarez-Ayuso and Nugteren, 2005).
Despite the presence of a large number of heterogeneous minerals present in the
concrete, the simulated neutral pH of 6.82 agrees well with the observed range (6.23
to 7.75).
The assumed mineral dissolution reactions are active within the PRB until complete
depletion of the Ca-bearing minerals within the recycled concrete aggregates.
Release of alkalinity by the dissolution of Ca-bearing minerals and precipitation of
total Fe and Al3+ are the principal mechanisms for increasing groundwater pH under
varying field conditions. Alkalinity increases as the calcium hydroxide, carbonates
and anorthite begin dissolving from the recycled concrete aggregates inside the PRB.
Observed alkalinity varied between 165 and 285 mg/L as CaCO3 (average- 235 mg/L
as CaCO3), whereas the simulated results (Figure 8.12b) show an increase in
alkalinity, starting from 131 mg/L as CaCO3 at the up-gradient boundary, reaching a
peak of 262 mg/L as CaCO3 inside the PRB. The alkalinity remained constant at 216
mg/L as CaCO3 towards the end of the PRB (average 233 mg/L as CaCO3). This
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result shows a close correlation between the simulated and observed alkalinity data
based on the assumptions and the calibrated rate constants.
Field monitoring and column experiments show that the concentration of total Fe and
Al3+ rapidly diminished within the PRB. Na+, Cl-, Mg2+, K+ and SO42- appear to be
transported through the PRB with negligible transformation. Simulated total Fe and
Al3+ decreased to almost zero inside the PRB (Figure 8.12c &d), while the observed
concentration did not exceed 3 mg/L. Thus, the model results are in agreement with
the field data. The decrease in these cations indicates that secondary minerals
precipitate inside the PRB, as discussed previously in Section 8.8.1.
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Figure 8.12: Simulated vs. Field results for (a) pH, (b) Alkalinity, (c) Total Fe and
(d) Al3+ concentration (field results from July 2008)
Overall, the simulated results for pH, alkalinity and total Fe and Al3+ agree with the
field PRB data, except for down-gradient of the PRB. In contrast, pH and alkalinity
decreased down-gradient of the field PRB and the concentration of total Fe and Al3+
increased (See Chapter 7). Since, modelling of the mixing of acidic groundwater due
to ongoing pyrite oxidation is not within the scope of this study and the fact that the
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model assumes a free exit boundary for the transport of aqueous species from the
PRB towards the down-gradient, the modelling results down-gradient of the PRB are
similar to those inside the PRB. Thus, the modelling results with conceptual model
assumptions and calibrated rate coefficients accurately reproduced the observed
changes within the PRB.

8.9

Summary

Reactive transport modelling was used to integrate a comprehensive data set
composed of pore water and solid phase data from column experiments and the field
PRB. A conceptual model was developed based on the laboratory column
experiments in order to study the acid neutralisation behaviour of the recycled
concrete aggregates utilised in the PRB. Reactive transport simulations involving a
large number of components, dissolved species in the contaminated groundwater
from ASS and dissolution-precipitation reactions of primary and secondary minerals
were implemented in MIN3P. Model calibration was constrained by the reaction
stoichiometries of the individual reactions and the interconnectivity between these
reactions. However, good agreement between the simulated pH, alkalinity and total
Fe and Al3+ removal in the column experiments and field PRB suggests that the
existing conceptual model utilising three major Ca-bearing minerals (portlandite,
anorthite and calcite) as primary minerals and two other minerals (gibbsite and
ferrihydrite) as secondary minerals for precipitation of Al and Fe is a valid
representation of the processes occurring in the field PRB, provided there is
sufficient information about the groundwater system and mineralogical system of the
reactive media. The agreement between the simulated and observed concentrations
and the consistency of the amount of minerals used in the simulations with those
observed in mineralogical analyses is encouraging. Furthermore, extended
calibration of the reaction kinetics for two column experiments with different
influent and flow conditions and for the field PRB confirm the suitability of the
calibrated reaction kinetics and their rate constants of selected primary (portlandite,
anorthite and calcites) and secondary minerals (gibbsite and ferrihydrite). The ability
to make the comparisons of geochemically complex transport scenarios within the
column experiments and field PRB is an important benefit of this numerical model,
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confirming that it can be used as an analysis tool for the investigation of PRBs in
ASS terrain.
However, there are some discrepancies between the modelling, experimental and
field results. One of the reasons for these discrepancies might be due to limitations of
the model itself. Although the model incorporates all of the controlling physical and
chemical processes assumed in the conceptual model and provides good agreement
with the experimental and field results, the secondary processes not included in the
model may also be significant. In addition, the database including the equilibrium
and solubility constants that the model relies on may not be applicable to conditions
prevailing at the field site. For example, the model uses thermodynamic data for pore
mineral phase minerals, thus the presence of solid-solution minerals with differing
solubilities will also affect the mobility of some of the dissolved constituents.
Another limitation of this model is the temporal and spatial scarcity of the available
data including the very limited information about the mineralogical composition of
the heterogeneous batch of 40-50 years old recycled concrete used in the column
experiments and PRB. Minor variations in the estimates of the mass, composition
and distribution of trace minerals present in such different batches of concrete will
affect the predictability of the potential acid neutralisation periods. Furthermore, the
model is made simple by considering only three primary minerals (portlandite,
anorthite and calcite) from recycled concrete and two secondary minerals (gibbsite
and ferrihydrite) and neglecting the remaining Ca- bearing minerals present in the
concrete and possibility of precipitation of other Al- and Fe- bearing minerals such as
boehmite, goethite and others. The assumptions of the primary and secondary phase
minerals determine the outcome of the simulation. Although the exclusion of all
other possible minerals might cause the small discrepancies between the model and
experimental results, inclusion of all such minerals would make the model very
complex, leading to difficulties in interpretation of the results. Nevertheless, the good
fit of the model with the experiment results confirm that the model can be used as a
tool for evaluating the acid neutralisation behaviour of the recycled concrete and to
study the performance of the field PRB in ASS terrain.
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Chapter 9 Conclusions and Recommendations
9.1

Introduction

This chapter summarises the major findings of the research presented in this thesis
and its practical implications, followed by recommendations for future research.
Prior to this study, there was limited research carried out on the remediation of
contaminated groundwater in ASS using PRBs although they have been widely
utilised for the remediation of different types of contaminants worldwide. This study
was undertaken to introduce a PRB, a novel approach for the remediation of
contaminated groundwater from ASS terrain. The application of recycled concrete as
the reactive material, and the effectiveness of the technology for groundwater
remediation in ASS terrain were examined and validated by this research project,
which included:
•

Analysing the baseline soil and groundwater quality from the pilot-scale PRB
study site adjacent to a flood mitigation drain near Bomaderry on the
southeastern coast of NSW.

•

Evaluating recycled concrete as a potential reactive media for the remediation
of acidic groundwater from ASS terrain with a detailed investigation of its
acid neutralisation behaviour and potential to remove dissolved Al and Fe via
long-term laboratory column tests under dynamic flow conditions.

•

Investigating the impact of chemical armouring and physical clogging on the
longevity of recycled concrete by long-term laboratory column tests under
dynamic flow conditions.

•

Investigating the effect of chemical armouring on the efficiency of the
recycled concrete through characterisation and assessment of the recycled
concrete aggregates and precipitates via mineralogical and morphological
analysis.

•

Continuous monitoring and assessment of the performance of the PRB for a
period 4.5 years after installation.

•

Development of a simple one-dimensional multi-component reactive
transport model in order to analyse, quantify and discern the acid
neutralisation reactions occurring between recycled concrete and acidic
groundwater from ASS terrain.
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Baseline monitoring over a year and half year period prior to installation of the pilotscale PRB showed a strongly acidic environment prevailing at the study site. The soil
chemical properties such as high TAA combined with low pH and low Cl-:SO42- ratio
towards the AASS layer indicate acid production from pyritic oxidation.
Furthermore, the low Cl-:SO42- ratio along with acidic pH and abundant TAA
observed in the PASS layer, similar to AASS confirms that un-oxidised pyrite in the
study site is also vulnerable to oxidation depending on the fluctuation in the
groundwater table. High amounts of chromium reducible sulphur concentrations
(SCR) observed in the PASS layer exceeding NSW Environmental Protection
Authority criteria (Stone et al., 1998) indicate that most of the sulphur is in a reduced
form in the PASS layer and has a high potential for future acid production. In
addition to the acidic soil, groundwater at the study site was consistently acidic and
in excess of several ANZECC (2000) criteria for dissolved Al3+ and total Fe. This
demonstrates the need for appropriate, cost-effective and long-term remediation
technology (i.e. PRB) in ASS terrain to protect the surface and groundwater
environment in and adjacent to the study site.
Long-term column experiments were carried out in the laboratory using both
synthetic and real groundwater from study site to confirm the suitability of the
reactive material in decontaminating acidic leachate loaded with high concentrations
of acidic cations such as Al3+ and total Fe. The results of the laboratory column
experiments are similar and consistent with the proposed conceptual acid
neutralisation reactions i.e. the pH of the effluent ground water is controlled by a
series of dissolution-precipitation reactions, namely Ca-bearing minerals (portlandite,
anorthite, and calcite) and Al and Fe hydroxides. Each of these reactions maintains
the pH of the effluent at a nearly constant value as long as the primary mineral is
present. Three different pH plateaus observed during the column experiments can be
attributed to three distinct pH-buffering reactions:
•

Dissolution of carbonate/bicarbonate alkalinity from the concrete at nearneutral pH and precipitation of dissolved Al and Fe as hydroxides,

•

Re-dissolution of Al hydroxide precipitates at pH ~4, and

•

Re-dissolution of ferric oxyhydroxides precipitates at pH < 3.
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The results confirmed that recycled concrete could effectively treat acidic
groundwater from ASS terrain, resulting in near-neutral effluent pH over a long
period with complete removal of Al3+ and total Fe.
Decreases in the reactivity and hydraulic properties of the reactive material are the
most important factors in governing the longevity of the reactive materials and was
studied thoroughly in this research. Chemical armouring of the reactive material by
the precipitates decreased the ANC of the recycled concrete by up to 50% compared
to its theoretical ANC. Furthermore, high concentrations of Al3+ and total Fe caused
a rapid decrease in ANC efficiency due to accelerated armouring. The results
reported in this thesis also show that the ANC and reactive efficiency of recycled
concrete are dependent on not only the initial pH but also the concentration of Al3+
and total Fe in the acidic groundwater.
There was also a decrease in hydraulic conductivity of the recycled concrete by one
order of magnitude due to the formation of the precipitation front in the pore spaces
parallel with the flow. The porosity and hydraulic conductivity of the reactive media
were significantly higher than that of the native soils at the study site due to the
application of larger size concrete aggregates in the column experiments. Therefore,
the accumulation of precipitates in the pore spaces even under high influent
concentrations of dissolved Al3+ and total Fe would not pose any threat of PRB
failure by clogging although it reduced the neutralisation efficiency significantly by
chemical armouring.
Mineralogical and morphological techniques (e.g. 3D µCT, XRF, XRD, SEM-EDS
and FTIR) were used to characterise the recycled concrete used in the column
experiments and the precipitates formed inside the column. Characterisation and
assessment of the recycled concrete and precipitates confirmed that:
•

The

neutralisation

mechanism

is

controlled

by

the

release

of

carbonate/bicarbonate alkalinity from Ca-bearing minerals present in the
concrete;
•

The neutralisation reactions are caused by the precipitation of Al- and Feoxide, oxyhydroxide and hydroxide minerals; and
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•

Fe-bearing precipitates (e.g. goethite) were formed first on the surface of the
concrete fragments followed by Al-bearing precipitates (e.g. gibbsite,
boehmite).

Elevated levels of Al2O3 and Fe2O3 observed in the armoured concrete compared to
that of the virgin concrete confirmed the armouring of the reactive surface area of the
concrete by the precipitates. The presence of a significant amount of alkalinitygenerating CaO in the armoured concrete after the failure of the reactive material to
further neutralise acidity validates that the neutralisation efficiency was significantly
reduced by chemical armouring. 3D representation of the armoured concrete grains
in the µCT images shows that Fe-bearing precipitates are dense, concentrated along
the surface of the concrete fragments whereas the Al-bearing minerals were of low
density, and scattered spatially coating the edges of the concrete and abundant in the
fine powders surrounding the concrete grains. Thus, 3D image analysis proved a
useful tool for the examination of the porous architecture and performance of PRB
reactive materials in a novel yet quantifiable manner.
Although long-term column experiments along with image analyses evaluated the
predominant neutralisation mechanisms occurring within the PRB, monitoring of its
long-term performance under variable environmental conditions is of paramount
importance. Field monitoring data over 4.5 years indicates that the recycled concrete
has effectively maintained near-neutral pH and removed Al3+ and total Fe in a
manner similar to the column experiments. These findings confirm that the
groundwater chemistry inside the PRB is primarily controlled by the alkalinity
generated by the dissolution of Ca-bearing alkaline minerals in the concrete and the
precipitation of insoluble Al- and Fe-hydroxides and oxy-hydroxides, supporting the
column experiment results. The capacity of the PRB to continue to remove Al3+ and
total Fe depends on the following factors:
•

variation of the acidity of the groundwater due to pyrite oxidation;

•

long-term generation of alkalinity by the minerals present in the recycled
concrete; and

•

reduction of the reactive surface area by chemical armouring due to the
precipitated minerals
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Despite the excellent performance of the recycled concrete inside the PRB,
groundwater chemistry down-gradient of the PRB could only be improved
marginally, which might be due to: (i) dilution of the effluent from the PRB and (ii)
occasional mixing of acid generated in the soil by pyrite oxidation.
Overall, the PRB has performed well but slight decreases in the pH and Fe and Al
removal efficiencies towards the entrance of the PRB indicate that some chemical
armouring of the surface of the reactive media has occurred and affected the
reactivity of the recycled concrete in that zone. Continuous precipitation within the
PRB may, over time, decrease the surface area of the reactive material available for
neutralising acidity, thus decreasing the longevity of the PRB. It is, therefore, most
likely that armouring may be the limiting factor for the performance of the PRB
similar to that shown in the column experiments and that longevity of the PRB is
uncertain due to the issue of pacification of the reactive media and long-term
armouring. In contrast, chemical and physical clogging has negligible effects on the
groundwater flow characteristics of the PRB as reflected by a steady piezometric
head within the PRB throughout the monitoring period. The findings from the first
pilot-scale PRB confirms that recycled concrete is a suitable environmentally
friendly and cost-effective alternative to other conventionally utilised techniques
(e.g. watertable manipulation, lime neutralisation) for the spot treatment of acidic
groundwater in ASS terrain.
Multi-component reactive transport modelling was undertaken using the code
MIN3P (Mayer, 1999) in order to analyse, quantify and discern the acid
neutralisation reactions occurring between recycled concrete and acidic groundwater
from ASS terrain. As a preliminary stage of numerical modelling in contaminated
groundwater from ASS terrain, one-dimensional, simple reactive transport modelling
was carried out based on data from a laboratory column experiment and
mineralogical analysis of the recycled concrete to describe the geochemical evolution
of groundwater along a flow path. Model results were validated using the data from
the pilot-scale PRB along a transect passing through the centre line of the PRB after
extended calibration of the reaction parameters with results from three different
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column experiments. Changes in the geochemical composition of the contaminated
groundwater inside the column and within the PRB show good agreement between
the simulated pH, alkalinity and Al3+ and total Fe removal.
The findings from this study suggest that the development of a simple 1D reactive
transport model utilising three major Ca-bearing minerals (portlandite, anorthite and
calcite) as primary minerals and two other minerals (gibbsite and ferrihydrite) as
secondary minerals for precipitation of Al and Fe is a valid representation of the
processes occurring in the pilot-scale PRB. The agreement between (a) simulated and
measured pH, (b) different ion concentrations and, (c) the consistency of the amount
of minerals used in the simulations with those observed in mineralogical analyses are
encouraging. The simulated results indicate that the modelling results are in good
agreement with the laboratory observations, when sufficient information about the
mineralogical components is available. The ability to make comparisons between the
geochemically complex transport scenarios within the column experiments and pilotscale PRB with extended calibration of the rate constants for the minerals used in the
simulation is an important benefit of this numerical model, confirming that it can be
used as an analysis tool for the performance investigation of PRBs in ASS terrain.

9.2

Limitations and Recommendations for Future Management Strategies

This research has shown the effectiveness of a PRB in remediating contaminated
groundwater from ASS affected areas and decreasing the environmental effects on
the estuarine environment and, hence, the results obtained from this research can be
used for further study in the management of ASS. However, the investigations
carried out in this research has revealed several scopes for major advancements in
understanding the complex geo-chemistry between contaminated groundwater in
ASS, and reactive media remediation and in developing numerical models of reactive
transport that need to be studied in more detail.
Field investigations carried out over the 4.5 years monitoring shows that although
acidic groundwater is neutralised and acidic cations (Al3+ and total Fe) were removed
significantly by the PRB, acidic conditions (i.e. decrease in pH and increase in
acidic ions) prevail with distance down-gradient from the PRB. This is likely due to
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the active and ongoing oxidation of pyrite in the soil, generating fresh acid, and the
liberation of these metals from the clay minerals in the soil and mixing with treated
groundwater. The application of subsurface drain to transfer the treated groundwater
from within the reactive barrier directly to the down-gradient drain might be
beneficial if there is little or no pyrite oxidation in the down-gradient and a largescale single PRB is applied near the drain within the study area. The lessons learned
from this study is that PRB technology cannot prevent further pyrite oxidation in the
soil, although, it can improve the down-gradient water quality to some extent. Thus,
this study revealed that such small-sized PRBs would function more effectively for
large areas of ASS terrain if they were constructed in series before discharging the
effluent into the surface water. A funnel-and-gate design could be used to decrease
the risk of mixing with untreated groundwater. Provision of high permeability zones
towards the gate of such a barrier will assist in capturing the groundwater flow and
distributing it uniformly through the barrier. Hence, the application of a series of
such PRBs can be a potential solution for ASS management that needs to be
investigated.
The findings from the laboratory column experiments including mineralogical and
morphological analysis also confirm that chemical armouring by the precipitated Al
and Fe minerals could decrease the ANC of the recycled concrete by up to 50%
compared to its theoretical ANC and, thus, decrease the longevity of the recycled
concrete significantly. The longevity of the PRB and down-gradient water quality
could be improved significantly if an alkaline effluent (preferably alkaline waste
effluent for cost-effective management) is intermittently injected into the PRB.
Further investigation is needed in the laboratory to quantify the change in porosity
and hydraulic conductivity in order to confirm that application of such alkaline
effluent will not prematurely shorten the life span of the PRB due to chemical
clogging.
Despite the fact that chemical armouring is having a negligible effect on permeability
of the PRB, as indicated by steady piezometric head within the PRB, it is imperative
to understand the chemical behaviour of the reactive medium and model potential
armouring/clogging effects in order to assess PRB efficiency and longevity. In the
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long term, there might be the possibility of changing the groundwater flow pattern
from steady Darcian flow to unsteady Darcian flow or non-Darcian flow if there is
excessive precipitation inside the PRB. Hence, quantitative analysis of porosity
reduction per unit volume is important in simulating the reactive transport processes
inside the PRB.
As a preliminary step in developing a numerical model for PRBs in ASS terrain, this
study involved developing a simple 1D numerical model, which can be used as a tool
for evaluating the acid neutralisation behaviour of the recycled concrete and to study
the performance of the pilot-scale PRB in ASS terrain. However, this 1D model
cannot capture the lateral groundwater flow and, hence, does not consider the side
boundary effects and cross flow. The development of a 3D reactive transport model
is recommended to quantitatively evaluate changes in flow behaviour (Darcian/nonDarcian) due to armouring/clogging as a step to develop a time-dependent porous
medium flow model combining particle retention and groundwater flow with
chemical precipitation. Further advancement in geochemical modelling coupled with
hydraulics of flow is recommended in such 3D model to determine the timedependent clogging and associated changes in reaction kinetics in order to predict the
longevity of a PRB given the initial (chemical) conditions and mass-volume
parameters of the PRB. The numerical model would be used to determine the
decrease in void space within the PRB per unit volume and analysis of the
interrelated effects of acidic flow-induced clogging, PRB effectiveness and
longevity. The data presented in this thesis, including the column experiments and
extensive field data will assist in the initialisation process for the development of a
3D model.
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APPENDIX A: Governing Equations and
Solution Techniques in MIN3P
A.1

Spatial and Temporal Discretisation

Spatial and temporal discretisation of the governing equation for variable saturated
flow (Eqn. 8.8) using finite volume technique can be written as:
b.e
i,:


8jkl 58j

0,  = 1, (r

m

+ ∅
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,8 5 ,8
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b.e
n 9: − ∑E∈qκ ,:E o:E ℎEb.e − ℎ:b.e  − ,:
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(A.1)

where, the subscript  defines the kth control volume; sκ defines the number of
adjacent control volumes, which can vary from 1 to 6 (1 for boundary control volume
for one-dimensional discretisation and 6 for internal control volume assuming block
in case of three-dimensional discretisation). The subscript l defines the adjacent
control volume; Δu is the time increment; N+1 is the new time level; and N is the

previous time level. Vk is the volume of kth control volume. (r is the number of

control volumes in the solution domain; ,:E is the representative relative
permeability used for flux calculations between control volumes k and l.
MIN3P has the option to use centred spatial weighting as well as upstream
weighting. Upstream weighting was selected for this study as it increases the
accuracy of the model solution and Forsyth et al. (1998) showed that the use of
upstream weighting for the relative permeability term does not lead to an appreciable
loss of accuracy for variable-saturated flow problems, as is the case in this current
study. The influence coefficients o:E in Eqn. A.2 can be calculated according to:
v

o:E = M8A w:E

(A.2)

8A

where, Akl is the interfacial area between control volumes k and l; and dkl is the
distance between the centroid of the control volumes.
All material properties are defined on a control volume basis. It is necessary to define
averaged hydraulic conductivities and relative permeabilities for the calculation of
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interfacial fluxes. Representative hydraulic conductivity (Kkl) used for the flux
calculation between control volumes k and l is calculated based on the distanceweighted harmonic mean and is defined as:
w:E = W

,WB,8 WB,A M8A

(A.3)

B,8 MB,A .WB,A MB,8

where, Ki,k and Ki,l are the hydraulic conductivities of the control volumes k and l,
respectively, perpendicular to the interfacial area Akl. The subscript i defines the
spatial coordinates x, y and z. di,k and di,l define the spatial extent of the two adjacent
control volumes perpendicular to the interfacial area Akl.
The global mass conservation equation (Eqn. 8.10) for the components _x& are
discretised in space using the finite volume technique (upstream weighting) and by
applying fully implicit time weighting (Mayer, 1999; Mayer et al., 2002):
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where, qa,k,l is the aqueous phase flux between control volumes k and l accounting for
the interfacial area between the adjacent cells; γda,kl is the influence coefficient for
dispersive flux in the aqueous phase; and Ta,N+1j,kl is the total aqueous component
concentrations used for the advective flux calculations across the interface between
the control volumes k and l, which are determined by upstream or centred weighting,
or a by a flux limiter scheme (Unger et al., 1996; Mayer, 1999).
The interfacial flux (qa,k,l) can be directly obtained from the solution of the flow
equation as :
,:E = ,:E o:E ℎEb.e − ℎ:b.e 

(A.5)

The influence coefficient o}{,| for the dispersive flux terms in Eqn. 8.19 can be
calculated in a similar manner as the influence coefficients for the flow solution and
are defined by:
v

M
b.e
o,:E
= M8A ,:E
~:E ,:E

(A.6)

8A

where, Da,kl is the effective dispersion coefficient in the aqueous phase between
control volumes k and l.
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The computation of the dispersion coefficient is based on the implementation by
Forsyth et al. (1998). Sa,kl and ϕkl are the harmonic average aqueous phase saturation
and porosity between control volumes k and l and are defined as:
,:E =
~:E =

,8

,A *y8 .yA +

,8 yA .

(A.7)

,A y8

8 A *y8 .yA +

(A.8)
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Generally, it can be assumed that mineral parameters change slowly compared to
changes in aqueous concentrations (Lichtner, 1985; Lichtner, 1996). Therefore, the
volume fractions of the minerals are updated after completion of a time-step by
discretising Eqn. 8.11 explicitly in time and solving for the volume fractions at the
new time level (Steefel and Lasaga, 1994):
?!b.e = ?!b + 9!; <!;,b.e Δu

(A.9)

This approach reduces the number of primary unknowns per control volume by Nm.
Because the computed rates do not implicitly depend on the mineral parameters,
special provisions have to be made to ensure mass conservation when using this
approach. In MIN3P, the reaction rates are adjusted such that mineral concentrations
cannot become negative if a mineral phase dissolves entirely from a particular cell.
Based on the changes in mineral volume fraction at each time interval, the porosity
and hydraulic conductivity at new time N+1 are updated accordingly:
( (+1
~(+1 = ~( − ∑=1
? − ?(


(A.10)

where, Nm is the number of minerals.
Similarly, hydraulic conductivity is updated based on a normalised version of the
Carman-Kozeny relationship in the form of:
~3

w(+1 = i*1+~+2n

A.2
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Solution Method

As discussed in Section A.1, the numerical solution of the saturated flow and the
reactive transport problem are based on the fluxes and phase saturation obtained
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from the flow solution. A GIM (Steefel and Lasaga, 1994) based on the DSA (Yeh
and Tripathi, 1989) is employed and the highly non-linear set of equations for flow
and reactive transport (Eqn. A.4) are linearised using the Newton–Raphson method
in MIN3P. The resulting model formulation in MIN3P is similar to the developments
by Steefel and Lasaga (1994) and Lichtner (1996). In MIN3P, the Newtonlinearisation for the saturated flow problems has been implemented following the
standard techniques (Paniconi and Putti, 1994). Similarly, the system of non-linear
AEs for reactive transport (Eqn. A.4) are linearised using the Newton–Raphson
method:
\f@ ^
fB@

∆_!) = − _) 

where,

(A.12)

_)  is defined by Eqn. 8.10 and Δ_!) is the update for the primary

unknown _!) .

The concentrations at the new iteration level are obtained from:
_),b.e,.e = _),b.e, + ΔC,.e

(A.13)

where, the superscript I is introduced to define the old iteration level and I +1 defines
the new iteration level.
The standard Newton–Raphson method is modified in MIN3P for the solution of
reactive transport problems following Steefel and Lasaga (1994), because the
primary unknowns can vary over tens of orders of magnitude during the course of a
simulation resulting in Jacobian matrices that are often numerically singular (Holm,
1989). The system of equations has been solved only in terms of concentration
increments defined on a logarithmic scale (Steefel and Lasaga, 1994):
\f@ ^
  fB@

∆ ln _!) = − _) 

(A.14)

This modification greatly reduces the condition number of the Jacobian matrix
(Holm, 1989) and often leads to better convergence properties (Steefel and Lasaga,
1994). The concentrations at the new iteration level are obtained from:
| _),b.e,.e = | _),b.e, + Δln C

(A.15)

The solution for one time-step consists of a series of iterations and is considered
complete if all updates are smaller than a prescribed tolerance. This tolerance is also
expressed on a logarithmic scale to account for poor scaling properties:
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Δ ln _)
<

(A.16)

where, ε is the prescribed tolerance and ∆lnCcact is the actual maximum update in the
solution domain for all components defined by:
)
)
)
Δ ln _)
= {∇ ln _,:
, ∇ ln _)
,  = 1, ( , & = 1, ()

(A.17)

The set of algebraic relationships given by Eqn. 8.10 leads to a large Jacobian matrix.
Therefore, the final systems of matrix equations are solved in MIN3P using the
sparse iterative solver package WATSOLV developed by University of Waterloo
(Mayer, 1999).

A.3

Adaptive Time-Stepping and Update Modification Schemes

In order to obtain a reliable and robust solution for the linearised equations, adaptive
time-stepping has been applied. In the MIN3P formulation, the size of the time
increment is based on the change in aqueous concentrations (update-based) and/or
the number of Newton-Raphson iterations (iteration-based). The update-based and
iteration-based time increment adjustments can be used simultaneously or as standalone schemes. Despite these provisions, it is possible that convergence cannot be
achieved. In this case, the time-step is restarted with a reduced time increment. In
addition, it is also important to ensure that a non-convergent solution is not induced
during the early stages of the Newton–Raphson iteration loop, when quadratic
convergence behaviour is not yet encountered.
If intermediate updates assume unrealistic values, successful solution of the model
equations may be jeopardised. It is therefore necessary to constrain the updates
within specified limits in order to force the solution into the zone of quadratic
convergence (Leeming et al., 1998). The MIN3P code makes use of local update
corrections, which limits the concentration updates to a user specified number of log
cycles:
)
)
)
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Δ log _,:
= ∇ log _,:
, ∇ log _;
  = 1, ( & = 1, () , if ∇ log _,:
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(A.18)
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where, ∆logCc max is the user-specified maximum update. Leeming et al. (1998)
showed that more sophisticated techniques (e.g. line search methods) do not lead to a
significant improvement of the convergence behaviour compared to simple local
update modification schemes.
This time-stepping scheme does not limit the maximum time-step size based on a
Courant (CFL) constraint, because fully implicit time integration is used and a
Courant criterion does not have to be obeyed to warrant numerical stability (Unger et
al. 1996). The time-stepping scheme also does not include an error control as
provided by more sophisticated methods included in DAE solvers such as DASSL or
DASPK (Hindmarsh and Petzold, 1995). However, a maximum time increment can
be specified to control the accuracy of the solution. Further details on the solution
method, adaptive time-stepping and update modification schemes can be found in
Mayer, (1999) and Mayer and MacQuarrie, (2010).
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